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Abstract

Over decades anaerobic digestion (AD) has been successfully established as
technology to treat organic wastes. The perspective of turning organic wastes into
biogas, a source of renewable energy and profit, through a low-cost process, has
gained increased interest around this technology. The AD as biological process is
strongly dependent on the environmental conditions such as temperature, pH,
presence of inhibitors, and nutrients content, that, in particularly unfavourable
situations, can attribute to undesirable drop in performance and even for detrimental
failures. Therefore, several strategies such as feedstock pre-treatment and process
optimization have been developed to secure AD performance. However, these
approaches do not remove inhibitor from the process, which may result in
accumulation of the inhibitor and further destabilization of the AD system. From this
point of view, it is beneficial to develop methods that remove and/or reduce the mobility
and bioavailability the inhibitor within the digestion process. In this study, char derived
from lignocellulosic wastes was added to anaerobic digestion to elucidate their roles
on process performance and efficiency. The results of this analysis suggest that
changes of AD performance (i.e. biogas production and intermediates concentrations)
are strongly correlated to biochemical characteristics of char materials. Furthermore,
the impact of changes in inhibitor concentrations on the digester's performance was
observed, and found that inhibition tolerance of AD was improved by the presence of
selected char materials. However, contrary to the initial hypothesis based on previous
studies in related hydrochar application, the addition of RH hydrochar led to reduction
in biogas production but an enhanced methane content in biogas was observed.
Except from batch AD tests, a larger-scale AD system (semi-continuous stirring tank

reactor) was used to determine the possibility of biochar on enhancing digestate
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structure and reduce the sensitivities towards environmental factors such as pH and
other inhibitors. The further outcome from scale-up study revealed that biochar had
improved ammonium tolerance (1.59 mg NHs-N/kg) by recovering 12-16.4% biogas
production. This study also investigated effects of iron impregnated-thermal activation
on physiochemical properties of the resultant biochar. Effects of these modified
biochars on gas production and volatile fatty acids concentration was also measured
and significant changes was observed. Overall, char material had a positive effect on

AD system stability and promoted bio-methanation during the long run operations.
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Lay summary

The worldwide high energy demand is primarily rely on the production and
consumption of fossil fuels. However, high greenhouse gas emissions, severe air
pollution, insecure fossil-based energy crisis, and rapid growth of global transportation
fuel demand have raised significant concerns about the development of bioenergy.
According to the Intergovernmental Panel on Climate Change (IPCC) and
International Energy Agency (IEA) net-zero analysis, the global average of carbon
dioxide, methane, and nitrogen compounds rises sharply to a undesirable level (IPCC,
2021; Sun et al., 2021). To accomplish the goals of the United Nations Framework
Convention on Climate Change, the 26" Conference of the Parties (COP26), limiting
global warming to 1.5°C requires fundamental change in all economic and social
sectors. To fulfil these aims, numerous techniques have been proposed, one of which
is the employment of negative emission technology (NET), which is a process of
converting biomass to bioenergy. Despite the fact that the first generation of biofuels
were produced from edible food crops, the utilisation of lignocellulosic biomass and
organic wastes for biofuel generation is a potential proposal for reducing
environmental issues and minimising waste disposal. Meanwhile, the physiochemical
properties of resulting products from thermal conversion are strongly related to the
feedstock types, process parameters, and production methods. Therefore, the goal of
this project is to examine the impact of feedstock type and manufacturing processes
on the characteristics of biochars. Meanwhile, alternative bioenergy conversion
technique is anaerobic digestion, which uses microorganisms to convert organic
matter to biogas. Yet, anaerobic digestion encounters several challenges, such as low
biomass concentration, inhibitions, and system instability; hence, there is interest in

overcoming these obstacles and improving AD performance. As such a conclusion, in
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this thesis, various biowastes, including digestate from a wastewater treatment plant
and animal wastes, were employed to establish several reactors with the addition of
biochar. The ultimate aim was to make recommendations on feedstock and production
conditions in order to produce an appropriate additive for promoting methane
generation. Changes in digestate chemistry and biogas productivity were used to
evaluate AD performance in these tests. In this work, it was revealed that the
application of biochar in AD may considerably increase ammonium tolerance and
improve biogas productivity. The results also showed that activation by impregnation-
pyrolysis could improve the surface functionalities of biochar and successfully
generate iron oxides on its surface, enabling for a higher biogas generation rate during
the AD process. Overall, the findings of this study are very encouraging for the use of
biochar in the AD process; nevertheless, further research is needed to assess the

underlying biological mechanism of biochar for optimising microbial activity.
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Chapter structure

This thesis is comprised of eight chapters. The aims and hypothesis were investigated
throughout the five experimental chapters and three of them have been prepared in
journal article format. The details of each chapter are showing as follows: Chapter 1
provides a foreword of thesis and a background to energy demands and emerged
sustainable energy technologies. It also addresses aims, hypothesis and chapter
structure of the thesis. Literature on waste-to-energy techniques, challenges of
biological energy conversion, as well as biochar and its use in anaerobic digestion
were also reviewed in Chapter 1. It also details research gaps and areas for future
research. Chapter 2 provides detailed information on materials and the methodologies
used for all experiments and analyses in this project. Chapter 3 investigates the role
of surface functionality of standard biochar in the removal of ammonium. It also relates
the sorption capacity to the properties of standard biochar on pH titration. Chapter 4
determines the potential effects of biochar derived from different types of feedstocks
on co-digestion performance and system stability. In chapter 5 the characterization of
hydrochar and its application on sewage sludge digestion were investigated. Chapter
6 details the iron-doping modification and its role on AD system stability. Chapter 7
summaries the key findings of the thesis and acknowledges the limitations of the

research as well as provides suggestions on further studies.
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1. Introduction

1.1. Background

Currently, fossil-based energy resources, such as petroleum, coal, and natural gas,
are responsible for about three-quarters of the world’s primary energy consumption,
each corresponding to 33, 24, and 19%, respectively whereas renewable energy
sources (i.e., solar, wind, and biofuel) only contributed a mere 13% (Appels et al.,
2011; IEA, 2011). According to the International Energy Agency, the global energy
demand still largely relies on the use of fossil fuels, which is expected to account for
80% of the global energy demand by 2040 (IEA, 2017). In spite of their qualities, the
generation of heat and power by using fossil fuels is the main cause of anthropogenic
emission of greenhouse gases (GHG) at a large scale accounting for 25% of total
global GHG emissions (IPCC, 2014). Meanwhile, fossil fuels are unevenly distributed
and facing depletion challenge, for instance over 200 billion tonnes (Gt) of coal (both
hard and lignite) are remaining unburned in the United States and the Former Soviet
Union countries while developing countries such as China and India have a twenty-
five percentages points higher rate of coal utilization (McGlade & Ekins, 2015).
Consequently, it would increase the concerns about energy security and their
availability for the future generation. All the above-mentioned issues contributed to the
urge for new solutions that can reduce the environmental negative impacts of

conventional energy system, thus alternating a sustainable energy sector.

Renewable resources such as biomass, solar and wind would play a crucial role in
increasing sustainability by the reduction of the net emissions of carbon dioxide (CO.)
to the atmosphere and improving the economy of those regions challenged to fossil

fuels insecurity. Among them, biomass could be the most suitable candidate to serve
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as a low-cost feedstock for fuel production. However, increasing important moral and

ethical questions have arisen from the use of 15t generation biomass such as

sugarcanes, starch crops and vegetable oils for the engineering practice of fuel

production, due to competition with food demands and consumption. It is necessary

to develop sustainable biofuels without competing food supplies. Table 1-1 lists

various biofuel generations and their pros and cons.

Table 1-1. Selected pros and cons for each biofuel generations.

Generations

of Biofuels Tertiary

Primary Secondary

Biomass sources

Disadvantages

Edible Biomass:
Sugar Beet,
Sugarcane, Wheat,
Corn, potato wastes,
and sugar beets

Well implemented

Advantages around the world

In competition with

food market; Biomass
for the 15t generation
biofuels requires lots

of land to cultivate

Non-edible feedstocks sources
include wood, agricultural
residues, organic waste, food
waste and grass

Not come directly from food crops;
Less requirements of land; A
replacement for conventional
petroleum based fuels

Considerably high production
costs; Requirement of clear and
long-term policy frame work; Lack
of adequate harvesting, storage
and transport systems for process
and distribution biomass in large
scales

Algae

Ability to grow whole year
around; Less water
consumption rate; Higher
growth potential; The ability
to grow under harsh
conditions such as saline,
costal seawater

Additional dewatering and
other pre-treatment methods
required before extracting
lipid; High cultivation cost as
compared to conventional
crops; High energy input

Lignocellulosic biomass is the predominate renewable resource, which could be

commonly found in most natural ecosystem and agricultural/forestry related industries.

Due to its large abundance and availability, it has gained increased interests for
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substitution of fossil fuels (Perlack, 2005; Serrano-Ruiz et al., 2010). Table 1-2 lists
various types of lignocellulosic biomass with some examples. Lignocellulosic biomass
has three main constituents: cellulose, hemicellulose and lignin with varied amount of
other inorganic constituents and extractives (including alkaline earth and alkali metallic
species) (Eom et al., 2011). Unlike easily degradable cellulose and hemicellulose,
lignin has been found fairly stable and resistant to chemical attack by forming a
hydrophobic cross-linked network between hydrogen bonded crystalline cellulose and
hemicellulose polysaccharides (Hatfield & Fukushima, 2005). Considering the
chemical complexity and structural rigidity of lignocellulosic biomass, various
techniques have been employed to convert this resource into valuable products and
transportation fuels, by subjecting to several processes, such as enzymatic
saccharification and degradation into fermentable sugars with additional physical and
chemical treatment to overcome its recalcitrant nature (Malherbe & Cloete, 2002; Taha
et al., 2016). Encountered those obstacles, lignocellulosic biofuels cannot yet be
produced economically at the commercial scale due to the increased operational and

productional cost (Chowdhury & Loganathan, 2019).
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Table 1-2. Lignocellulosic biomass feedstocks available for energy purposes.

Supply
sector Type Examples
Herbaceous crops (e.g. switchgrass, miscanthus,
Agriculture Lignocellulosic energy crops reed)
Crop straw (e.g. rice straw, wheat straw, corn stalk,
Crop residues cotton stalk)
Oil, sugar and starch energy
crops Rape seed; Sugarcane; Corn
Short rotation plantations (e.g. willow, poplar,
Forest Dedicated forestry eucalyptus)
Barks; wood blocks; wood chips from tops and
branches; wood chips from thinning; logs from
Forestry by-products thinning
Lignocellulosic agricultural-
Industry industrial residues Rice husks; sugarcane bagasse; corn cob
Wood industry residues Industrial waste wood; sawdust from sawmills
Residues from parks and gardens (e.g. pruning,
Other Lignocellulosic wastes grass, fallen leaves)
1.2. Lignocellulosic residues and wastes

Lignocellulosic residues and wastes can be found as undesired components from

agriculture and forestry, or as by-products generated from anthropological activities

(Khanal et al., 2010). To be more detailed, biomass residues include primary,

secondary, and tertiary wastes. Primary residues are solid vegetal residues generated

from harvesting or plantation, including straw, corn stover, leaves and stems.

Secondary residues are the fraction discarded from the agricultural process or the food

chain. Rice husk, sugarcane bagasse and woodchips are typical secondary biomass

residues. On the other hand, tertiary residues are generated from the consumption by

human or animals, such as municipal solid wastes, fat, greases, and these residues

can be further converted into wastewater and sewage sludge (Lee et al., 2019). Figure
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1-1 illustrates typical biomass conversion technologies and their primary products and

end-uses.
Combustion » Heat/ power
Heavy oil Heat / power
substitute
—> Bio-oil
Refinery Biogas > Natbura_l gas
products substitute
Pyrolysis > Char
5 € —|- Anaerobic Transportation
| > Fuel gas digestion gas
8 Organic
D tat > e
Heat / power {Ees s fertilizer
Gasification > Syngas —
i : € — — yne - Transportation
Synthesis
roducts Ll
P Bioethanol
Heavy oil Refinery
_ . substitute Fermentation products
Liquefied
biomass ) e y
Refinery Lignin residue » Heat/power
Liquefaction products
X
ll > Fuel gas
(a) Thermochemical conversion (b) Biochemical conversion

Figure 1-1. Thermochemical and biochemical conversion of lignocellulosic biomass

(Cai, 2017).

1.2.1. Agricultural residues

Agricultural residues such as rice husk, wheat straw, corn stover that are generated
through the cultivation and harvesting have been recognized as an available and
inexpensive renewable lignocellulosic fibre feedstocks for biofuels (Adhikari, et al.,
2018). The role of agricultural residues has been verified by several studies in terms
of its environmental benefits in thermochemical conversion, biohydrogen generation,
and bioethanol production (Limayem & Ricke, 2012; Pooja, et al., 2018; Saratale et
al., 2019; Sarkar et al., 2012). For instance, around 140-350 Mt of agricultural residues
including corn stover and wheat straw are mainly used in the industrial facilities, and
54.95% of these residual biomass have the potential for bioenergy generation in the

USA (Daly et al., 2018; Perea-Moreno et al., 2019). The developing countries such as
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Brazil, China and India accounted for 53.95% of global agricultural residues (Tripathi
et al., 2019), which can ensure potential practice of bioenergy production. In tropical
regions like south America and Africa, sugarcane residues including bagasse and
leaves are abundant, and recognized as a good alternative for the heat and electricity
unitization, or the production of bio-ethanol and biochar (Chandel et al., 2012; Lim et

al., 2020).

1.2.2. Municipal sewage sludge

Sewage sludge is a by-product generated from the wastewater treatment plant
(WWTP) after primary and secondary treatment processes, which contains high
concentrations of organic substances and biogenic elements (Smolinski et al., 2019).
With increased population, a significant amount of sewage sludge can be generated
due to the intensive anthropological activities. In the European countries, around 50
million tonnes of sewage sludge are produced annually while the USA is producing 40
million tonnes (Kelessidis & Stasinakis, 2012). In China, an annual sewage sludge
production of about 60 million tonnes is estimated, and the majority of these are
landfilled or used as agricultural fertiliser (Tao et al., 2018). The dominant fraction in
primary and secondary sludges is nitrogen-rich material ranging between 25 and 40%,
and followed with lignin-rich compounds accounted for 20-30% (Navia & Mittelbach,
2012). Up to the present, three main types of sludge are produced during the activated
sludge wastewater treatment process including: a primary sludge which composed
floating grease and solids materials; a secondary sludge which is a combination of
microbial cells and suspended solids generated from biological settlement tank; a
tertiary sludge produced from anaerobic digestion (Manara & Zabaniotou, 2012; Navia

& Mittelbach, 2012). Several studies verified that sewage sludge can be used as a soil
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amendment for agricultural and phytoremediation purposes, and has the potential for
biodiesel production due to its high content of lipid (Smolinski et al., 2019; Bora et al.,
2020). In addition to that, the presence of heavy metals, toxic compounds, and
microbial pathogens in sewage sludge may restrict its application and cause unwanted
toxic effects on plant growth and/or public hygiene (Kominko et al., 2017; Johnson and
Affam, 2019). Thus, it is important to introduce integrated options for sludge

management.

1.3. Waste-to-Energy (WTE) technology

Waste-to-Energy approaches such as incineration, pyrolysis, gasification, anaerobic
digestion, bio-methanation, and landfill gas recovery serve as effective lignocellulosic
biomass conversion treatments, while giving rise to energy valorisation (Cai, 2017).
This section mainly focuses on thermal and biochemical conversions.

1.3.1. Thermal conversions

There are three main commercially thermal processes for upgrading the biomass into
various energy products from: combustion, gasification and pyrolysis (de Jong and
van Ommen, 2014; Lewandowski et al., 2020). Figure 1-2 shows the different thermal
treatment pathway to obtain desired end products. Although the combustion and
gasification system are wildly available in most industrialized and developing countries
for many years, there are considerable drawbacks. Generally, combustion and
gasification require higher energy input at high temperatures of 800-1000°C (Akhtar
et al., 2018). Furthermore, biomass with low content of lignin exhibits incomplete
combustion and lower char yield by prolonging the burning (Dorez, Ferry, Sonnier,

Taguet, & Lopez-Cuesta, 2014).
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Figure 1-2. Products from thermal biomass conversion (Bridgwater, 2012).

Alternatively, pyrolysis appears to favour the biomass conversion with lower
operational temperature of 280-850°C and reasonable vapor residence times. In
pyrolysis, half the organic matter in biomass is decomposed to low molecular weight
liquids or gases products, while the rest of the substances can be dominantly
distributed into pyrolytic residue (termed biochar) in a solid form in the absence of
oxygen (H. Yang, Yan, Chen, Lee, & Zheng, 2007). Table 1-3 represents the various
products from pyrolysis of lignocellulosic biomass. Pyrolysis process can be divided
into three stages including pre-pyrolysis, main-pyrolysis and the formation of
carbonaceous products (Tomczyk, Sokotowska, & Boguta, 2020). In detail, the
moisture and light volatiles in the biomass are evaporated at 200°C in the first stage.
At the same time, formations of hydroperoxide and functional groups such as -COOH
and -CO occur when the chemical bonds break. The hemicelluloses and cellulose are
then devolatilized and decomposed at temperature ranging from 200 to 500°C during
the second stage. When the temperature reaches up to 500°C, the lignin and other

organic matter with stronger chemical bonds are then degraded. Therefore, the char
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is formed in three sequent pathways: solid-solid interaction at the second stage, solid

and organic vapour or tars reaction, and gas-solid interaction (Pattanotai et al., 2015).

Table 1-3. Various products obtained from pyrolysis of different lignocellulosic
biomass.
Type of Operational
lignocellulosic Tyrgle :ifs temperature  Reactor T’%ﬂi(?tfs Proi‘illj:ts Reference
biomass pyroly (°C) P y
. Flash Fixed bed . 20.8- (Chen et al.,
Rice straw carbonization 800-1200 reactor Biochar 61.54% 2017)
Semi- K
Rice husk Fast 500 batch Bio-oil 2.60% ( ;g‘gg)m’
pyrolysis
Oil palm empty Fast 500 Eaetrgrl\ Bio-oil  4.30%  (Kusworo,
fruit bunches . Ve 2020)
pyrolysis
Fixed bed . 33.6- (Sarkar,
Coconut shell Flash/fast 400 to 600 reactor Biochar 28 6% 2020)
Continuous
microwave- Lab-scale o (Zhou et al.,
Wood waste assisted 800 reactor Syngas 67% 2020)
pyrolysis

Hydrothermal carbonization (HTC) is a promising thermochemical process for
biomass utilization and biofuel production. Several literature have mentioned the
sequent chemical reactions (Figure 1-3) include hydrolysis, dehydration,
decarboxylation, condensation polymerization, and aromatization appear during HTC
process (Funke and Ziegler, 2010; Nizamuddin et al., 2017). Biomass substances are
hydrolysed to oligomers saccharides of cellulose and monomers such as phenolic
fragments in the first stage. Hemicellulose is hydrolysed at lower temperature of 180°C.
On the other hand, cellulose and lignin are degraded at around 200°C. By the
meantime, hydrothermal degradation results in the formation of highly reactive

products such as acetic acid (Mok & Antal, 1992). These products are then utilized
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into oligomer during the interaction between lignin and hemicellulose fragments. The
hydroxyl group in the condensation of fragments is eliminated in the dehydration stage,
and sequentially lowered the H/C and O/C ratios. Carboxyl and carbonyl groups that
obtained from the hydrolysis of cellulose are degraded in the decarboxylation process.
The solid phase (hydrochar) are produced from humic acids, bitumen and a fraction
of undegraded component of cellulose during the course of ongoing polymerization
(Sevilla & Fuertes, 2009). At the same time, carbohydrates in hemicellulose and
cellulose are able to form aromatic structures under alkaline conditions at
temperatures ranging from 200-300°C. These aromatic structures potentially provide
a building base for the formation of the resulting hydrochar during the aromatisation
process. The presence of water facilitate the chemical carbonization by serving as a

reacting medium and a oxidised composite under thermal conditions (Nizamuddin et

al., 2017).
SO,, NO,
C, (8672 Carbon sequestering biochar
A SO,> (y=3. 4), Gas (CO, etc.) Soil amendment
ried NO," (222, 3)
CO; ried biomass Aot
5 \—/(TDrying Hydrothermal /‘
Green biomass » Hydrochar > uel
60’04} carbonization Y N .
’7’4@&/. Substitute or precursor for carbon black,
s

Oils activated carbon, container nurseries, and others.
Figure 1-3. Schematic diagram of thermochemical reactions during the HTC process

and potential application (Kang et al., 2012b).

As compared to other thermal conversion techniques, HTC performs at a mild
operating condition in the temperature range of 100-300°C, attributed to lower energy
input (Kang et al., 2012a). HTC can also be applied to wet biomass as water serves
as the solvent with varied dissolved gases such as COg, nitrogen oxides, and sulfur

oxides (Kang et al., 2012a) (Table 1-4). In pyrolysis process, drying pre-treatment is
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required for biomass with relatively high moisture content whilst may increase heat
inputs for vaporization (Akhtar & Amin, 2011). HTC therefore offers alternatives for
biomass utilization and biofuel production together with the overall economic values.
Meanwhile, biomass with high content of crystalline cellulose can be effectively
carbonized in the HTC process due to the presence of hot water as a reactant, solvent
and catalyst by donation of hydrogen ions (Funke & Ziegler, 2010; Titirici & Antonietti,
2010). Thus, HTC has positive potential to a wilder industrial application for energetic
purposes.

Table 1- 4. Selected studies of hydrothermal carbonization for carbon-rich material

formation.
Temperature Time Carbon yield
Feedstock (°C) (hrs) Products (%) Reference
Rice husk 300 16 Biochar 47.32 (Kalderis,
' 2014)
Hydrochar
Corn stalk 200 40 microspher 56.97 (Lei, 2016)
es
Lignin 265 20 hydrochar 68.43 (Kang,
g y - 2012)
Tamarix Carbon
o 250 4 microspher 72.08 (Xiao, 2012)
ramosissima es
. , (Zakaria,
Kenaf Fiber 225 10 Biochar 60.2 2016)
Carbonace
ous (Sevilla,
Cellulose 250 2 microspher 71.46 2009)
es

char

1.3.2. Effects of process parameters on physiochemical properties of the resultant

The key physicochemical properties of biochar and hydrochar include pH, elemental

content, particle size distribution, surface area and porosity, surface functional groups
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and electrical conductivity (EC). The characteristics and yields of the emitted products
from thermal conversion have reported to depend on several operating parameters
such as temperature, heating rate, and residence time as well as the feedstock type
(Yaman, 2004; Apaydin-Varol and Patin, 2012; Garcia-Nunez et al., 2017; Tomczyk
et al., 2020). Increasing both pyrolysis time and temperature result in a higher
carbonization degree of the char product, while decreasing the char yield and its
surface functionality (Mohan et al., 2014). MasSek et al. (2013) reported that the
increased pyrolysis temperature from 350°C to 550°C facilitated the stability of biochar
obtained from pine, mixed larch, spruce chips, and wood chips by increase the
concentration of stable carbon. Meanwhile, they also found that the increasing heating
rate has negligible effects on the yield of stable carbon. Study by Zhang et al. (2015)
has also reported that the total carbon content of biochar derived from straw and
lignosulfonate increased with increasing pyrolysis temperature while the volatile
matter and production yield of char decreased. In addition to that, biochar obtained
from higher temperature possesses diverse physical structure, greater ash content
and larger surface area (Chen et al., 2014). Conversion temperature can also result
in the transformation of electron donating moieties from the phenol surface functional
groups to aromatic C=C surface functional groups when temperature elevated from
400°C to 800°C (Xu et al., 2020). The selected effects of the biomass nature and the
pyrolysis conditions on characteristics of the char product were summarised in Table

1-5.
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Table 1-5. Effects of properties with increasing values on the pyrolysis product (Santhoshkumar and Anand, 2019)

Parameter

Yield with increasing value of the parameter

Physicochemical properties Other comments

Heating rate

Temperature

Residence time

Biomass nature

Decrease the char yield; Increase the syngas and
bio-oil yields

Decrease the char yield; Increase the syngas vyield

Increase the char production

No effect

Increase the surface area and
the porosity; activate the oxygen
and hydrogen contents

Increase the concentration of a

o Decrease the COz2
larger aromatic ring on the o
) concentration in
surface of char; Improve the
' the syngas
char's structure

Reduce the surface functionality
of char; decrease the active
sites on char surface; cause the
loss of structural ordering

The initial biomass pertains the
structure and physicochemical
properties of the char




The major types of feedstocks used for biochar and/or hydrochar productions are
agricultural and forestry residues, municipal solid wastes (MSW), and animal manures
(Lu et al., 2012; Nizamuddin et al., 2017; Sipra et al., 2018; Hassan et al., 2020;
Ippolito et al., 2020; Tomczyk et al., 2020; Lin et al., 2021). Furthermore, using marine
algae and sewage sludge granule as feedstocks for pyrolysis and/or HTC has also
gained a wide interests due to the abundance and availability of these materials (Chen
et al., 2017; Liu et al., 2018; Barry et al., 2019; Aravind et al., 2020). Sewage sludge
is a by-product obtained from municipal and industrial wastewater treatment which
also consists high concentrations of heavy metals and nutrients (Hossain et al., 2011).
Therefore, pyrolyzing sewage sludge can not only reduce its weight and volume, but
also produce value-added biofuels while prevent any potential health risks associated

with its disposal.

The physical structure of biochar obtained from lignocellulosic biomass can inherit the
architecture of the feedstock, and consequently affects its potential applications (Sohi
et al., 2010). While non-woody biomass including agricultural residues, animal wastes,
marine algae and sewage sludge have considerably higher content of moisture which
can alter production process, and influence the char’s physicochemical characteristics
(Tripathi et al., 2016). Meanwhile, feedstock material that are rich in hydrogen, such
as sugar, can develop a cross-link system during pyrolysis (Mészaros et al., 2007).
The resultant biochar therefore cannot inherit the original structure of the feedstock
and may have lower porosity. Pyrolyzing feedstock with lower moisture content can
enhance poly-aromatization and form biochar with graphite-like structure (Darmstadt
et al., 2000). Meanwhile, feedstock material containing higher nutrients, such as

animal wastes can result in nutrients accumulation in biochar as compared to



lignocellulosic biomass. Sarfaraz et al. (2020) reported that biochar produced from
animal wastes have relatively high nitrogen content as compared to the plant materials,
because of the presence of more nitrogen concentration in the parent material. They
also found that high phosphate concentration (3.33-4.88%) in the biochar produced
from swine manure and poultry litter biochar than those in the biochars obtained from
rice straw and corn straw. Meanwhile, feedstock type can influence total ash content
and the carbon-to-nitrogen (C/N) ratio of biochar (Bourke et al., 2007; Gaskin et al.,

2008; Singh et al., 2010; Amonette and Joseph, 2012; Qambrani et al., 2017).

1.3.3. Influences of thermal techniques on char properties

Due to the different formation mechanisms of biochar and hydrochar, they may have
distinctive characteristics. As discussed earlier, hydrochar produced by using hot
water as solvent generally has a lower C content and lower ash content, because the
ash content in hydrochar dissolved in the liquid phase (Zhang et al, 2019).
Furthermore, hydrochar has lower surface area due to the persistence of the
decomposition products on the surface of hydrochar and then bloke partial of pores
(Fang et al., 2018). However, the surface functionality of hydrochar is greater than that
of biochar due to the presence of carbonaceous nanoparticles with a hydrophobic-
core and hydrophilic shell on the surface of hydrochar (Keiluweit et al., 2010).
Hydrochar may also have higher pore volume attributing to the high inorganic matter
content of hydrochar (Dieguez-Alonso et al., 2018). Table 1-6 shows a selection of

factors influencing the thermal conversion process and the resultant char’s properties.
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Table 1-6. A selection of factors influencing the thermal conversion process and the resultant char's properties (Kambo & Dutta,

2015).
. o . . .
Cl?ar yield (%) with the C/H _and C/O ratios with Porosity with the increased value of
increased value of the increased value of
parameter
parameter parameter
Parameter Pyrolysis HTC Pyrolysis HTC Pyrolysis HTC
Increase when
temperature less than Increase up to
Process temperature Decrease Decrease Increase Increase 500°C, further decrease 230°C, then
with high pyrolysis decreased
temperature
Increase from 5-
Heating rate Decrease - Increase - 100°C/min, further -
decrease
Residence time Decrease Decrease Increase Increase Increase Increase
Pressure Decrease Increase - - Decrease Decrease
Moisture content of feedstock Decrease Not affected - - May reqwre_extra eNe19Y  Not affected
input for drying




1.3.4. Modification and/or activation

In spite of the potential application of biochar for environmental uses, increased
researchers has been attracted to the modification of biochar in order to enhance its
functions and environmental benefits (Ok et al., 2015). In this section, we mainly focus

on the magnetic modification of biochar.

Magnetic modification is performed on the basis of facilitating the separation ability of
biochar particles after treatment process. The existing techniques for producing
magnetic biochar include precipitation and combined thermal-chemical treatment
(Chenetal., 2011; Zhang et al., 2013). Hao et al. (2018) developed a magnetic biochar
through co-precipitation of ferrous and ferric salts and followed by heating at 60°C.
The engineered magnetic biochar exhibited higher phenol removal efficiency with
increased mass magnetic susceptibilities compared with pristine biochar (Hao et al.,
2018). Similarly, Zhang et al. (2013) reported an enhancement in ferromagnetic
property of magnetic biochar produced from thermal pyrolysis of ferric salt treated
biomass at 600°C by embedding nanosized y-Fe>O3 particles in biochar matrix. They
also found that the resulting engineered biochar improved the removal of arsenic.
Meanwhile, it has been shown that magnetic biochar has a rougher surface and higher
surface area than the pristine biochar while decreased pore volume (Khan et al., 2020).
Similar observations were also reported in the literature (Wang et al., 2011; Zhang et
al., 2013; Zhao et al., 2019; Zheng et al., 2020). Regardless of this, understanding the
effects of magnetic modification on the biochar characteristics and its applications is
not an easy task and as such our knowledge of transformation through different

pathway is still developing.



1.3.5. Biochemical conversions

Biochemical conversion uses microorganisms or enzymes such as Glycoside
Hydrolases, Polysaccharide Lyases, Carbohydrate Esterases, Lignin Oxidases, and
Lignin Degrading Auxiliary enzymes families to convert biodegradable waste into
biofuels and biochemicals (Lee et al., 2019). The typical process options include
anaerobic digestion, bioethanol fermentation and bio-hydrogen production. This
section focuses on anaerobic digestion (AD) and selected factors influencing the AD

process.

Anaerobic digestion (AD) involves the degradation and stabilization of organic
substrates by a microbial consortium of various microorganisms under anaerobic
condition and leads to energy recovery in the form of biogas. The valorised biogas, as
a renewable energy source, mainly consists carbon dioxide and methane. It can be
upgraded to natural gas by purification in the natural gas grid or in a combined heat
and power (CHP) installation for the simultaneous generation of heat and electricity
(Appels et al., 2008; Appels et al., 2011). Meanwhile, AD is identified as an efficient
technique to reduce or eliminate a large proportion of pathogens and pollutants. Cao
et al. (2015) found that anaerobic digestion has great potential to digest plants used
in remediation with a 100 mg kg™' Cu levels and provide bioenergy recovery with the

maximum methane production of 5722 mL/g.

According to the European Biogas Association (EBA), up to 17783 biogas plants are
installed and operating in Europe, with a total installed electric capacity (IEC) of 10532
MWe by 2017 (EBA, 2018). Among the European countries, Germany is the leading

force in biogas market with 10971 plants, and followed by Italy with 1655 plants (EBA,
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2017). In 2020, there are 579 operational AD facilities in the UK, with a total capacity
of around 466.086 Megawatt electrical (MWe) (Anaerobic Digestion, 2018). In
developing countries such as Asia-Pacific regions and Africa, the majority of anaerobic
digestion plants are implemented in domestic or farm-based facilities (Patinvoh &
Taherzadeh, 2019). Among these countries, China has the highest numbers of
household digesters (up to 26.5 million), with capacity of 10.5 billion m?® biogas
production (Chen et al., 2010). In India, strategies and policies were also made to
encourage the implementation of family-sized and community AD plants, and installed
a total of 5 million biogas plants by 2018 (Mittal et al., 2018). Meanwhile in Nigeria, an
estimated of 482 Mwe of electricity can be generated by the anaerobic digester by
2030 (Suberu et al., 2013). These observations showed that the biogas plant would
not only escalate waste management, but also benefit with developing countries and

rural areas where experiencing the shortage of energy supplies.

Anaerobic digestion has been recognised as a complex process with a number of
sequential and parallels steps under anoxic conditions (Hagos et al., 2017). There are
four stages taking place during the process of anaerobic digestion: hydrolysis,
acidogenesis, acetogenesis, and methanogenesis (Chiappero et al., 2020). A

simplified schematic diagram of the four digestion stages is showed in Figure 1-4.

In hydrolysis, complex polymers included polysaccharides, lipids, suspended organic
matters and proteins are decomposed into component units such as glucose, amino
acids, soluble organic matters and fatty acids though enzymatic cleavage (Xu et al.,
2019). These hydrolytic products are able to diffuse through the cell membrane and

used as nutrient sources for acidogenic microorganisms. However, certain substrates
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such as lignocellulosic biomass may be difficult to degrade due to its complex structure
formed among lignin, cellulose and hemicellulose compounds, and result in reduced

hydrolysis rate (Lin et al., 2010).

Particulate organic substrate

I Proteins | I Carbohydrates I I Fats |
Hydrolysis 1
Y l y
Amino, acids, sugar Fatty acids
Acidogenesis l

Intermediates
Propionic acid, butyric acid

Acetogenesis

A A 4 \

Acetic acid <:> Hydrogen

Biogas
(mixture of carbon dioxide and methane)

Methaneogenesis

Figure 1- 4. Degradation steps of anaerobic digestion bioprocesses.
After diffusing into the cell membrane of acidogenic microorganisms, those soluble
compounds are degraded into short chain volatile acids, ketones, alcohols, hydrogen
and CO:2 (Anukam et al., 2019). The volatile fatty acids (VFAs) formed in the
acidogenesis stage serve as a substrate for CHs-forming microorganisms. This
degradation process resulted in forming a number of organic acids including acetates,
propionate and butyrate, and smaller amount of ethanol and lactate (Meegoda et al.,
2018). The next stage is acetogenesis that acetogenic microorganisms digest the acid

phase products into acetate (CH3COO") and hydrogen (de Bok et al., 2005; Schink,
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1997). The rate of acid production during the acidogenesis stage depends greatly on
the operational conditions of the digester. Unlike other stages, the rate of acidogenesis
is generally faster than all other stages of AD, with the maximum conversion time of
36 hours (Deublein & Steinhauser, 2010). With the rapidity of this stage in mind, the
intermediate products generated in this process which are used as precursor in next
step have great influence on the final product during methanogenesis process
(Adekunle & Okolie, 2015). These products are further consumed as substrates for
acetoclastic methanogenesis in the third phase. In this process, the short chain volatile
fatty acids (VFAs) and alcohols are converted into acetate, hydrogen and carbon
dioxide; while the long chain VFAs are converted into acetate and hydrogen (Wellinger
et al., 2013). It should be noted that acetogenesis collaborates with the next group in
the methanogenesis stage, and associates with the hydrogen interspecies transfer

(Zhang & Zang, 2019).

In the methanogenic phase, intermediate products are converted to biomethane and
carbon dioxide. It should be noted that methanogenic activities carry out in higher pHs
than all other stages of anaerobic digestion (Khelaifia et al., 2013). Furthermore,
methanogenesis has been found as the slowest biochemical reaction than other
reactions, which taking up to 5-16 days (Meegoda et al., 2018). In the batch digester,
the duration of methanogenesis may even take longer up to 40 days which is

evaluated by the rate of biogas production (Zhu et al., 2019).

1.3.6. Types of Anaerobic Digestion System
Various types of anaerobic digestion system have applied in agricultural and industrial

sectors such as single stage and two-stage batch digester (Figure 1-5). In one-stage
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system, all substrates are loaded simultaneously, and all of the biological reactions
occur in the same reactor sequentially; the digestate is then discarded when the
biogas production is negligible (Meegoda et al., 2018). On the other hand, the two-
stage digestion system typically consists of a hydrolysis reactor and a methanogenic
reactor. The substrate is fed into the first reactor where hydrolysis and acidification
take place. The acidified effluent is then transferred to the second reactor and utilized

by microorganisms (Van et al., 2020).

Single-stage Biogas (50-60% CH,)

Single-stage digestion

batch mode
Organic wastes
CO,-enriched biogas

Two-stage

Acidified
effluent

Biogas (60-70% CH,)

Hydrolysis and Methanogenesis
acidogenesis

Figure 1-5. Schematic diagram of single-stage and two-stage anaerobic digestion

systems. Adapted from Van et al. (2020).

1.3.7. Process stability and efficiency

Although as a well-established technique, AD faces several challenges affecting
process performance and biogas stability. Many factors can influence the biogas
system, directly and indirectly, including water and nutrient content, the composition

of feedstock, buffer capacity and inhibitory agents (Bastabak & Kogar, 2020).
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The main factor directly affects the process stability and efficiency is substrate source.
A range of biomass feedstocks are available to use in AD, including energy crops,
forest residues, and waste from food processing industries and wastewater treatment
(Bacenetti et al., 2013). However, the efficiency of digestion strongly depends on the
composition and characteristics of substrates. For example, a high lignin content of
biomass can lead to low biogas yield during the AD process due to the potential
generation of AD inhibitorial phenolic compounds (Mosier et al.,, 2005;
Sawatdeenarunat et al., 2015; Triolo et al., 2012). Likewise, certain plants such as
tomato, cucumber and grape have relatively high C/N content, which could potentially
cause accumulation and inhibition in the digestion process (Paul & Dutta, 2018).
Meanwhile, animal waste can be used as a feedstock in anaerobic digesters which
tends to have a plentiful source of easily degradable organic substance (Bastabak &
Kogar, 2020). On the other hands, animal wastes tend to have high levels of protein
and lipid, attributed to nitrogen accumulation, thus increasing the risk of ammonia
inhibition, which could cause system failure (Momayez et al., 2019). Table 1-7
summarized typical types of biomasses used as substrates for biogas plants

worldwide.

The substrate to inoculum ratio is another determinant for the stable operation of the
AD process. It can be evaluated by the organic loading rate (OLR) which determines
the quantity of influent substrate per unit reactor volume in a given unit time period
(Grangeiro et al., 2019). An optimal OLR is key link in increasing the biogas production
(Fuess et al., 2016; Hafez et al., 2010). The OLR is not only influenced by the substrate

concentration, but also by the flow rate and the digester volume. Meanwhile, higher
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OLR can result in increased experimental time and delayed methane production

during AD of sewage sludge in single-stage system (Pellera & Gidarakos, 2016).

Table 1-7. Main types of biomasses utilized by the anaerobic digestion plants
worldwide. Adapted from Appels et al. (2011) and Nsair et al. (2020).

Biodaas vields Methane Electricity
Feedstock % Dry matter C:N (%:%) (Lgk ")\/Net) content (Lkg~ production
9 1 wet) (KWh t" wet)
Pig manure 4-9 6 20-35 10-21 40-71
Cattle manure 20-25 22.71 60-120 33-36 112-257
Poultry 34-50 11.54 130-270 70-140 257-551
manure
Maize silage 28-39 40-85 170-230 68-120 347-469
Grass silage 15-50 9-25 102-200 46-109 208-408
Wheat straw 91-94 100-150 - 135-237 146-266
Corn stover 66-89 60 - 261-402 293-451
Rye 62-93 47 130 70 265
Orange peels 92.3-96.8 102.86 - 460 -
Whole 89.0-97.3 25-80 ; 500 ]
mandarins
Sewage 93.91-9555  10.86-17.16 ; 590 .
sludge

1.3.8. Process inhibitors

Ammonia (NH3) and ammonium (NHs-N) have been recognized as the foremost

inhibitors, which can reach to undesirably high concentrations during the hydrolysis of

proteins available in nitrogen-rich substrates such as animal wastes, municipal wastes

and dairy wastes (Rajagopal et al., 2013). Furthermore, the ammonium concentration
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which may inhibit microorganisms activities applied in the literature varies at a wild
range (Banks et al., 2011). For example, under mesophilic conditions, the maximum
methanogenic activity was affected and declined by 75% at higher total ammoniacal
nitrogen (TAN) concentration ranging from 1500-5000 mg/L (Chen et al., 2016; Jiang
et al., 2019). However, ammonium inhibition can occur during AD of municipal solid
waste (MSW) at lower TAN concentration of 1200 mg L' (Labatut & Pronto, 2018).
Belmonte et al. (2011) reported that the free ammonia (FA) concentrations of 215 and
468 mg L' deteriorated the digestion of swine wastewater by reducing 50% methane
production rate under mesophilic and thermophilic conditions. Meanwhile, the high
concentration of NH4*-N can lead to the significant formation of FA in anaerobic
conditions (Yang et al., 2018; Liu et al., 2019). The concentration of NH4*-N ranging
from 1.0 to 2.0 g N L' increased the FA concentration up to 30-560 mg NHs3-N L-1
during the AD of sewage sludge under slightly alkalic conditions (pH 7.5-8.6) (Wei et
al., 2017). These changes are attributed to an equilibrium formed between the FA and
ammonium ion, which can be expressed in the following equation:
NHaaq)" < NHs(aq) + Haagy (1)

Meanwhile, ammonia inhibition enhanced the accumulation of acetate and propionate
and consequently decreased the pH, which resulted irrelevant microorganisms
enrichment (Chen et al., 2016). Meanwhile, the sensitivity of the microbial consortia to
ammonia and ammonium inhibitions fluctuates at a wild range. Studies observed that
acetoclastic methanogens can be inhibited at a low ammonia concentration, while
hydrogenotrophic methanogens can tolerate higher amount of FA (Westerholm et al.,

2012; Zhang et al., 2017).
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Besides ammonia inhibition, the accumulation of volatile fatty acids (VFAs) can also
hinder the AD process. The VFAs, as metabolic intermediates, are carboxylates with
low molecular weight produced at stages of acidogenesis and acetogenesis (Wainaina
et al., 2019). They include a mixture of straight-chain fatty acids, such as acetic acid,
propionic acid and butyric acid, etc, from the metabolism of the amino acids, which
also are precursors for methane generation (Fu & Holtzapple, 2010; Shi et al., 2017).
The production of typical VFAs can be expressed in the following equations:

CsH,,04 + 2H,0 — 2CH;COOH (acetate) + 4H, + 2C0, (1);

C¢H 2,04 + 2H, —» 2CH3;CH,COOH (propionate) + 2H,0 (2 );

C4H,,04 = 2CH;CH,CH,COOH (butyrate) + 2H, + 2C0, ( 3 );

C¢H1,06 » 3CH;COOH (acetogenesis) (4 );
4H, 4+ 2C0, - CH3;COOH + 2H,0 (acetogenesis) ( 5).

Acetic acid is the predominant VFA accounting for 30-80% due to abundance of
homoacetogens which can grow in a wide range of physicochemical conditions such
as high or low temperatures and wide alkalinities (Annamalai et al., 2020; Mateos et
al., 2018). Propionic acid is another frequently reported carboxylic acid that can
accumulate during the AD process. The rate of propionate degradation can be
significantly inhibited by environmental conditions such as ammonium concentrations
and pH by up to 31% (Bonk et al., 2018). Similar to other inhibitors, high concentrations
of VFAs can negatively permeate the cell wall and break the gram-positive bacteria
under low-pH conditions, further deteriorating the AD process (Shi et al., 2017; Yuan
& Zhu, 2016). For example, previous study found that up to about 30 g COD L' of
VFAs accumulated when treating distillery wastes, inhibited methane production at a
moderate level of organic loading rate (Wang et al., 2019). Likewise, Shi et al. (2017)

observed that the accumulation of VFAs resulted in a 85% decrease in the biogas
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production rate during the digestion of fruit and vegetable wastes with an organic
loading rate of 3.0 kgVS L' day"' under mesophilic conditions. Meanwhile, the overall
VFAs utilisation and accumulation can be severely affected by pH in a complex way.
Studies found that the total VFAs concentration reached to the maximum limit at pH
ranging from 5.0 to 6.0 regardless of the type of inoculum in the AD of food waste
(Wang et al., 2014). In contrast, the highest VFAs concentration was observed from
the digestion of low-strength synthetic wastewater at pH 7.0 (Khan et al., 2019).
Furthermore, Jie et al. (2014) reported that the lowest rate of VFAs degradation was
recorded at pH 10.0 during the digestion of excess sludge. Therefore, it can be
hypothesized that different types of microbial species which present in different

inoculums has varied sensitivity and tolerance toward to the VFA degradation.

1.4. Use of biochar in anaerobic digestion

Biochar attracts increasing attentions as the means of enhancing AD efficiency and
stability (Chiappero et al., 2020; Fagbohungbe et al., 2017a) (Table 1-8). The
application of biochar can potentially increase process efficiency in three major ways:
(1) adsorbing inhibitors; (2) increasing the buffering capacity of AD; (3) serving as an
additional surface for microbial adherence; and (4) facilitating electron transfer
between microorganisms. Figure 1-6 summarised the potential benefits of biochar on

each stage during AD process.
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Figure 1-6. Potential impacts of biochar on each AD step (Pan et al., 2019).

As aforementioned, substrate-induced inhibitors including ammonia, limonene and
phenol can either be degraded or converted into other metabolites as precursors of
inhibitors (Duetz et al., 2003). The acclimatization process with microbial cells can
naturally occur under anaerobic conditions. However, it generally takes long time to
achieve stable acclimation for the whole consortia of cells, which increases the capital
cost of commercial AD plant. The application of adsorbents such as activated carbon
and zeolite showed the possibility of suppressing and mitigating substrate-induced
inhibition (Masebinu et al., 2019a). Similar to those carbonous materials, biochar is
considered as a cheaper alternative to sorb those inhibitors. For instance, previous
study recorded that biochar was able to sorb ammonium and remain bioavailable for
plant growth (Taghizadeh-Toosi et al., 2012). It was also reported that the application
of wood and rice husk biochar increased ammonium removal in digestion of pig
manure with maximum adsorption of 44.64 mg/g and 39.8 mg/g respectively (Kizito et

al., 2015). Meanwhile, Wang et al. (2018) studied the effects of sawdust biochar on
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methane production in AD of dewatered activated sludge and food waste, and found
a promoted syntrophic VFAs oxidation and stabler pH conditions. Likewise, Jang et al.
(2018) investigated the digestion of dairy manure under mesophilic and thermophilic
conditions with supplementation of dairy manure-derived biochar. They found the
application of biochar lowered the concentrations of total VFAs and propionic acid up
to 50%, indicating the ability of biochar on alleviating acids accumulation (Jang et al.,
2018). Whereas, it has been found that biochar addition can enhance the production
of VFAs products. LU et al. (2016) observed that production of propionic acid was
enhanced by biochar supplements. Similar results were also reported by Giwa et al.
(2019).

Table 1- 8. Selected studies on applications of biochar in AD systems.

Operation
Pyrolysis conditions Inhibition substances
Biochar conditions Substrate (°C) (concentrations) Reference
Wheat straw Food waste (Kaur,
pellets 550°C and sludge 35 VFAs (more than 40 g/L) 2020)
Sawdust 500°C for Food waste VFAs (57.9 chemical oxygen  (Wang et
waste 1.5h and sludge 35 demand/L) al., 2020)
Chicken
manure and
500°C for kitchen (Wang et
Vermicompost 2.0h waste 35 VFAs (More than 12 g/L) al., 2017)
Corn stover
550°C for and chicken
Rice husk 2.0h manure 35 Ammonia (more than 6 g/L) (Yu, 2021)
Macadamia 350°C for Room
nut shells 2.0h Food waste temperature  Ammonium (1.5 g/L) (Su, 2019)
Ammonium
Fruitwood 800-900°C  wastewater 35 Ammonia (up to 7 g-N/L) (L0, 2016)

The VFAs inhibition also associates with ammonia inhibition during AD process. As
aforementioned, exceed concentration of ammonia can inhibit methanogens activity
resulting in VFAs accumulation, consequently reducing pH and TAN concentration
(Pan et al., 2019). Xu et al. (2021) suggested that the application of hydrochar at 6

g/L reduced ammonia inhibition with increased tolerance level of maximum ammonia
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concentration from 2.68 to 3.38 g/L during digestion of pig carcass. Similar
observations was reported by Wang et al. (2017) that biochar derived from
vermicompost at 500°C stimulated the VFAs degradation and maintained their
concentrations at a feasible level of 2835.8 mgL™" during AD process. In contrast, no
or only marginal effects of hydrochar on ammonia emission from cattle slurry and
poultry manure were recorded in previous studies (Gronwald et al., 2018; Mumme et
al., 2014). Ma et al. (2019) reported an increased concentration of ammonia nitrogen
during AD of dried chicken manure with biochar addition. The role of biochar and/or
hydrochar on mitigating ammonia inhibition is not fully clear due to its adverse effects
on ammonia nitrogen. Therefore, it is necessary to understand the interaction of char

with inhibitors during AD process.

Biochar has also proposed as redox mediator accelerating the reduction of organic
chemicals such as chlorinated aliphatic compounds and nitro herbicides (Kappler et
al., 2014; Zhang et al., 2018). Biochar can serve as electron acceptors to stimulate
the syntrophic metabolism among electroactive microorganisms such as
Anaerolineaceae and Methanosaeta (Jang et al., 2018; Martinez et al., 2018; Li et al.,
2018). Furthermore, hydrochar derived from agricultural residues has found to
generate active oxygen species for the degradation of organic contaminant via the
surface redox active sites during the electron donating process (Chen et al., 2017; Yan
et al., 2018). However, biochar may negatively affect the AD process at high levels of
20 wet%. Li et al. (2019) reported an adverse effect of biochar on AD performance by
reducing the contact between microbes and organic substrates. It is assumed to be

cause by the over-acceleration of hydrolysis and acidogenesis with biochar addition
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which resulted in intermediates accumulations and consequently inhibiting the

methanogens activity (Pan et al., 2019).

Overall, there are various factors and parameters to consider when applying biochar
and/or hydrochar to the AD system and there is a need for systematic studies to
determine the effects of feedstock types, thermal conversion types and process
conditions on the resultant char’'s physicochemical properties. This is a vita
prerequisite in determining the role of the char products during AD process. This work

intends to fill those gaps.

1.5. Aims and objectives

The primary aim of this project was to elucidate the effects of char and/or hydrochar
on process performance and system stabilities of anaerobic digestion. The hypothesis
for this analysis was that the functions of char would be reflected through changes in
the inhibitors and AD products. The secondary aim of this project was to find char with
potential useful characteristics for industrial applications, such as the production of
iron-modified char which enhances the recycle potential of char and improve economic

feasibility.
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2. Materials and methods

2.1. Char samples

Four standard biochars were obtained from the UK Biochar Research Centre (UKBRC)
at the University of Edinburgh. The standardized production procedure can be found
on the website of UKBRC (Ma$ek, Buss & Sohi, 2018). All used type of standard
biochars were produced at 550°C and 750°C from four feedstocks: rice husk (RH),
wheat straw pellets (WSP), oil seed rape (OSR) and sewage sludge (SS). The analysis
of the standard biochars for determining chemical composition of biochar, pH and
heavy metals concentrations were conducted at UKBRC. Biochar samples derived
from the mixture of hardwood and digestate briquette were produced externally by the
Leibniz institute of Agricultural Engineering and Bioeconomy (ATB), located at
Potsdam Germany. The four hydrochars used in this project were produced from rice

husk, wheat straw pellets, oil seed rape and alkali lignin (Sigma-Aldrich) (Table 2-1).
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Table 2-1. Summary of biochar/hydrochar samples tested in this project.

Conversion

Conversion

Feedstock method conditions (°C) Modification Chapter

Rice husk Pyrolysis 550 Unmodified 3,4

Wheat

straw Pyrolysis 550 Unmodified 3,4

pellets

Hardwood

and Pyrolysis 500 Unmodified 4

digestate

briquette

Qilseed Hydrothermal 250 Unmodified 4

rape pellets carbonization

Alkali lignin ~ Hydrothermal 250 Unmodified 5
carbonization

Rice husk Hydrothermal 250 Unmodified 5
carbonization

Wheat

straw Hydrothermal 250 Unmodified 5
carbonization

pellets

Rice husk Pyrolysis 550 lron-impregnationand ¢

thermal activation
Sewage Pvrolvsis 550 I[ron-impregnation and 6
sludge yroly thermal activation

2.2. Digestate and substrates

Digestate used for all AD tests which were conducted in University of Edinburgh was
obtained from a commercial AD reactor at Seafield Wastewater Treatment Plant
(WWTP) located in Edinburgh. The plant is capable of processing 300 million litres of
wastewater every day and producing up to 2300 Kw of sustainable electricity using a
combined heat and power plant and thermal hydrolysis. This WWTP consists of five
units, including settlement tank, primary and secondary tanks, thermal hydrolysis plant
(THP) and continuous stirred-tank (CSTR) AD reactors. The sludge fed to the AD
reactors was sourced from mentioned tanks and thickened to an 18-20% total

suspended solids (TSS) cake with the discharged effluent of secondary tank. The
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thickened sludge is then fed to the THP for sterilization and biological degradation at
high temperature and pressure conditions. The resultant sludge is diluted to roughly
10% TSS and used as a substrate for the CSTR. The CSTR digesters are operated at
mesophilic temperatures with a hydraulic retention time (HRT) of 22-28 days and
maintained at a constant volume by discharging the overflow digestate to a holding
tank. The discharged digestate is separated into a final cake ( 33% TSS) and liquor
which is returned to the primary tank. The thickened sludge and overflow digestate
were collected prior to each AD experiment and stored in sealed containers at 4°C

until required.

Digestate sample was collected from a farm-based AD plant at “Lehr- und
Versuchsanstalt fur Tierzucht und Tierhaltung e.V.”, Germany to be used in
experiments described in Chapter 4. The reactor handles two different sources,
including cattle slurry and maize silage (1:1 %/%) at 40+2°C. Cow slurry and maize
silage chips were used as substrates for the CSTR digesters, and these were also
obtained from the same site. The maize silage chip samples were ground and sieved
through a 2-cm mesh before storage. All samples were stored in sealed containers at

4°C for further use.
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Table 2-2. Experimental conditions used for anaerobic batch and semi-continuous

experiments.

TSS (%) VSS (%) ISR Biochar

Chapter Inoculum Substrate (gVSS/gVSS) Dosage

Inoculum Substrate Inoculum Substrate

Sewage sludge

1 0,
3 based digestate Activated sludge 2.51 3.05 72.9 90.4 2 0.1, 1.0%
2.42 75.5
(cow (cow 0.2%
i . Cow slurry, slurry); slurry); (batch);
4 Farm-based digestate maize silage 8.69 313 74.2 95.6 2 6.0%wt
(maize (maize (CSTR)
silage) silage)
5 Sewage sludge 5 ated sludge 251 3.05 72.9 90.4 3 2 gL
based digestate
Sewage sludge : 0.2, 0.5,
6 based digestate Activated sludge 2.51 3.05 72.9 90.4 2 1.0%wt

2.3. Thermal conversion methods and procedures

2.3.1. Pyrolysis

Pyrolysis of the mixture of hardwood pellets and digestate at ratio of 1:1 (% wet mass)
was conducted by external company at the ATB, Germany. The pyrolysis was carried
out using a Pyreg pyrolysis unit (Pyred-500 III, with annual production of 250 t biochar)
with consist of a cylindrical furnace and a combustion unit. During the pyrolysis, the
reactor was powered by an electric motor and heated constantly to 500°C. Due to the
configuration limitation of this pyrolysis unit, no inert gas was purged during pyrolysis
process. Noticeably, small amount of oxygen might be trapped in the reactor during

operation, potentially leading to thermal oxidation of the feedstock. The resultant solid
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products were collected in a cyclone and syngas was channelled into the combustion

chamber and burned by preheated combustion air though flameless oxidation.

2.3.2. Hydrothermal carbonization (HTC)

Hydrothermal carbonizations of rice husk, wheat straw pellets, oilseed rape pellets
and alkali lignin were conducted at the ATB, Germany. Hydrothermal carbonization
were carried out using a stirred pressured reactor (Parr model 4520, Moline, IL, USA)
with a capacity of 1 litre working volume. A Parr controller (model 4848, Moline, IL,
USA) was used to monitor the operation temperature and pressure. The HTC unit
consists an external resistance heater and internal sensors. HTC reaction was
conducted at 250°C to obtain larger surface area and higher porosity (Dieguez-Alonso
et al., 2018). Also, the selection of only 250°C was due to the facts that at intermediate
temperature ranges from 250 to 374°C, the hydrothermal conversion process is
defined as hydrothermal liquefaction and the predominant product is liquid fuel known
as biocrude (Elliott et al., 2015). The heating rate was set at 2 K min"' and constant
stirred at 90 rpm. It usually takes 3 hours to reach reaction temperature from 50 to
250°C. After HTC, the heater was turned off, the heating jacket was removed. The
reactor was immersed in a water bath and cooled to 50°C or below before opening.
The slurry was filtered through filter paper (ROTH type 113P) for 30 min. The resulting
hydrochar was dried at 60°C overnight and stored in sealed containers until further

uses.

The yield (S% on the dry basis) of hydrochar/biochar and carbon recovery (%)

calculated by the following equations:

57 University of Edinburgh



hydrochar / biochar (g) (6)
feedstock (g) ’

S (%) =

SXCchar

C recovery (%) = x 100% (7).

Cfeedstock
Where,
Cchar = the carbon content of hydrochar/biochar;

Creedstock = the carbon content of biomass feedstock.

2.3.3. Modification of biochar

The standard biochars (UKBRC, University of Edinburgh) derived from rice husk and
sewage sludge were used to produce magnetic biochars. The iron doping modification
was prepared by following the impregnation and activation procedure described by
Park et al. (2018). Iron-doping modification of the standard biochar samples was
conducted as described in Chapter 6 in order to achieve magnetization of biochar and
alter the physiochemical properties of the pristine biochars. In brief, biochar was
impregnated with ferric chloride hexahydrate (97% w/w, Sigma Aldrich) in a 5% Fe-to-
biochar ratio, and the mixed solution was agitated at room temperature for 2 hours.
The Fe-impregnated biochar was dried at 60°C overnight. The dried samples were
then loaded to the reactor tube and activated at 550°C for 20 min. The resulting solids

were collected and stored in a sealed glass vessel until further analyse.

The thermal activation was conducted using a lab-scale pyrolysis unit (UKBRC Stage
I) comprised of a vertical quartz tube static bed reactor of 50 mm inner diameter and
200 mm sample bed depth with capacity of up to 100 g biomass (Crombie, MaSek,
Sohi, Brownsort, & Cross, 2013). The pyrolysis unit was heated by a 12-kW infrared
gold image furnace with a proportional-integral-derivative (PID) controller (ULVAC

RHL-P610C, ULVAC, Methuen, MA, USA), with temperature control based on a
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thermocouple inserted 10 mm from the inner surface within the test sample. The
testing sample were charged to the reactor tube before assembling the whole pyrolysis
unit and pre-purged with nitrogen gas for 10 mins. The nitrogen gas was injected
through the bottom of the reactor tube in order to ensure an oxygen-absence condition
during the pyrolysis. These purged nitrogen gasses were also used as an inert carrier
gas passing through volatiles and syngas through a series of condensation vessels at
a steady flow of 0.33 L/min. The condensation stage consists of four units or ‘heat
traps’ to obtain four fractions of syngas at decreasing temperature increments from
240 to 120°C. The heat traps were heated using heating tapes to prevent blocking of
the glass tubes due to excessive condensation of pyrolysis vapours, while the first cold
trap was cooled by constant externally waterflow and the following two cold traps were
cooled with a mixture of acetone and liquid nitrogen at temperatures ranging from -
30°C to -60°C. LabVIEW software was used for monitoring variations in temperature
and pressure. After activation, the heater was switched off and cooled naturally to
room temperature before opening. For this project, only the resulting biochars were

collected and analysed.

24. Characterization of Char materials

2.4.1. Surface functional groups

The standard and modified biochars and hydrochars were analysed using Attenuated
Total Reflectance-Fourier-transformed infrared (ATR-FTIR) spectroscopy to identify
the surface functionality. The surface functional groups on a material determined by
FTIR analysis is based on the absorbance of infrared light at various wavelengths.
Prior to spectral acquisition the dry sample were grounded to fine powder by using a

ball mill (MM200; Retsch, Castleford, UK). The same milling technique was used for

59 University of Edinburgh



all samples to minimize variation from this source. The resulting powder was stored in

a glass vessel until required.

FTIR spectra was recorded using a Bruker Vertex 70 spectrometer in the region of
4000 to 600 cm™, for 512 scans at a resolution of 4 cm™'. Scan times were 1 s, and 5
— 10 accumulations were collected to obtain reasonable signal-to-noise ratio. The
spectrometer equipped with a platinum ATR accessory connecting to a diamond
crystal. 1 ug of finely powdered samples were placed on a glass slide and covered the
surface of diamond crystal, ensuring that the entirely of the crystal was covered. In
order to ensure the effervescent ATR wave penetration, sufficient sample was
employed to achieve the minimum crushed thickness of 5 um. A background spectrum
was collected on the clean diamond crystal before each sample measurement.
Absorbance was measured using a DLaTGS detector under room temperature (20 +
2°C). The crystal stage and glass slide were cleaned with acetone and air-dried
between samples to reduce any potential erroneous spectral features. Spectra were
recorded and processed using OPUS software (version 7.0, Bruker) and exported in
CSV format. Each spectrum was presented in the absorbance form. Assignment of
the peaks in each spectrum to a chemical formula was based on the absorbance value
(-log(R/Ro), where R is the reflectance of the sample and Ry is the reflectance of the

background) and compared to the standard value.

2.4.2. Crystalline phases
Standard biochar and magnetic biochar samples were further analysed using x-ray
diffraction (XRD) crystallography as described in Chapter 6 in order to determine the

effects of iron-doping modification on the crystalline phases in the samples. The
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presence of crystalline components was determined according to their resonance in
the presence of X-rays at varying incidence angles. Prior to XRD analysis, all biochar
samples were finely ground to a homogenous powder using an agate pestle and
mortar. A Bruker D8 Advance diffractometer was used for the analysis though CuKa
primary radiation generated at an accelerating voltage of 40 kV. 1 g of powdered
sample was placed in a plastic disc and scanned in a range of 2-60° 26. The dwell
time was set to 1 s/0.01 206 to ensure the sufficient diffraction. The diffracted X-rays

were recorded by a Sol-x energy dispersive detector.

2.4.3. Proximate analysis

Prior to proximate analysis, biochar samples were finely milled to a homogenous
powder. Digestate sample was freeze-dried and grounded to powder using an agate
pestle and mortar. Thermal gravimetric analysis (TGA/DSC 1; Mettler-Toledo,
Leicester, UK) was used for the proximate analysis of biochar samples and
corresponding digestate samples. The procedure was used as follows: approximately
10-15 mg sample was loaded in a ceramic crucible and purged with nitrogen gas for
10 min inside the furnace to remove oxygen. The sample was heated for 10 min at
105°C to determine moisture content. The temperature was then increased to 900°C
at 25°C min' for a further 10 min to determine volatile matter. The nitrogen gas
flowrate was kept at 50 mL min™' in both steps. For the final step, the sample was
combusted at 900°C for 15 min in an air atmosphere for oxidation of remaining carbon
content. Fixed carbon was determined by subtracting moisture, volatile and ash value

on a weight basis.
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2.4 4. Ultimate analysis
The elemental composition in magnetic biochar sample was determined by the
ultimate analysis. An elemental analyser (Flash 2000; CE Elantech Inc, Lakewood)

was used for determining C, H, N, O and S concentrations in biochar.

2.4.5. Heavy metal concentrations

Magnetic biochar was further analysed using inductively coupled plasma optical
emission spectrometry (ICP-OES) in order to determine the total metal concentration.
Prior to ICP-OES analysis, the biochar sample was prepared by following a ‘modified
dry ashing’ method described by Enders and Lehmann (2012). The preparation
method was adjusted to improve the quality of ICP-OES analysis by yielding a higher
elemental concentration (Buss et al., 2016). In detail: biochar sample was heated for
8 h at 500°C and cooled to room temperature. The sample (roughly 10 g) was then
placed in a steam bath with 5 mL of HNO3 (70% concentration; analytical grade, Fisher
Scientific) and removed moisture. A mixed solution contained 1 mL HNO3 and 4 mL
H202 (30% concentration; analytical grade, Fisher Scientific) was then added to the
dried sample. After drying, 2 mL HNOs3 solution was added to dissolve the resulting
solids. The resultant solution was filtered to remove particles and diluted with
deionized water to achieve 50 mL final volume. Control without biochar were also
prepared by following the same method. Notedly, the high-temperature chemical pre-
treatment would result in a potential loss of elements such as As and Hg during the
process (Bridle, Hammerton, & Hertle, 1990). Therefore, this method limits to analysis
focusing on elements with low boiling points. An ICP-OES (Perkin Elmer Optima
5300DV) was used to determine 20 elements in the digested sample, including A, B,

Ca, Cd, Co, Cr, Cu, Fe, Hg, K, Mg, Mn, Mo, Na, Ni, P, Pb, Se and Zn. The element
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concentration in digested sample was determined by comparing their intensities to
intensities of an internal standard derived from the ICP multi-element standard solution
VI (Certipur®, Merck) and converted into mg L. The concentration in biochar was
further converted into mg Kg-' using the origin mass and the solution volume. The limit
of detection (LOD) was also measured by using 10 mL deionized water as blank. The
standard deviation of intensities in blank was used to determine the slope of the
calibration and calculated for the solution in mg L-'. Analysis for each sample was

conducted in triplicate.

2.4.6. Analysis of water-related and pressure functionated electrical conductivity
2.4.6.1. Water-related electrical conductivity

Electric conductivity (EC) of biochar sample was obtained according to Rajkovich et
al. (2012). Briefly, 1 g of finely ground biochar was loaded in a centrifuge tube with
20 mL deionized water and shaken for 1.5 h at 150 rpm on a bench-top shaker to
ensure sufficient equilibration between solution and biochar. Water-related EC was
then determined with a Hach HQ40d portable meter connected to a conductivity

probe (CDC 401).

2.4.6.2. Pressure-related electrical conductivity

Electrical conductivity in functions of pressure was measured using a 2-point probe
method (Gabhi et al., 2017; Giorcelli and Bartoli, 2019). It should be noted that contact
resistance may cause uncertainty and must be eliminated from the total resistance
(Gabhi et al., 2020). It is achieved by gradually reducing the thickness of a sample and

measuring the resistance of samples of different thickness. The resistivity was derived
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from the slop of the linear relationship (Rint) between the measured resistance (V) and

sample thicknesses (L) (Cristiani et al., 2020).

Rine =5, (8)

The measurement chamber was composed of two copper parts, 11.5 mm in diameter
and 40 mm in length, encapsulated in a plastic cylinder with an outer diameter of 41
mm. The inner diameter of plastic cylinder is slightly higher that allows the two rods to
slide inside the cylinder. The plastic cylinder was firstly placed on the top of the lower
rod, which formed an internal chamber to locate biochar sample. The upper rod was
positioned on the top of biochar sample to close this chamber. Conductive probes
were mounted inside the copper rods which used to connect to a multi-meter. The
electrical resistance was measured at increasing loads by a compression machine
(Instron universal testing system) with a loading head of 500 N. The loading rate was
set to 1 N/s to ensure sufficient time to obtain a stable reading according to ASTM
standard C695-2010. The movement of the loading head was recorded by the
compression machine in mm and second units. The multi-meter used was TECH 72-
7720 with three outlets connected to the conductive probes. The electrical resistance
value was recorded only after a stable reading was achieved. The resistivity (P) was
calculated from the measured resistance | against the area of the rods contact and the
distance between the rods (Equation 9), which converted to the electrical conductivity

(S) by equation 10.

Where,
R = electrical resistance (Q);

A = area of the sample (m?);
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L = height of the sample (m);

S = electrical conductivity (S/m).

2.4.7. Acid-base titration

The dissociation property and concentration of acid-base groups of biochar was
determined via acid-base titration following studies of Silber et al., (2010) and Chen et
al., (2015). A batch titration method was used in this project. In brief, biochar sample
was finely grounded and sieved through 0.25-0.5 mm. A given amount of the resultant
sample (115.0 mg) was weighed and placed in a 23.5 mL glass vial. Then, 11.5 mL
NaOH solution (0.05 mol L', analytical grade reagent, Sigma Aldrich) was added to
the vial. The mixture was added 0-11.5 mL of 0.119 mol L-' HCI solution (Sigma Aldrich)
to achieve different pH levels, and followed by adding different amount of deionized
water to reach a final working volume of 23.0 mL. The mixture was incubated and
horizontally shaken at 110 rpm on a bench-top shaker at 25°C under light restriction
condition for 5 days. After incubation, the sample was centrifuged at 3,000 x g for 10
minutes to separate solid and liquid phased, and measured by an Orion 3-star

benchtop pH meter (Thermo Fisher Scientific, USA).

2.4.8. Water-extractable dissolved organic carbon and total organic carbon

The extraction of dissolved organic carbon (DOC) was performed according to Liu et
al., (2019). In brief, 100 mg of the char products were mixed with 10 mL of deionized
water, and the suspension was shaken at 30 rpm for 7 days at room temperature (20
+ 1 °C). Aluminium foil was used to wrap the container avoiding light exposure. Then,
the suspensions were filtered through a 0.45-um syringe membrane and further

centrifuged at 10,000 x g for 10 min to remove the colloidal biochar particles. The
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supernatant was then collected and defined as DOC here. All the DOC samples were
diluted 20-fold with deionized water to meet the detection limits. The DOC
concentrations were measured by a Shimadzu TOC-V¢pn TOC analyser (Shimadzu,
Japan). The blank samples with only deionized water was also analysed and used for
correcting the DOC concentrations of each sample. All the DOC samples were further
analysed by a Varian Cary 100 scan UV-visible spectrophotometer (Varian, USA)
between 200 to 800 nm. The blank samples were measured prior to each DOC sample
serving as a correction of the UV-vis absorbance spectra. The E2/E3 ratio was used
to estimate aromaticity and molecular weight (Peuravuori, 1997). It was calculated by
absorbance at 255 nm divided by absorbance at 365 nm, and defined as the decadic
absorption coefficient (a, cm™"). Meanwhile, the spectra slope coefficients between
275-295 nm were determined by fitting the absorption spectra to the slope of Napierian
absorption coefficient. The Napierian absorption coefficient was calculated according
to Helms et al. (2008).
a= A/L(11);
a = 2.3034/L (12);
@ = ay,e” 5?1 (13);
SR = S375-295/5350-400 ( 14).
Where,
a = absorption coefficient (m-1);
A = the UV-vis absorbance;
L = the path length (m);
Ao = the reference wavelength;
S275-205 = the absorption spectra slope at 275 and 295 nm;

Sas0-400 = the absorption spectra slope at 350 and 400 nm.
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2.4.9. pH measurements

The pH measurement was conducted according to Rajkovich et al.(2012). Briefly, 1 g
of biochar was added to 20 mL deionized water, and the suspension was shaken at
150 rpm for 24 hours to achieve equilibrium. Then the mixture was filtered to separate
solid and liquid phases. The filtrate was measured by an Orion 3-star benchtop pH

meter (Thermo Fisher Scientific, USA). These analyses were performed in triplicates.

2.4.10. Mass specific magnetic susceptibility

The mass specific magnetic susceptibility was analysed to determine the capacity of
separating magnetic particles from the liquid phase in functions of the magnetic
properties (Masek et al., 2020). In this project, the mass specific magnetic
susceptibility of magnetic biochar was measured using a magnetic susceptibility meter

set at 4.6 kHz.

2.4.11. Ammonium adsorption

To investigate the ammonium adsorption ability of the biochar samples, 2 g of each
biochar was added to a 45 mg L' NHs*-N solution of 200 mL (ammonium nitrate,
analytic grade reagent, Sigma Aldrich), and the vial was shaken at 25°C for 24 hours.
The resultant solution was filtered through a 0.22 ym syringe filter and measured by a

continuous flow analyser to determine the ammonium concentration.

In order to determine the thermodynamic and dynamic properties of NH4* on biochar,
adsorption kinetics analysis was investigated by adding 2 g biochar to a 500 mL glass
flask contained 200 mL ammonium solution (45 mg L' NH4*-N). The mixture was

shaken horizontally at 110 rpm on a bench-top mechanical shaker at 25°C. A given
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amount of sample (5 mL) was withdrawn from the mixture at different time intervals,
such as 0.5, 1, 2, 3, 4, 6 and 24 hours. The suspension was then filtered with a 0.22
gm membrane filter, and the supernatant was retained. The adsorption amount of
NH4*-N per unit mass of biochar in functions of duration was calculated by the

following equation:

Q= T (15).

m
Where,
Q: = the amount of NH4* adsorbed at a given time interval (mg g'");
Co = the initial concentration of NH4*-N solution (mg L);
Ct = the NH4*-N concentration of the sample at time t (mg L™");
V = the volume of the ammonium solution (L);

m = the weight of biochar sample (g).

In order to examine the maximum adsorption capacity of the biochar sample to
ammonium ion, adsorption isotherm tests were performed by adding biochar sample
(0.4 g) to a 50 mL centrifuge tube containing 40 mL of ammonium solution with
different initial concentration (5, 10, 25, 50, 100 mg L"). The mixture was then shaken
at 110 rpm in a bench-top shaker for 24 hours at 25°C, and filtered with 0.22 ym
membrane filter. Ammonium concentration in the supernatant was determined by a
continuous flow analyser. The adsorption capacity was calculated by the following
equation:
Q. = (16).
Where,
Qe = the equilibrium adsorption capacity of NH4*-N (mg g™');
Co = the initial ammonium concentration (mg L™");
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Ce = the ammonium concentration at equilibrium (mg L™);
V = the solution volume (L);
m = the weight of the biochar sample (g).
Pseudo-first-order, pseudo-second-order and intra-particle diffusion models (Wang
et al., 2020) was used to evaluated the adsorption kinetic data in this project.

—kqt
Qr = Qe X (1 — e2303) (17);

t 1 t 1 t
LA S A SLNELY
Q k2Q¢ Qe Vo Qe ( )

0, = kytz + C (19).
Where,
Qe = the equilibrium adsorption capacity of ammonium (mg g™*);
Qt = the amount of adsorbed ammonium ion (mg g');
k1 = a pseudo-first-order constant (min');
k2 = a pseudo-second-order constant (min');
kd = an intra-particle diffusion rate constant (g/mg/h"?);

C = a constant.

The results of adsorption isotherm experiment were fitted to Freundlich, Langmuir

Temkin isotherm models using the following equations:

Qe = {2t (20);

1+k;Ce
Qo = kpCon (21);

0. = ZLind, +Zinc,(22);
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Where,
Qm = the maximum sorption capacity of ammonium ion (mg g™');
k. = the Langmuir adsorption constant (L mg™);
ke = the Freundlich adsorption constant (mg'-'"L'rg");
n = the Freundlich linearity constant;

At = equilibrium binding constant (L/mg).

2.5. Anaerobic digestion experiments

2.5.1. Batch AD experiments

Batch AD experiments were performed as accordance with the “VDI 4630 —
Fermentation of organic materials Characterization of the substrate, sampling,
collection of material data, fermentation tests” standard (Helffrich & Oechsner, 2003).
The digester consists of a 100 mL glass syringe with 20 mL working volume (Figure
2-1). Each syringe was sealed with stopcocks to guarantee the anaerobic condition
and allow access to biogas and digestate sampling. The air-tight condition was also
ensured by inserting a silicone-grease-coated plunger. The syringe digesters were

placed in a desktop shaker and incubated under mesophilic condition (37+2°C).

Silicone layer

\ Scale
SR l/ \
Opening for
/ [TTTTTTTTTPII —>sampling
%

/ \

Plunger Substrate Glass syringe Stopcock

Figure 2-1. Schematic diagram of syringe digester.
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2.5.2. Semi-continuous AD experiments

In this project, the continuous stirred tank bioreactor was used for determined the
effects of biochar on anaerobic digestion performance and system stability. This
digester was selected due to larger volumes are more appropriate to stimulate the
realistic operation conditions (Pearse et al., 2018). It also provided efficient
homogenization of the entire digestate and facilitated dispersion of intermediates and

any end products by adequate mixing (Kariyama et al., 2018).

gasholder
excess pressure gas
0 A ? analysis

substrate supply

removal of
Y digestate / sampling

heat exchanger

(5 e— e o |

Figure 2-2. Schematic diagram of CSTR reactor.
All continuous feeding experiments described in Chapter 4 were carried out using
CSTR reactor. The digesters consist of a 10 L stainless steel cylinder with 8 L working
volume. Each digester was coated with a heating jacket which connected to a water
bath. Agitation was performed using a paddle rotating at a rate ranging from 100 to
200 rpm, powdered by a geared motor drive unit which was installed at the top of the
reactor. This system also equipped with a drum-type gas meter (Ritter, Germany)
which consisted of an engine oil filled U-tube and a counter to measure gas production.

Biogas was collected by a 40 L gasbag (Sigma Aldrich, Germany) connecting to the
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gas meter. The total working volume in each digester was retained at 8 L by

withdrawing daily through the sample port fitting in the bottom of the reactor.

Prior to continuous feeding operation the reactors were operated without feeding for 7
days. In the adapting period, no substrates were added in order to enrich the biomass
in methane producing microorganisms and to prevent foaming, a method that has
been widely adopted (Dareioti & Kornaros, 2014). The operation was subsequently
switched to continuous mode to deliver the hydraulic retention time (HRT) of 14 days.
This HRT were selected to keep clogging minimal and performance relatively good.
At the same time, biochar was introduced into three of the four CSTRs at a ratio of 6%
w/w. The reactor without biochar supplementation was used as a control. The starting
organic loading rate (OLR) was 3 gVS L' per day. For the biochar-treated reactors,
biochar was added five times a week to maintain consistent biochar concentrations.
At the same time of each day, the reactors were opened to discharge digestate and
feed fresh substrate. The CSTRs were maintained under mesophilic conditions

(37+1°C) by heating using a hot water batch.

2.5.3. Chemical analysis of gas and digestate samples

2.5.3.1. Total suspended solids and volatile suspended solids

Total suspended solids (TSS) and volatile suspended solids (VSS) were measured by
following standard methods (Gilcreas, 1967). Briefly, samples of digestate (20 g) were
weighed in ceramic crucible and heated to 105°C for 24 hours in a Universal Oven
(Memmert). The dried samples were then weighed and heated at 550°C for 2 hours

until achieving a stable final weight. The resultant solids were transferred to an air-
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tight glass vessel and weighed after cooling down. The TSS and VSS values were

calculated by following equations.

%TSS — Wio05—Wcrucible * 100 ( 23 ),

Winitiai=W crucible

%VSS — Wsso0—W crucible * 100 ( 24 )

Wi0s—Wcrucible

Where,
Werucible = the weight of empty crucible (mg);
Winitial = the weight of wet sample and crucible (mg);
Wios = the weight of dried residue and crucible after drying at 105°C (mg);

Wss0 = the weight of residue and crucible after ignition (mg).

2.5.3.2. Biogas and biomethane monitoring

In this project, methods used for determining the rate and volume of biogas and
biomethane include volume displacement and gas meter. In case of volume
displacement, the overpressure inside the syringe reactors pushed the plunger until
achieving a balance in the pressure build-up to the atmospheric pressure. The volume
of biogas was read off the syringe in mm and converted to standard temperature and
pressure as described by Wirth and Mumme (2014). The major advantage of this
method was that the carbon dioxide solubility and oxygen access can be kept to a
minimum. In the gas meter method, it was only used for monitoring gas production
from the CSTR digesters. The headspace pressure build-up inside the reactor was

converted by a pressure transducer equipped in the gas meter and recorded in L.

Methane production was monitored by two methods: biogas composition analysis and
liquid replacement. In Chapter 3-5, the methane in biogas obtained from syringe
digesters was measured using an Advanced Gasmitter® digital infrared methane
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analyser (Pronova) when biogas volume reached to detection limits (=20 mL). The
methane, carbon dioxide and hydrate sulphide concentrations in biogas generated
from the CSTR reactor were determined by using a NIR sensor (University of
Hohenheim, Germany). This equipment was selected due to it was more suitable for

larger volume (>1 L).

In the liquid displacement as used in Chapter 6, the methane concentration was
measured by absorbing carbon dioxide in an alkaline liquid as described by Pham et
al. (2013). The method was adjusted to suit the small quantity of biogas produced from
syringe digester in order to improve the final methane concentration analysis. Briefly:
about 20 mL 0.5 M KOH solution were filled in a 50-ml glass syringe which equipped
with a stopcock. This syringe was further added with a 0.2 ym PTFE filter (Cole-
Parmer) and connected to the digester. Biogas was then injected through the liquid
and filled the syringe. Then, the adsorption occurred due to KOH solution can absorb
CO2 and H2S, and caused a reduction in gas volume in the measuring syringe. The
different between initial and final volume corresponded to the wet methane. The dry
methane production was obtained in terms of standard temperature and pressure by

following equation:

(P—Pwater)*To ( 25 )
PoXT

Vary = Vwer X
Where:
Vwet = the gas volume as read off (mL);
P = the pressure of the gas phase during measurement (hPa);
Pwater = the vapour pressure of water as a function of the ambient temperature

(hPa);

Po = the standard pressure (1013 hPa);
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To = the standard temperature (273°K);

T = the incubation temperature at the time of reading (°K).

2.5.3.3. Kinetic study of gas production
To quantitatively analyse the production of methane in different treatment, the
modified Gompertz and logistic function models were used to fit the cumulative

biomethane data (Rana, Bhushan, & Prajapati, 2020).
RmaxXe
M = P X exp{—exp [P—( to—t)+1]}(26);
0

M = r  — (27).

1+ exp (4*Rmax*%+2)

Where,
M = biomethane production (mL/g);
P = CHa4 production potential (mL/g);
Rmax = the maximum CH4 production potential (mL/g);
A = the lag phase (days)
t = duration time (days);
e =2.718281828.

All parameters were fitted via GraphPad Prism software (Prism 9, USA).

2.5.3.4. Analysis of volatile fatty acids (VFAs) concentrations

A given amount of digestate sample (0.5 yL) was centrifuged with a bench-top 1-15
Microfuge (Sigma Zentrifugen) at 18,000 X g for 15 minutes to separate the solid and
aqueous phase. The supernatant was then filtered with a 0.2 ym PTFE filter (Cole-
Parmer) and acidified with 100 uL 10% phosphate acid (Sigma Aldrich). The resultant
solution was added with 250 pL of internal standard solution (2-ethlybutyric acid

1:1,000 in deionized water). Then, 450 uL deionized water was added and vigorously
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mixed with the resultant solution. Calibration solution was prepared by adding 200 pL
standard VFAs mix (Merck) which consisted of acetic acid, butyric acid, formic acid,
heptanoic acid, hexanoic acid, iso-butyric acid, isovaleric acid, 4-methylvaleric acid,
propionic acid and valeric acid in 320 uL deionized water. The diluted solution was
then acidified using 80 uL 20% phosphate acid and added with the internal standard

(200 pL). These solutions were stored at 4°C until required.

The determination of VFAs was performed by using a gas chromatograph (HP 5890
II). In brief, 1 yL of the solution was injected into the split injector at 250°C using an
autosampler. Then, analytes were separated by a Permabond FFAP column (30 m X
0.32 mm X 0.5 um film thickness) with helium flow of 1 mLmin-'. The GC oven was
preheated at 50°C for 5 minutes and increased to 250°C at a heating rate of 10°C min-
'. Detection was conducted using a flame ionization detector at 1 scan s in the range
between 29 to 450 m/z. Quantification was performed by integrating characteristic ions
obtained from total ion chromatograms and normalizing peak areas with the area of
the internal standard. The integration analysis was conducted with Chrome statistical
software. The concentration of each VFAs was converted into mg L. In order to
eliminate errors generated during method development, blanks with only reagents
were also analysed and used for calculating critical VFAs values for digestate samples.
The final VFAs concentration (V) was calculated by following equation:
V=V, XV, xR (28).
Where:
Vo = The VFAs concentration obtained from the integration (mg L");
Vi = the concentration of internal standard (mg L");

R = dilution ratio of digestate sample.
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2.5.3.5. Analysis of ammonium concentration

Prior to analysis, the digestate sample was centrifuged at 18,000 x g for 10 minutes to
separate solid and liquid fractions. The supernatant was filtered with a 0.45 ym PTFE
filter (Cole-Parmer) and diluted with deionized water until achieving detection limits.
Calibration solution was prepared from ammonium sulfate (analytical reagent grade)
at a concentration of 10 mmol L-'. Orthophtaldiadehyde (OPA) solution was prepared
by adding 2 g standard OPA in 50 mL of ethanol (Sigma Aldrich) and vigorously
shaking until completely dissolved under dark conditions, and stored in a glass vessel
at 4°C. Borate buffer solution was made from disodium tetraborate decahydrate at a
concentration of 3 g L" and filtered using a 0.45 ym membrane filter (Whatman®), and
stored in a polyethylene vial at the room temperature. Sulfite solution was also used

as a supporting reagent which made from 8 g L' sodium sulfite.

The determination of ammonium concentration was conducted using a continuous
flow analyser (SEAL analytical AACE 6.07). This instrument consists five channels
including a sampler, a pump, five-reagent mixing, a heating bath and photometers. It
should be noted that this instrument only measures nutrients at low concentration
levels (um). The method used in this project was based on the reaction of OPA and
sulfite following by Kérouel and Aminot, (1997). In brief, the sample was run at a
sampling rate of 20 mL per hour and a sample-to-wash ratio of 1:1. The nitrate channel
equipped with a bubble segmentation to remove oxygen from the airflow using an
oxygen absorber (activated iron, Sigma Aldrich). The sample was then reacted with
OPA in the presence of borate buffer and sulphite solution at 75°C. Consequently, this
reaction resulted in the generation of fluorescent species, and measured by a fluor-

monitor with a 460 nm fluorescence lamp and a 370 nm excitation filter. The output of
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the fluorometer was then converted proportionally to the ammonium concentration (mg

L)

Total Kjeldahl nitrogen (TKN) is the sum of organic nitrogen and ammonia. The TKN
in digestate was measured after Kjeldajl nitrogen digestion using re-dosed reagent
cuvettes (Hach) (Behera, 2006). Briefly, inorganic and organic nitrogen are oxidized
to nitrate by digestion with peroxodisulfate. The nitrate ions react with 2.6-
dimethylphenol in a solution of sulfuric and phosphoric acid to form a nitrophenol.
Oxidized forms of nitrogen in the original sample are determined in second vial and
subtracted and measured spectrophotometrically on a DR5000 Spectrophotometer
(Hach) which reads the cuvette barcodes, selects the necessary wavelengths and

calculates the desired test parameter.

2.5.3.6. Other chemical analysis

After fermentation, the digestate sample was analysed for pH using an Orion 3-star
benchtop pH meter (Thermo Fisher Scientific, USA). The digestate sample was freeze
dried and ground to finely powder, and stored at room temperature until required for

proximate analysis.

2.6. Statistical analysis

Statistical comparisons between groups, such as in the gas volume and composition
analyses, were made using the t-test function in GraphPad Prism version 9.4.1
(Motulsky, 2003). The tests were two-tailed, assuming a heteroscedastic distribution
of values, such as larger averages will produce larger errors than smaller averages.

Standard deviations were calculated using the Microsoft Excel STDEV function.
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Adsorption kinetic, adsorption isothermal, and kinetic model of biogas production
(modified Gompertz) analyses were done using the GraphPad Prism Data Analysis

function.
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3. Adsorption mechanisms of ammonium to biochar derived
from rice husk and wheat straw pellets and their
applications in anaerobic digestion of municipal sewage
sludge

3.1. Introduction

Biological treatment process in wastewater treatment plants (WWTPs) mainly
comprises two approaches, namely wastewater treatment for removing organic
carbon and nutrients, and the sludge treatment for disposing waste activated sludge
(WAS). Biological treatment offers several advantages such as lower chemical and
energy requirement while achieving satisfactory removal efficiency and higher
economic feasibility compared to chemical treatment methods. Meanwhile, nitrogen
compounds mainly exists in the form of ammonium in the wastewater, and derive from
wastewater influent and anaerobic fermentation liquid received from WAS treatment.
Studies have shown that the concentration of ammonium ion in domestic wastewater
can be up to 200 mg L™, of which organic nitrogen accounts for 60% of the total (Tang
etal., 2019; Cheng et al., 2020). In addition, the concentration of ammonium inevitably
causes the presence of free ammonia (NH3) and unionised form of ammonium (NH4").
For instance, a typical anaerobic fermentation liquor from WAS treatment with
ammonium concentration of 1.0-2.0g/L (pH=7.5-8.6) at 33°C led to an FA
concentration of 30-560 mg/L. Hence, high ammonium wastewater needs to be
properly treated due to its potential risks to human health and water body via
eutrophication (Britto, 2002; Sui, 2016). Current treatment of the nitrogen-rich
wastewater are mainly comprised of nitrification and denitrification of the nitrogen
compounds. This method requires high energy inputs and high operational costs,
where the aeration for nitrification alone occupies up to 50% of total energy and 60%

of the capital cost (Foley, 2010; Ledezma, 2015). In addition to that, a substantial
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chemical supplements are needed as acting as the electron donor in the nitrification-
denitrification process. Therefore, it implies a high affinity towards ammonium, high
removal efficiency, low-cost, simplicity of application and operation as well as

environmental friendliness.

Biochar is a carbon-rich product from the thermal decomposition of various types of
feedstock, including agricultural residues, sewage sludge and animal manure under
oxygen absent condition. Great interest has shown on using biochar to remove
ammonium from liquids due to its unique physiochemical properties (Sarkhot, 2013;
Sika and Hardie, 2014; Salimova et al., 2020). Tang et al. (2019) demonstrated
biochar derived from anaerobic sludge at 450°C on ammonium removal efficiency in
municipal wastewater, and showed a 1.2 mg NHs-N/g ammonium removal capacity.
A higher ammonium removal efficiency (22.6 mg NHs-N/g) was also reported by Vu et
al. (2017) by using HNO3z-modified biochar derived from corncob at 400 °C. As such,
biochar produced from different feedstocks and pyrolysis temperature shows varied

adsorption strength.

Meanwhile, as aforementioned, anaerobic digestion (AD) has been extensively
applied to treat wastewater sludge due to its high potential for energy recovery,
promotion of sanitation, and provision of nutrient-rich fertilizers (Yellezuome, 2022).
Briefly, wastewater sludge is hydrolysed into volatile fatty acids (VFAs) and fermented
as methanogenesis precursor (Liu, 2015). In the meantime, nitrogen-rich substrates
such as proteins, urea, and nucleic acid are disintegrated and converted to ammonium,
therefore resulting a high degree of ammonium accumulation (Gonzalez-Fernandez,

2009). Wei et al. (2017) reported that ammonium concentration of anaerobic
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fermentation of sludge treatment could be up to 1.5 g/L, leading to a free ammonia
(FA) content of 70 mg/L at 33°C (pH=8). The presence of FA has been reported as a
strong inhibitor to hinder anaerobic digestion efficiency by decreasing the specific
microbial activities and reconfiguring the microbial community structure. Meanwhile,
the free ammonia and ammonium inhibition in AD have reported a huge disparity in
the inhibitory limits, ranging from 27 to 1450 mg FA /L and from 1.1 to 11.8 g/L of total

ammoniacal nitrogen (Capson-Tojo, 2020).

Several studies have reported using biochar as an additive in AD system to improve
biogas generation, methane concentration, and microbial enrichment (Cai et al., 2016;
Dang et al., 2016; Fagbohungbe et al., 2017b; Masebinu et al., 2019b). For instance,
Luo et al. (2015) investigated mesophilic AD of glucose with addition of biochar derived
from fruitwoods at 800°C and found biochar shortened the methanogenic lag phase,
and the maximum methane production rate increased by 86.6%. Shen et al. (2016)
reported that the addition of biochar derived from pine wood and white oak biochar at
500-700°C enhanced the activities of methanogenic microbial and reduced the CO-
content in biogas due to the honeycomb-like porous structure of biochar with desirable
chemical properties. However, the impacts of biochars on pH changes and ammonia-

ammonium shifts during AD process have not been fully understood.

This work aimed to investigate the influence of biochar physiochemical properties and
surface functionality on ammonium inhibition. The chemical state, composition, and
dissociation characteristics of the functional groups on the surface of biochar were
also be investigated using acid-base titration in this study. Their effects on the

anaerobic digestion of sewage sludge were also be explored.
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3.2. Results and discussions

3.2.1. Characterisation of biochar

Functional groups such as carboxylic and phenolic groups have been recognized as
the main sources of alkaline biochar derived at low temperature, presenting as
deprotonated conjugate bases (Fidel, 2017). However, carbonate groups greatly
contributed to the alkalinity of biochar made at high temperature (500-700°C) (Chen
et al., 2015b). In the meantime, oxygen-containing groups especially carboxyl groups
(CGs) on biochar surfaces have proven as the main ion-exchange sites by modulating
the uptake and release of nutrient ions in surrounding environments (Lee, 2010; Silber,
2010). Deprotonation and protonation of carboxyl groups can directly regulating the
pH buffering capacity of biochars, and surface charges from their dissociation are
related to the ability of biochar particles to disperse into water solution. An acid-base
titration curve can reveal pH-dependent proton exchange of acid-base groups with
water to indicate the dissociation property and content of acid-base groups (Jr, 2002;
Konkena, 2012). Hence, the chemical states, contents and dissociation properties of

carboxyl groups on tested biochar surface were analysed by acid-base titration.

Acid based titration curves of biochar and D.| water and the proton consumed curves
for biochar RH and WSP were determined as shown in Figure 3-1. The suspension
pH of WSP biochar decreased less than suspension pH of biochar as the amount of
HCI added increased, implying that WSP biochar had slightly higher buffering capacity
to protons. When the pH decreased from 10.0 to 8.0, the amount of protons consumed
by RH biochar was 1.2+0.07-fold larger than that of WSP biochar. These results are
in line with Shi et al. (2017) that biochar derived from rice straw consumed less amount

of protons than peanut stover biochar. The solid carbonates in anaerobic digestion
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reacted with protons at a wild range from 5-8 (Wang, 2017). The carbonates in biochar
was expected to react with protons in a similar manner. In our work, the inflection point
at pH 10.15 in the curve for the reaction of WSP biochar with protons verified the pH
range in which carbonates in the biochar consumed protons, while RH biochar showed
an inflection potin at pH 8.80. This implied that in the pH range of 8.0-10.0 carboxyl
groups on the biochars may not be the main contributors to the pH buffering due to
the acid dissociation (pKa) of carboxyl groups occurring at pH 5.0-6.0 (Chen, 2014).
Another possibility is that the oxygen-containing groups are gradually reduced with the
increase of pyrolytic temperature. Chen et al. (2014) suggested that for biochar
produced at 100-350°C, the acid-base groups dissociation directly controls the pH
buffering properties of biochar, and the resulting surface charges can regulate biochar
in nutrient retention and biochar particle dispersing properties. While for biochar
produced at 500-700°C, the effect of acid-base dissociation on organic matter

dissolution may be eliminated.
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Figure 3-1. Changes in biochar suspension pH as a function of the volume of 0.12

mol/L HCI added at the end of a 5 d equilibrium experiment.
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The point of zero charge (PZC) is an inherent electrokinetic property of biochar, which
can influence the adsorption process under certain pH conditions. The difference
between initial pH and differential pH (ApH) was plotted against the pHi, values , and
the pH at PZC (pHpzc) corresponded to the point of intersection in the resulting curve
(Figure 3-2). The pH values at the PZC were 9.34 for RH biochar and 10.89 for WSP
biochar. Our findings are consistent with literature pHp.c values of different biochars
(Table 3-1). The greater PZC values of tested biochar could be attributed to the
release of alkaline salts such as Na, K, Ca and Mg, from the feedstock during the
pyrolysis process, which could favour anionic adsorption (Ahmad, 2012). Meanwhile,
this also indicates that the biochar’s surface would be positively charged when the pH

of solution were adjusted to below each biochar’s PZC values.
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Figure 3-2. pH at PZC for RH and WSP biochar. Data are expressed as

meanztstandard deviations.
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Table 3-1. Comparisons of pHp.c values of difference biochars.

Biochar feedstock Pyrolysis Temp (°C) PHpzc Reference
wheat straw 550 7.8 (Liu et al., 2012)
Scrap papers 600 11 (Xu et al., 2020)

Date palm fronds 800 11.38 (Zubair, 2020)
waste
Peanut shell 500 9.93 (Wang et al., 2019)
Mango leaves 800 7.7 (Vyavahare, 2019)

FTIR analysis was performed to analyse the functional groups in tested biochars, and
the resulting spectra are shown in Figure 3-3. Peaks at 3400 cm™ assign to the
associated hydroxyl (O-H) stretching vibration peak or moisture molecules in both
biochar samples, which was attributed from carbohydrates in the biomass.
Furthermore, peaks at 910-650 cm™ correspond to the out-of-plane bending vibration
of C-H bond on the benzene ring substitution region which were also found in FTIR
spectra of both biochars. In addition, an asymmetric stretching vibration at 1628 cm-”’
represents a C-O or C=0 group on a benzene ring, which has seen in both biochar
sample; whilst this peak was more identified in biochar WSP. In addition, the
adsorption peak at 1383 cm™ is an in-plane flexural vibration of an aromatic -CHs
group on a benzene ring, appeared in biochar WSP. Beside, we saw an increasing
draft in the baseline at high wavenumbers in the spectra of biochar RH. Literature has
reported similar phenomena in the study of maize stalk and corn stover biochars

(Sharma et al., 2004; Zhu et al., 2015).
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Figure 3-3. FTIR spectra of biochar derived from rice husk and wheat straw pellets.

3.2.2. Adsorption analysis

Three different models of Langmuir, Freundlich and Temkin were used to describe
adsorption isotherms (Table 3-2 and Appendix Figure 2). The Langmuir model
assumes monolayer adsorption on homogeneous sites inside of the adsorbent, and
once a molecule occupies a site, no additional adsorption can occur there. While
Freundlich equation is used to describe chemical adsorption process onto the
heterogeneous surface (Gong, 2017). Temkin model assumes the adsorption heat of
all molecules decreases linearly with the increase in coverage of the adsorbent surface
(Piccin, 2011). The experimental data did not fit well with the Langmuir model, with the
R2 below 0.90, while fitted the Temkin best with R? of 0.9993 and 0.9994 for RH and

WSP biochar, respectively. It indicated that the adsorption of ammonium was mainly
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controlled by chemisorption by indirect sorbate/sorbate interactions (Al-Ghouti, 2020).
Therefore, the possible mechanism of ammonium adsorption on RH and WSP biochar
might be electrostatic interaction between ammonium and surface charge of biochar
(Kim, 2021). Meanwhile, the Freundlich isotherm model showed a higher correlation
coefficient for ammonium adsorption on WSP biochar, suggesting that the adsorption
of ammonium onto WSP biochar might be a process of multilayer adsorption.
Meanwhile, our findings shows that the tested biochar had a moderate sorption
capacity for ammonium. Hale et al. (2013) reported that the maximum adsorption
capacity of cacao shell and corn cob biochars were 0.24mg.g and 0.56 mg/g. Digested
sludge biochar had a 1.40 mg/g adsorption capacity for ammonium (Tang, 2019), while
the maximum adsorption capacity of wood biochar for ammonium were 44.64 mg/g
(Kizito, 2015).

Table 3-2. Adsorption isotherm parameters for tested biochars.

Langmuir Freundlich Temkin
Biochar
Ku Qmax (Mg g™ R? n Kr R? Ky(L/mg) R?
RH 4.66 0.069 0.901 1.04 0.254 0.9764 0.02177 0.9993
WSP 4.61 0.415 09139 0.88 0.218 0.999 0.020758  0.9994

It should be noted that biomass-based biochar without pre-/post-treatment might not
provide high adsorption capacity in acidic or neutral environments (Huang et al., 2018).
For example, researchers suggested that the maximum ammonium removal efficiency
of biochar derived from rice husk and other plant shells is under 40% (Kizito et al.,
2015; Wang et al., 2020). Activation and/or modification by metal ions and acids could

greatly enhance ammonium removal efficiency.
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Table 3-3. The adsorption capacity of ammonium of different biochars.

Biochar feedstock Modified methods NH4-N (mg/g) Reference
Hardwood shavings unmodified 5.3 (Sarkhot, 2013)
Thalia dealbata CO2 17.6 (Zeng, 2013)
Sawdust LaCls 4.1 (Wang, 2015a)
Phragmites australis CO2 4 (Zeng, 2013)
Cacao shell unmodified 0.24 (Hale, 2013)
Corn cob unmodified 0.56 (Hale, 2013)
Pitaya peel unmodified 2.65 (Hu, 2020)
Orange peel unmodified 4.71 (Hu, 2020)
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Figure 3-4. Adsorption of ammonium by biochar RH and WSP.

In order to investigate reaction mechanisms, the ammonium adsorption data were

fitted with kinetic model (pseudo second order model and intra-particle diffusion model)
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(Table 3-4 and Appendix Figure 1). The pseudo-second order did not fit well for RH
biochar with a squared correlation coefficient (R?) of 0.92 indicating more than one
steps might be involved in the adsorption process. Although the correlation coefficient
value of pseudo second-order kinetic curve for WSP biochar was 0.98, the
experimental Qe value did agree with the theoretical ones. It was interesting to find
that ammonium adsorption on both biochars were not fit the intra-particle diffusion well
throughout the entire process with squared correlation coefficient (R?) less than 0.90.

Table 3-4. Adsorption kinetic parameters for tested biochar.

Pseudo 15t order Pseudo 2" order Intra-particle diffusion

Biochar Kaifr

Ki Qe (Mmg/g) R? K2 Qe (mg/g) R? (malg/h™) C (mg/g) R?

RH -0.025 0.498 0.2516 5.144 0.929 0.9225 0.3503 0.2715 0.6252
WSP  -0.065 0.868 0.9143 1.345 1.708 0.9833 0.5364 0.4769  0.7956

The mechanism of ammonium adsorption onto different biochars was still not fully
understood due to it involved physical adsorption, interaction of functional groups, ion
exchange adsorption and several other approaches (Gong, 2017). To sum, the main
ammonium adsorption mechanisms on the tested biochar in this study was
chemisorption. Similar to other literatures, NH4*-N adsorption on biochar is greatly
influenced by oxygen-containing functional groups on biochar surface (Takaya et al.,
2016; Huang et al., 2018; Wang et al., 2020; Munar-Florez et al., 2021). Combined
with infrared spectra, the nitrogen atoms can be coordinated with the carboxyl and
hydroxyl groups on benzene ring, or amino groups on the benzene structure
substituted region (Pereira et al., 2015). Overall, biochar WSP showed a better
adsorption capacity for ammonium than biochar RH, indicating its potential as an

adsorbent for ammonium removal.

90 University of Edinburgh



3.2.3. Biogas batch experiments with addition of biochar

To evaluate the effect of biochar as a functional additive and to optimize the additive
dosage of biochar on anaerobic digestion of sewage sludge, the gas production and
methane content were monitored in a series of batch tests at different ammonium
concentration (1, 3, and 6 g/L) with different dose of biochar (0.1 and 1.0%wt). Of note
is that the biogas volume from the 1% test was lower than the detection limits of
methane meter (>20 mL) and therefore the biogas composition was only assessed at
day 11. The 2" test was conducted with the initial ammonium concentration of 3 g/L.
Methane content in biogas was monitored throughout the course of 2" experiment
with measurements taken at day 11, 25, 43, and 54. Moreover, additional ammonium
stress were introduced to the AD system at the beginning time in Test 3 by adjusting
ammonium concentration to 6 g L. The composition of biogas was measured at day

11, 25 and 43. All treatment groups were conducted in duplicates.

All the treatment groups from the 15! test started producing biogas from day 0, except
from reactor with addition of WSP biochar at a biochar dose of 0.1%wt showed a 1-
day lag phase (Figure 3-5). Meanwhile, with increasing biochar dose of 1.0%wt, WSP
biochar-amended reactor achieved maximum daily biogas production (0.20 mL/g/d),
which was 3-fold higher than the control groups (0.07 mL/g/d). The daily biogas
production for most of treatment groups showed a slight fluctuation in the first two days
and followed by a sharp decrease by day 9, which suggested that during this phase,
the microorganisms in these reactor went through an acclimated duration. Considering
that the source of seed inoculum came from an AD unit with municipal wastewater
sludge as substrate, great change of substrate characteristics likely caused the

microbial succession in initial stage of operation under low organic loading rate. This
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is consistent with previous studies (Wang, 2020). Moreover, daily gas production from
AD of sewage sludge increased slightly as the biochar dose increased, which biogas
production rates increased by 53.1% by day 15. Although both biochar additions
enhanced cumulative biogas production by 26.9+0.9% for RH biochar and 33.6+0.4%
for WSP biochar, the increased dosage of biochar did not show such influences on

cumulative biogas production.
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Figure 3-5. daily biogas production under ammonium concentration of 1 g L-1, ‘S;L’ =

the dosage of biochar at 0.1 and 1.0 wt%.
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It has been reported that methane content in biogas generated from anaerobic
digestate of sewage sludge typically ranges from 60 to 65% with the rest greatly
consisted of carbon dioxide (Liebetrau et al., 2018). The methane content from the
test reactors reached considerably higher than typically reported for sewage treatment
anaerobic digestate at 73.7 + 2.39%. Differences in the methane concentration
between the test conditions were also observed; control group had a mean methane
content of 58 + 1.18% whereas biogas from biochar WSP and RH reactors at biochar
dose ratio of 0.1%wt contained 73.71% and 75.04% methane respectively. Meanwhile,
with increased biochar dosage (1.0%wt), biogas had higher methane content of 75.76%
for WSP biochar-amended reactor, while a decrease in methane content was
observed in RH biochar-assisted reactor. The enhanced methanogenesis with
addition of WSP biochar can be attributed to the pH buffering capacity (Jang, 2018).
Furthermore, FTIR results showed that phenazines presented onto the surface of
WSP biochar, indicating that the redox-active phenazine organic structure can be
another possibility to promote methanogenesis by facilitating the syntrophic oxidation
of volatile fatty acids via direct electron transfer (DIET) (Beckmann, 2016). In addition
to that, RH biochar additive showed a promoting potential for methane content
(75.04%) at a lower biochar dose, indicating that, from the viewpoint of engineering

applications, RH biochar could be an economic-feasible additive for AD systems.
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Table 3-5. Methane content (%) of the biogas from biochar-treated reactors and the

control. ‘S;L’ = the dosage of biochar at 0.1 and 1.0 wt%.

Day PC SRH550 LRH550 SWSP550 LWSP550

11 75.04 +1.49 70.36 +6.71 73.71 £ 2.7 75.76 + 2.3

43 58.0 +0.84

Similar to the 15t biogas experiment, all reactors immediately started producing biogas.
The daily gas production followed an order: SRH~LWSP~LRH>SWP>Control. Again
negligible effects of RH biochar dosage were observed on AD of sewage sludge, and
both of them (0.1% and 1.0%) have similar daily gas production of 5.35 and 5.41 mL/g,
respectively. This implied that the functions of RH biochar on promoting biogas
production was mainly contributed to chemical interaction during the AD process at
ammonium concentration of 3g/L. Meanwhile, the presence of alkaline-earth metals
such as Ca, Mg and alkali metals such as Na, K, in RH biochar may promote chemical
sorption of CO2 via mineralogical reactions, leading to a higher gas yield (Xu, 2016).
Chiappero et al. (2021) investigated biochar derived from rich husk and sewage sludge
and activated at 900°C with CO. on anaerobic digestion of wastewater sludge, and
found that activated biochars with higher surface area and the presence of alkali
metals boosted gas yield and improved the methane yield up to 105%. In contrast,
with increasing biochar dosage, the cumulative gas production from WSP biochar-
added reactor was improved by 1.1-fold compared to the control, which might be
attributed to acid-buffering function of WSP biochar. Wang et al. (2017) reported that

buffering capacities of biochar derived from vermicompost were positively correlated
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to their loading proportion, and 5.0% of their biochar worked the best for enhanced

methane production.
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Figure 3-6. Daily biogas production (mL/g) with initial ammonia concentration of 3.0 g

L-1in Test 2. ‘'S;L’ = the dosage of biochar at 0.1 and 1.0 wt%.

With increasing ammonium concentration (up to 6 g/L), the cumulative gas production
from the control group was increased by 2.05+0.26 folds compared to the 1t and 2"
AD tests. Our findings are in agreement with findings by Zaied et al. (2020) that the

addition of strong alkaline bases such as ammonium bicarbonate to AD increased the
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oxidation-reduction potential and enhance the buffering potential. According to their
results, the additional dosing (up to 10 mg L") of ammonium bicarbonate led to a 29.80%
increase in biogas production from palm oil mill effluent (Zaied et al., 2020). Siddique
and Zularisam (2012) also reported that biogas yield was increased by 27.77% with
addition of 10 mg L' ammonium bicarbonate during the AD of petrochemical
wastewater under mesophilic temperature conditions, and ammonium bicarbonate
improve carbon-to-nitrogen ratio and ensure a stable pH during AD process. However,
unlike previous tests, all the reactors with addition of biochar WSP were inhibited by
reducing 8.6%-21.8% cumulative gas production. Moreover, a higher dosage of WSP
biochar caused severer inhibition on AD of sewage sludge. Li et al. (2019) investigated
effect of biochar on AD of mono-cardboard and found that the addition of biochar with
higher dosage led to a decreased methane production and extended the lag phase.
Similar results were reported by Qin et al. (2017a) that biochar derived from rice straw
at 500°C with a biochar dosage of 0.5%wt resulted in a reduced cumulative methane
production and decreased maximum methane production rate from batch AD of
organic fraction of municipal solid wastes. The negative effect might be attributed to
adsorption capacity of biochar, which reduced the contact between microbes and
substrates (Li, 2019). Another possibility is that hydrolysis and acidogenesis-
acetogenesis are accelerated to the unbearable extent by excessive biochar, resulting
in accumulated intermediates to inhibit the methanogenesis (Pan, 2019). On the other
hand, biochar RH-treated reactor improved AD by producing considerably higher
cumulative gas yield (5.26+0.05 mL g') than the control (5.03+0.02 mL g'"). This might
be due to that minerals such as Mg, Na, K, P, and N leached from biochar can enhance
syntrophic metabolic process among various bacteria (Ambaye, 2021). Another

possibility for enhanced biogas production is the cations from alkali metals and
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alkaline-earth metals influence the reduction of CO. to carbonates, resulting in
facilitated methane formation through hydrogenotrophic methanogens (Resasco,

2017; Stams, 2009).
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Figure 3-8. Methane content of biogas from the reactors under ammonia concentration
of 3.0 g L-1 in Test 2, mean of triplicates. ‘S;L’ = the dosage of biochar at 0.1 and

1.0%wt.

With the increasing ammonium concentration, an inhibition in methane content was
observed in the control groups, resulted in decreased methane content of 12.4% for
AD with initial ammonium concentration of 3.0 g/L. In contrast, when the initial
ammonium concentration reached up to 6 g/L, the average methane content in biogas
from the control group was improved by 1-fold than that of Test 1, and achieved to an
average of 63.7+8.4%. Similar results were reported by Cai et al. (2021) that the
cumulative methane yield was higher at TAN 5g/L than at TAN 3g/L at mesophilic
conditions. This phenomenon was contributed to enhanced activity of microorganisms
caused by a higher temperature (32-39°C) offsets the higher toxicity of free ammonia
Lin et al. (2016) also reported the similar phenomenon in anaerobic digestion.
Meanwhile, the standard deviation in methane content from the control group in Test

2 was considerably high as it was unknown if the biogas production would be disturbed
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by regular sampling and therefore give a varied reading. The addition of WSP and RH
biochars enhanced methane content (an average of 63.7£0.5%) in biogas at initial
ammonium concentration of 3 g/L by an average of 1.25+0.01 folds compared to the
control (50.8+0.5%). Noticeably, no significant difference on methane production in
functions of biochar types and doses were observed. Although the increased dosage
of WSP biochar led to a reduction of biogas production, this is not the case with the
methane production. When the initial ammonium concentration increased to 6 g/L, the
addition of RH and WSP biochar at a biochar dose of 1.0 %wt resulted in a slightly
lower methane content (61.7% and 62.3%) than the control group (63.7%). Dudek et
al. (2019) reported that biochar derived from brewer’s spent grain overdose inhibited
gas production. This also confirms that there appears to be a limit beyond which the

properties of biochar contributing to inhibiting the fermentation process.
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Figure 3-9. Methane content of biogas from the reactors under ammonia concentration
of 6.0 g L-1 in Test 3, mean of triplicates. ‘S;L’ = the dosage of biochar at 0.1 and 1.0
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It is important to note that although different enhancement in biogas profiles were
shown in each biochar treatment; there are several limitations in this study. In order to
minimise the impact on the reaction rate, chemical analysis and gas composition
analysis is performed less frequently. This, however, shows the limitations of
laboratory equipment, as the gas composition and solid fraction may be excluded from
the analysis. As a result, we only see the gas composition when a particular amount
of gas has generated, rather than on a regular basis. To achieve a more accurate
measurement of AD performance, it is advised that future studies should
precisely define the methodological application of gas composition analysis in small
volume experimental settings. Furthermore, in this experiment, the biochar was not
treated to any pre-treatment or pre-inoculation with digestate prior to its use in AD, in
an effort to reduce the risk of contamination. However, as previously stated, the
addition of biochar to aqueous solutions considerably affected their pH, causing them
to fluctuate in the neutral to slightly basic range, implying a potential variable in each
experiment. As a result, future investigations might establish a consistent baseline pH
for the reactions performed, allowing changes in reaction efficiency to better represent
the chemical characteristics of the biochar. Furthermore, in order to reduce the effect
of biochar particle size and volume on experimental results, the size of biochar could
be standardised in future studies so that differences in reactor performance can be
more accurately attributed to biochar's surface functionality. To gain a better
understanding of biochar’s effects on the AD potential from different wastes and their
functions, both the biogas productivity from animal wastes and the chemical changes

are analysed in chapter 4.
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3.3. Conclusions

According to the findings of this study, tested biochar improved anaerobic digestion

under little or high ammonia stress. Because biochars' ammonium adsorption

capabilities varied, it is likely that the favoured methane production was based on other

mechanisms. In addition, chemisorption was found to be the major process in the

sorption of ammonium ion on biochar. Furthermore, biogas generation reduced with

increasing biochar dosage. Taking consideration of the biochar production cost, it

would be beneficial that small amount of biochar ensures positive effects on the AD

potential. It should also be important to consider the limitation of these experiments.

Biological analysis were not done and therefore the functions of these biochar in

microbial communities needs further investigation.

Table 3- 6. Main findings from Chapter 3.

Maximum Cumulative Maximum
Initial biogas gas methane
. . ammonium production production content (%)
Biomass  Pyrolysis Temperature (°C) ~ pHpzc concentration  rate (mL/g/d) (mL/g) (biochar
(g/L) (biochar dose (biochar dose dose 0.1;
0.1;1.0) 0.1;1.0) 1.0)
75.0;70.3 (at
Rice husk 550 9.34 1 0.09;0.13 2.87;2.85 one time
point)
0.18;0.17 5.35;5.41 63.2;63.3
6 0.15;0.16 4.74;5.26 63.7;61.7
Wheat 73.8;75.8 (at
straw 550 10.89 1 0.14;0.20 3.0;3.02 one time
pellets point)
3 0.15;0.17 4.71;5.33 64.6;63.6
6 0.15;0.12 4.81;3.76 64.1;62.3
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4. Effects of biochars derived from lignocellulosic
residues/wastes on methane production from co-

digestion of animal waste and maize silage
4.1. Introduction

The high livestock intensity not only has a significant impact on the global economy,
but also potentially stresses the environment. A recent study discovered that adult
animals may produce manure at a rate of about 8% of their body weight per day,
corresponding to a dry mass of about 7.3 kg per cow per day (Font-Palma, 2019). The
EU produces 1.4 billion tonnes of dairy manure per year (Foged et al., 2011), while
the UK produces 31.3 million tonnes of dairy and beef cow dung per year (Smith &
Williams, 2016). Accordingly, nearly 1.5 billion tons of manure are produced per year
in China (Qian et al., 2018). The increased production of livestock manure, combined

with environmental concerns, has increased the demand for its proper treatment.

Animal manure has been commonly applied directly onto lands as an organic fertilizer
(Chambers et al., 2001; Font-Palma, 2019), due to its richness in biodegradable
organic matters. However, the inappropriate management and disposal of animal
manure lead to global environmental and sanitation challenges. Large manure
generation can result in higher local emissions of pollutants, including accumulation of
metals and phosphorous in soils, spreading of pathogens, as well as odour issues
(Petersen et al., 2007). Furthermore, excess nitrogen and phosphorus in animal
manure can be flushed off by surface run-off or seepage, resulting in eutrophication of
surface waters and nitrate pollution of groundwater (Velthof et al., 2014; Dijk, 2016;

Qian et al., 2018). It was also reported that the handling and use of manure on
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livestock farms are responsible for around 3 to 5% of total greenhouse gas (GHG)
emissions globally, especially with liquid manure management (Seren, 2018). As a
consequence, the management of animal manure has become a critical issue, with

increasing negative environmental impacts.

Currently in Europe, there are a wide variety of manure treatments in the market.
There are several commercial technologies to treat manure and slurries such as
mechanical separation, composting and thermochemical conversion (Font-Palma,
2019). They are classified on the basis of their objectives such as energy production,
phase separation, nutrients recovery and nitrogen removal. However, applications of
conventional treatment technologies such as incineration and composting may be
limited at the EU-27 level due to the EU environmental regulations (Edwards, 2015;
Hou et al.,, 2017). In China, a series of policies and regulations such as the
“Sustainable Manure Treatment” program and “Prevention and Treatment on Pollution
from Livestock Cultivation” regulations have also been enforced by the Chinese
government since 2014 (Cai et al., 2019). In contrast, up to 40% of manure in China
is not effectively treated and of 20% is still being directly discarded onto land
(Chadwick et al., 2015). As such, a sustainable technology for livestock manure
treatment is needed to achieve higher efficiency, lower pollution risk and easier

operation.

Among the several manure treatment methods, anaerobic digestion (AD) stands out
as a promising technology to achieve high efficiency and energy recovery. However,
around 25% of total commercial AD facilities use sewage sludge, and AD of animal

manures still faces numerous obstacles, including operational instability and biogas
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quality (Fagbohungbe et al., 2017b; Grando, 2017; Chiappero et al., 2020). Livestock
manure and slurry contain high content of nitrogen, which may present a potential
inhibition risk as the result of ammonia accumulation in the digester when manure is
digested individually (Cuetos et al., 2011). The reported ammonia-mediated inhibition
to methanogenesis occur at initial concentration of 100-1100 mg/NL unionized
ammonia (Angalidaki, 1993; Molinuevo-Salces, 2010). To address this issue, the
carbon content of animal manure needs to be increased before proceeding to the
anaerobic digestion process. Lignocellulosic biomass such as agricultural residues are
promising candidates to compensate the carbon deficiency of animal manure. Co-
digestion of animal manure and lignocellulosic biomass provides an opportunity to
balance the carbon-to-nitrogen ratio of feedstock for anaerobic digestion (Hashimoto,
1983; Hills, 1981; Ebner, 2016; Neshat, 2017). Wang et al. (2012) reported that co-
digestion of cattle and chicken manures and wheat straw can improve the biogas yield
by 10% and the synergic effect of these materials was responsible for improvement of
anaerobic digestion. Similarly, Li et al. (2015) compared the digestion of cow manure
and rice straw, and found methane production yield in co-digestion of these two
materials was higher than that of mono-digestion of cow manure. In addition to that,
high water content of animal manures may dilute the concentrated organic compounds
existing in lignocellulosic biomass which may cause inhibitory effect on the process.
Risberg et al. (2013) reported that co-digestion of manure and wheat straw did not
improve the methane production yield as compared to that of mono-digestion of cow

manure or wheat straw.

The use of additives such as activated carbon, zeolites, and biochar in AD has also

been identified as a promising strategy for reducing inhibitor bioavailability without
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negatively affecting the AD process (Rajagopal, 2013). Biochar is an example of
adsorbents made from agricultural residues and/or other lignocellulosic biomass
(Masek et al., 2019). Recent research has found that adding biochar to AD improves
biogas output by lowering acid and ammonia inhibitions or boosting direct interspecies
electron transfer (DIET) in syntrophic metabolisms (Barua & Dhar, 2017;
Fagbohungbe et al., 2017b; Luo, et al., 2015; Mumme et al., 2014; Torri & Fabbri,
2014). Gémez (2018) investigated the performance of batch AD of swine manure with
the addition of almond shell biochar and discovered that biochar can increase
biomethane generation by 30%. However, little is known about the effects of biochar

on the process of semi-continuous co-digestion of cow slurry and agricultural residues.

Co-pyrolysis, in particular, has recently been identified as a new upgrading strategy
for improving the quality of biochar (Sanahuja-Parejo et al., 2019). Two or more types
of waste can be processed jointly in the co-pyrolysis process to maximise waste
utilisation and reduce reaction time and energy consumption required to pyrolyze
single waste material. For example, Liu et al. (2019) discovered a synergistic impact
of combining sludge and water hyacinth as feedstocks in a co-pyrolysis process.
Similar results were also reported by Bi et al. (2021) which biochar derived from sludge
and peanut shell has well-developed surface functional groups and a greater
activation energy. Furthermore, because there has been little research on the co-
pyrolysis experiments of woody biomass and digestate, research on the features of
the resulting biochar would provide insight into the resource utilisation of the two

components.
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The effect of biochar and co-pyrolytic biochar additions on the process performance
and system stability of co-digestion of cow slurry and maize silage employing
continuous stirred tank reactor with increasing input of external ammonia to stimulate
ammonia inhibition conditions was explored in this study. The degradation of
substrates was also assessed to evaluate the efficiency of mass transitions. The work
described in this study aimed at investigating the mechanisms underlying the

observed higher methane yields and AD process stability.
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4.2. Methodology

Biochars used in this study were produced from four feedstocks: rice husk, wheat
straw pellets, mixture of hardwood chips and digestate (50:50 w/w). Rice husk and
wheat straw pellets biochars were produced by the UK Biochar Research Centre
(UKBRC) at 550°C in a pilot-scale pyrolysis facility (Masek et al., 2018). The
standardized production procedure and resulting biochar physicochemical properties
can be found on the website of UKBRC (Masek, 2018). The production of biochar from
the mixture of hardwood pellets and digestate was manufactured by the firm Swiss
Biochar© (Riedlingsdorf, Austria) as followed Mumme (2014). A 1:1 (w/w) mixture of
hardwood pellets and digestate was used as feedstock and pyrolyzed in a 500-III
pyrolysis screw reactor (PYREG GmbH, Doérth, Germany) for 20 min with a constant
temperature raise in the reactor until a peak pyrolysis temperature of 500°C was
reached. The biochar was consecutively stored open with no covering for several days,
packed in 1.5 m? plastic bag, homogenized and stored at -20°C until used for the

experiment.

Figure 4-1. Schematic figure of PYREG pyrolysis unit.
Semi-continuous AD experiments were conducted in CSTR reactor with working
capacity of 8 L that were seeded with inoculum collected from a local farm. Prior to

continuous feeding operation the reactors were operated without feeding for 7 days.
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In the adapting period, no substrates were added in order to enrich the biomass in
methane producing microorganisms and to prevent foaming, a method that has been
widely adopted (Dareioti & Kornaros, 2014). The operation was subsequently switched
to continuous mode to deliver the hydraulic retention time (HRT) of 14 days. Generally,
relatively long HRT is required in anaerobic digestion of lignocellulosic biomass due
to these type of substrates is persistent to anaerobic microbes (Yadvika, 2004). 60-90
days have proven as the optimum duration to achieve complete digestion of polymeric
substrates (Rivard, 1988). While Bank (2004) reported that HRT of 20 days in
anaerobic digestion of maize was sufficient to generate high methane yield. Hence,
shorter HRT is desirable because of its economic feasibility and increase of process
efficiency (Parajuli, 2022; Dareioti, 2014). At the same time, biochar was introduced
into three of the four CSTRs at a ratio of 6% w/w. The reactor without biochar
supplementation was used as a control. The starting organic loading rate (OLR) was
initially 3 gVS L' per day. For the biochar-treated reactors, biochar was added five
times a week to maintain consistent biochar concentrations. At the same time of each
day, the reactors were opened to discharge digestate and fed fresh substrate. The
CSTRs were maintained under mesophilic conditions (37+1°C) by heating using a

water batch.
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4.3. Results and discussions

4.3.1. Characteristics of biochar

The results revealed that moisture content (MC), volatile matter (VM), fixed carbon
(FC), and ash content (AC) varied greatly. It is clear that these properties were related
to feedstock types and pyrolysis or co-pyrolysis conditions. The moisture content of
co-pyrolyzed biochar was high with value of 30.86 + 2.56 wt% than other biochars RH
and WSP at 7.14 + 1.56 % and 12.07 + 1.41 % (dry basis), respectively. It was
evidenced that the moisture content could partially influence biochar yield, while a
higher moisture in the biomass was favourable the biochar yield from processing at a
higher pressure (Nanda et al. 2016). The volatile matters in RH and WSP biochar were
lower than that of HD biochar. Literature suggest that in the range of 4.32% to 14.40%
volatile matter in biochar, its related pyrolysis was incomplete whereas complete
decomposition would require a longer pyrolysis time or a higher temperature (Tomczyk,
2020). Furthermore, high fixed carbon content in biochar RH and WSP with values of
43.86 + 4.48% and 67.48 + 1.02% indicates the loss of volatile matter from biochar,
implying improved stability of biochar during storage or use as a solid fuel. HD biochar
has fixed carbon of 54.35 + 2.05%, which was higher than the reported FC content in
co-pyrolyzed biochar from sewage sludge and lignocellulosic biomass. Alvarez (2015)
investigated co-pyrolysis of sewage sludge and pinewood at a mixture ratio of 1:1
(wt/wt) using conical spouted bed pyrolysis unit, and found that the fixed carbon
content of the resultant biochar was 29.6%. Meanwhile, these results are in line with
previous findings using pilot pyrolysis unit. This might be attributed to a prolong contact
of vapor-phase pyrolysis species with the char was maintain in the fixed bed

configuration, therefore led to a higher fixed caron content (Kwapinska, 2021)
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The fixed carbon inversely related to ash content; with increased of ash content fixed
the fixed carbon decreased. Also the ash contents in both raw biomass and biochar
are commonly correlated with non-volatile and non-combustible components. It is
clear that biochar RH has the highest ash content of 47.93 %, which could be attributed
to the high silica content in its raw material (Singh et al., 2021). Meanwhile, higher ash
content and fixed carbon can contribute to a high oxygen-to-carbon (O/C) ratio due to
the structural rearrangement of aromatic rings and the formation of crystal structures,

such as graphite (Spokas, 2010). While in this study, with increasing ash content of

biochar, the O/C ratio followed an order of HD>WSP>RH. This implying the
carbonization of rice husk with O/C ratio of 0.01 was higher than other tested biochar.
Moreover, HD biochar was enriched in oxygen content with a higher atomic O/C ratio
of 0.27. The hydrogen-to-carbon (H/C) ratio has been proposed as an index of
aromaticity and resistance of biochar to microbial and chemical degradation (Crombie,
2013). The H/C ratio of all tested biochars were low ranging from 0.2 to 0.4, which
were in line with biochars produced from similar conditions (Li & Yu, 2020). This can
be attributed to higher degree of carbonization, leading to high aromaticity produced
(Han, 2016). According to the IBlI and EBC guidelines, char materials can be
categorized as “biochar” when atomic O/C and H/C ratios are lower than 0.4 and 0.7,
respectively (Schmidt, 2012). All the tested biochars fulfilled these criteria, implying in

increased stability of the biochars compared to their feedstock materials.

The surface area and average pore diameter of three tested biochars were determined
by gas adsorption analyser as shown in Table 4-1. The surface area and average pore
diameter of tested biochars varied dramatically. Biochar WSP has the lowest pore

volume (0.001 mL/g) and pore diameter (nm) than other biochars. The specific surface
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area of RH biochar was higher than for other biochar at value of 68.55 m? g'. The
possible reason for increased porosity of RH biochar is that ash content could act as
a passivator during pyrolysis and be embedded in the porous of biochar resulting in
an increase of total pore volume (Meng, 2021). In addition, the surface area and pore
volume of tested biochars were in the range of previous literature. It has been reported
that the surface area of pyrolytic biochar ranged from 23.33 to 230.91 m? g when the
pyrolysis temperature was 350 — 500°C (Singh et al., 2021).

Table 4-1. Physiochemical properties of biochars.

Biochar Rice Husk Wheat straw pellets Hardwood/digestate briquette
(RH) (WSP) (HD)
pH 9.71 9.94 9.53
Ctot (wt%) 48.69 68.26 67.28
N(wt%) 1.04 1.39 1.32
H(wt%) 1.24 2.1 3.32
O(wt%) 247 6.92 27.79
C/IN 46.82 49.11 50.97
H/C atomic ratio 0.02 0.02 0.04
O/C atomic ratio 0.01 0.07 0.21

Electrical conductivit

Gs/m) y 0.48 1.7 26.97
Moisture (Wt%) 7.14 12.07 30.86
Fixed carbon (wt%) 43.86 67.48 54.35
Total ash (wt%) 47.93 21.25 14.79
Pore volume (mL/g) 0.057 0.001 0.002
Pore width (nm) 2.65 1.43 7.48
Surface area (m?/g) 68.55 1.75 6.78

Figure 4-2 presents the FTIR spectra for tested biochar. It can be seen that the FTIR
results were confirmed with ultimate analysis and proximate analysis as
aforementioned. Noticeable, spectra of biochar WSP and HD showed different
patterns, which could be attributed to their different elemental compositions. The
peaks are assigned to O-H stretching band at 3404-3410 cm™, C-H stretching
vibrations in aliphatic and aromatics structures at 2851-2873 cm™, carbonyl and
carboxyl groups in carbohydrates at 1605 cm™', aromatic ring stretching vibrations of

C = C at 1559-1566 cm'. The C = C band was only observed in biochar WSP, which
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could be attributed to its higher degree of carbonization. Also the peak at 1428-1439
cm™! was assigned to stretching vibrations of C-H and CH, in aliphatic and biochar.
The phenolic OH and aromatics C-O bonds were identified at 1088-1120 cm™ in
biochar WSP. The peaks at 603-876 cm™! were for the weak vibration of C-H bonds in
heteroaromatics and aromatic compounds showing in the spectra of biochar WSP. In
general, it is clear that biochar WSP has higher peak intensities than co-pyrolytic
biochar HD. The possible reason is that enhanced dehydration and decarboxylation
promoting formations of C=0 and carboxylic acid O-H bands under higher pyrolysis
temperature (Axel Funke & Felix Ziegler, 2010).
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Figure 4- 2. FTIR spectra of biochar WSP and HD.
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4.3.2. Biogas and biomethane productions from co-digestion

4.3.2.1. Batch AD tests

The AD performance of cow manure and maize silage was investigated in two different
tests using a batch AD system. Throughout the experiment, the volume of biogas was
measured on a daily basis. The composition of the biogas from the 15t experiment was
measured every other day. All treatments were carried out in quintuplicate. To promote
ammonia stress in the co-digestion of cow slurry and maize silage, ammonium

carbonate was introduced to certain groups at the start of the experiment.

In the 15t batch experiment, levels of total ammonia remained constant throughout the
experiment, around 3000 mg kg-'. After 28 days of anaerobic digestion, the cumulative
biogas yield from controls, RH, WSP, and HD reactors was 166.38, 226.32, 107.88,
and 10.80 mL g, respectively, with a 0 g ammonia carbonate dose. It can be seen
that the control reactors started producing biogas on the second day of the test (Figure
4-3). Biogas production increased (36.0%) in reactors treated with biochar RH, but
was inhibited in those supplied with biochar WSP and HD. It is worth noting that the
pattern of inhibition in biochar HD supplemented reactors differed from that in biochar
WSP-treated reactors, resulted in a 5-days delay in biogas production. The higher gas
yield from RH biochar-amended reactor was attributed to greater pore volumes and
larger surface area. The improved porous structure of biochar could provide micro
spaces for the growth of microorganisms in anaerobic reactors while at the same time
avoiding direct exposure to acids or potential metabolic inhibitors (Jiang, 2020). Our
results are in line with other study that biochars derived from sewage sludge, rice husk
and hardwood pellets at 550°C have different impacts on methane yields ranging 0.16-

0.219 Nm?/kg from anaerobic digestion (Chiappero, 2021). Meanwhile, with increasing
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ammonium concentration of 3 g/kg, biogas production of the control group increased
by 6.77%. The higher tolerance of the co-digestion to high ammonia levels can be
attributed to a certain level of adaptation of the microbial community, which is in line
with previous studies (Vrieze, 2015). While biochar supplement led to inhibitions in

gas production from ammonium-stressed AD.

The methane content of these reactors is shown in Figure 4-4. Methane
concentrations in the control groups exhibit similar patterns between the two sets of
data, with non-ammonium-induced reactors producing biogas with an average of
55.08 + 1.71% methane at day 60, and ammonia-stressed reactors producing biogas
with an average of 54.37 + 1.72% at the same time point. Furthermore, the methane
content for control reactor without additions of ammonia bicarbonate increased by
77.68% at day 6. While, the highest methane content for ammonium stress reactor
has lower with a value of 69.83%. Meanwhile, the addition of biochar to non-
ammonium-stressed reactors resulted in an increase in methane concentration from
reactors with an average value of 97.16 + 1.81% by day 10, and maintained the
average value of 57.08 + 2.47% by the end of the test. The methane content in biogas
from ammonia-stressed reactors appeared to rise over time, reaching 106.76 + 2.09%
by day 10 and 55.08 + 1.71% by the end of the test. It should be highlighted that the
type of biochar has no discernible effect on methane concentration. The enhanced
methane content may be attributed to the capture of CO2 from biogas via an in-situ
biogas upgrading by sequestering CO2 with biochar during AD (Shen, 2015). In
addition, both mono-pyrolyzed biochar showed lower H/C and O/C atomic ratios than

HD biochar, suggesting significant hydrophobicity and aromatization, therefore non-
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polarity and high hydrophobicity of biochar can effectively improve CO. adsorption in

presence of water (Chiappero, 2021).

Of note is that although the biochar and substrates (maize silage and cow manure)
used in these experiments were from the same sources, the substrates had been
stored at4 + 2 °C for ~40 days. As such, it is possible that the compounds or microbial
community in the cow manure, or the organic matters in maize silage, had changed
significantly between tests. It is essential to mention that, while each treatment had a
distinct biogas production profile, the tests had several limitations. Moreover, the large
value of standard deviation in determination of methane concentration between the
two set of data highlights a weakness of the experiment design and an uncontrolled
variable in each experiment. Furthermore, litter pre-treatment of cow manure and
maize silage was performed prior to their use in AD. The increased biogas productivity
from the second test is most likely attributable to a decrease in the amount of nitrogen
compounds as a result of storage at 4°C. It is also the reason why we observe positive
effects of biochar addition in the AD potential. Ageing of the digestate and cow manure
was also not quantified as the organic matter of the solid fraction was not measured,
and it is considered that hydrolysis may occur and lead to the depletion of nitrogen
compounds. Furthermore, despite the expectation of ceased metabolic processes at
4°C, however an occasional degassing the digestate and cow manure containment
vessels was required due to the accumulation of biogas. As such, it is assumed that a
portion of nitrogen compounds and other organic material might naturally lose via this
storage method, causing by the slowed and continued microbial activity as witnessed

by the impacts on the eventual biogas production and methane content in tests. Ideally,

116 University of Edinburgh



the materials acquired for AD experiments should be from the same source and as

fresh as practicable; any potential degradation should also be monitored.
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Previous tests had shown that biochar supplementation improved co-digestion of cow
manure and maize silage by increasing methane content; yet, reactors were still
inhibited at ammonium concentrations of 3 g kg™'. As such it was unknown whether
co-digestion could overcome ammonium inhibition at higher concentrations, and thus
the ammonium concentration was increased for the test to 3, 4.5, and 6 g kg'. In
addition, the AD potential of non-ammonia-induced reactor was conducted as positive
control. Each treatment was conducted in triplicates. The digestate, cow manure and
maize silage were all obtained from the same batch that was used in the 15t experiment.
The methane concentration of the biogas was measured every other day from day 1
to day 10, and then monitored at day 15 and the end of the test. This AD test were
designed for an internship biotechnology project undertaken by Natalie Steller who

aided in monitoring of the experiment using the same reactors.

Figure 4-5 shows the cumulative biogas yield (mL g') and methane content (%) from
co-digestion of cow dung and maize silage with additions of RH, WSP, and HD
biochars. Unlike in the previous study, all biochar-supplemented reactors show an
enhancement in biogas production. The cumulative biogas productions in control
group, biochar RH, WSP and HD reactors were 230.46, 392.48, 401.04 and 409.60
mL g’ VS. Methane concentrations from the control groups and biochar-amended

reactors shared similarity with an average of 62.4% and 62.13 + 0.41%, respectively.

120 University of Edinburgh



N
a
o

[ —e—PC
WSP R W ;;':.';',:. — 0
i -~--..x ..... HD k¥

IS
o
o

w
a
o
\

\

300 | : g
250 |
200 |
150 | E

100

Cumulative biogas production (mL/gVS) ©

[
o
N

20
Time (days)

mPC mRH wWSP =HD

70 |
60 |
50 |
40

30

Methane content (%)

20 ¢

10 r

1 2 4 6 15 34
Time (days)

Figure 4-5. Cumulative biogas production (mL/g) (a) and methane content (%) (b) of

digesters under no NH4*-N stress (in average and standard deviation).

Similarly to the last test, all reactors began producing biogas immediately and then
began to plateau on day 18 (Figure 4-6). The increased ammonia content (3 gNH4*-N

kg") in the digestate led to a 54.29% increase in biogas production from control group
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at the end of the test; however, biochar-supplemented reactors retained at the same
level of biogas production from the previous test over 35 days. Moreover, biochar RH-
supplemented reactors managed to produce slightly greater biogas production with an
average value of 415.48 mL g' at the end of the test. The increased biogas production
is likely due to the promoted metabolism with supplement of RH biochar with
considerably higher content of bioavailable sulphur as compared to most other types
of biochar (Dunnigan et al.,, 2018). Sulfur has proven as a predominant electron
acceptor in the metabolism of glucose to acetate and carbon dioxide by reducing
bacteria such as Sporanaerobacter on the surface of carbonous material (Dang et al.,
2016; Hernandez-Eugenio et al., 2002). Despite the expected effect of biochar, no
significant changes in cumulative biogas generation were identified in relation to
biochar type. In contrast to the 15! experiment, the methane content of the biogas from
these reactors was similar with an average of 61.23% from the control group and 60.27
+ 0.41% from biochar-supplemented reactors (Figure 4-6). The lower standard
deviation in these reactor methane content is attributed to increased manual agitation

from once per day to twice per day.
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Figure 4-6. Cumulative biogas production and methane content of digesters on

ammonia stress of 3 g/kg in the 2" BMP test.

Biogas production and methane content of the reactors under ammonia concentration

of 4.5 g NH4*-N kg™ were shown in Figure 4-7. It is important to note that all biochar-
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supplemented reactors were significantly inhibited. The cumulative biogas productions
for these reactors were 387.14, 371.09, and 398.90 mL g"'VS. Whilst the control group
produced 464.14 mL g of biogas over 35 days of AD higher than that from AD with
ammonia concentration of 3 mg kg™ (355.59 mL g') and from AD without addition of
ammonia bicarbonate (230.46 mL g'). The lower gas production from biochar-

amended reactors implied biochar addition retained the co-AD process efficiency.

Although biochar-supplemented reactors inhibited biogas production, we saw no such
impacts on methane generation in that experiment. The methane content of the biogas
from these reactors was similar to previous tests. Moreover, the methane content in
biogas from biochar-amended reactors was 69.88 + 2.95%, while biogas from control
group had an average methane concentration of 64.37 + 2.06%. The increased
methane content and the reduced biogas yield may be due to the conversion of CO>
to CH4 by aceticlastic methanogens through direct interspecies electron transfer (DIET)
(Zhou, 2020). Another possibility for the enhanced methane content may be the
improved ammonia tolerance by adsorbing free ammonia and ammonium ions onto
biochar. Tu et al. (2020) reported that biochar was capable to adsorb the available
ammonia and reduced ammonia toxicity by converting a little amount of ammonia to

bioavailable nitrogen.
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Figure 4-7. Cumulative biogas production and methane content of digesters on

ammonia stress of 4.5 g/kg in the 2" BMP test.
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Figure 4-8 shows a distinct difference in biogas production between the control
reactors and biochar-amended groups when the NH4*-N concentration increased to 6
g/kg. Unlike the last test, the controls in this test managed to increase biogas produce
than the last digestate-only controls at 418.15 mL g*! over 230.46 mL g"'VS. Whilst as
compared to the last test (4.5 g NH4*-N kg'), the increased level of ammonia resulted
in mild inhibition and a 9.9% decrease in the biogas production from the controls.
Biochar-supplemented reactors were capable of degrading increased ammonium and
generating a larger amount of biogas. This was not seen in previously, as biochar
WSP and HD reactors produced greater biogas, with values of 471.62 and 485.52 mL
g, respectively. Cheng et al. (2020) investigated anaerobic digestion of piggery
wastewater with addition of biochar derived from rice straw. They found that the biogas
yield was increased by 4.9-folds with addition of rice husk biochar at a dose of 15g
under high ammonium stress level. The enhanced biogas production with addition of
HD and WSP biochar might be due to their higher electrical conductivity with values
of 26.97 and 1.7 dS/m. Biochar has been demonstrated to promote DIET between
methanogenic archaea and their syntrophic partners, leading to enhanced gas
generation (Barua, 2017). Luo et al. (2015) investigated biochar derived from fruitwood
at 800°C and found that Methanosarcina resided deep within the pore channel of the
coarse biochar and aided in establishing methanogenic zones in anaerobic digestor.
On the other hand, the addition of RH biochar had no effects on gas production
compared to the control group, which is in agreement with previous studies (Chiappero,
2021). Moreover, with the increased NH4"-N concentration, biogas production for
biochar RH-treated reactors increased by 1.08-fold (419.22 mL g') compared to
387.14 mL g™ from the last test under 4.5 g NH4*-N kg™ at the same time point. Wang

et al. (2022) investigated biochar derived from lignocellulosic biomass at different
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temperatures and their effects on anaerobic digestion of hydrothermal liquefaction
wastes. They found that a pore volume that is too large may be detrimental to digestion
process. RH biochar has relatively higher pore volume of 0.057 mL/g than other used

biochar which might be partially responsible for the low biogas yield.

The methane concentration of these reactors was increased with increased ammonia
concentration. All of these reactors exhibited a minor suppression of methane
production until day 8 (43.38 + 6.46%) and gradually climbed back to the level of
earlier tests, which subsequently managed to increase by the end of the test. Of note
is that the methane concentration was considerably higher in biochar WSP and HD-
treated reactors than for other treatment conditions at 71.93 + 1.23% and 71.2 + 0.69%
over 66.5 + 5.94% by day 35. Westerholm et al. (2012) found that addition of biochar
in the high ammonia nitrogen system can increase the abundance of Syntrophaceticus
schinkii by 9-fold, and increase the proportion of the Methanothermobacter
thermautotrophicus, thereby leading to a rapid recovery of the digestion performance
of ammonia inhibited system. Similar findings have also reported by Luo et al. (2015).
Hence, these methanogenic zones might be constructed easier with supplementation
of WSP and HD biochar, which have the higher surface area and greater diversity of

oxygen-containing groups, resulting in a higher methane yield.
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Figure 4-8. Cumulative biogas production and methane content of digesters on

ammonia stress of 6 g/kg.
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4.3.2.2. Semi-continuous AD tests

When compared to batch syringe reactors, it was assumed that CSTRs reflect an
idealised flow reactor in that all of the microbial cultures in a CSTR are evenly
suspended in the liquor, allowing for equivalent organic load in the effluent and greater
inoculum substrate contact. However, it is important to note that CSTRs which cannot
be used to uphold large quantity of fermenting microbes, has been shown nonlinear
behaviour in literature including limit cycles and multiplicity of steady states due to
biomass washout at low hydraulic retention time (Saratale et al., 2019; Show et al.,
2019). It is expected that the use of biochar in CSTRs might improve microbial
immobilisation for improved biogas generation and lower sensitivities to environmental
factors such as pH shifts and other inhibitors. The experiment was conducted for 60
days in total and was divided into two stage based on the changes of NH4*-N
concentrations. On the first day, foam was witnessed forming on the top of stirring
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tube. It is estimated that foam took up more than expected working volumes inside the
CSTR reactors with parts of the headspace during the gas generation process, which
can be minimised by raising the gas flow rate and modifying the impeller types (Nges
& Liu, 2010; Routledge et al., 2011). As such, the agitation speed was increased from
80 RPM to 120 RPM; however the control and reactor with supplemented of biochar
WSP were continuing to form foam by day 3. It is possible that the process of
defoaming naturally requires a greater period of time. These reactors stopped
generating foam from day 4 and a layer of floating 'cake' (a mixture of maize silage
and biochar) was spotted on top of the digestate on day 22. To improve homogeneity,
the stirring speed was set to 200 rpm. The reactors were operated under batch feeding
condition for 7 days to adapt and enrich the entire consortia of microorganisms.
Biochar (6 %w/w) was introduced to the AD system since day 7 and substrates (a

mixture of cow manure and maize) were fed to these reactors five times a week.

The biogas yields of HD, WSP and RH were 129.61, 164.16 and 115.02 mL g™ by day
7 which were 42.1-102.8% higher than that of the control group (80.92 mL g'). This is
consistent with the 2" BMP experiment on no NH4*-N stress. The preliminary findings
indicated that biochar additions could improve the efficiency of co-digestion of cow
manure and maize silage. However, methane levels in the biogas produced by such
reactors were below the detection limits. Similar results have been reported in previous
studies (Petropoulos et al., 2021). The low methane content of the biogas is attributed
to accumulation of un-hydrolysed matter, which is challenging to methane production.
Likewise, a similar study found that hydrolysis of substrates containing higher
concentrations of protein and lipid was inhibited due to the presence of unhydrolyzed

lipids (LU, et al., 2007). Magdalena et al. (2018) also investigated the efficiency of
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hydrolysis on the digestion of high protein substrate, and recorded low content of
bioavailable organic matter to anaerobic microorganisms. Furthermore, manure
contains a high concentration of nitrogen, which can greatly suppress methanogenesis
during the digestion process (Aboudi et al., 2020). Hence, this implies the importance
of optimal fermentation for cow manure with addition of other carbon-rich materials.
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Figure 4-10. Biogas production rate of the CSTR digester over the course of experiment. 'B' =

the control, ‘L/L/d’ = daily gas production (L)/working volume (L)/day (d).

After the initial adapting period, the CSTR reactors were continuously fed and
operated for 53 days. Operational consistency in the parameters such as VFAs,
ammonium and TSS/VSS was monitored once per week. To simulate ammonia
inhibition, the nitrogen concentration of the inoculum was increased in steps from day

38 by introducing external ammonium carbonate (CHeN2O2-CHsNO3, Carl Roth GmbH
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& Co KG). The fluctuations in the volumetric biogas production rate along with the AD

reactors operation time are shown in Figure 4-10.

In the first stage, biogas production rate in biochar-supplemented reactors
immediately increased with the increase of stirring speed by day 7. The biogas
production rate in the control was 3.16 L L-'d"!, which was lower than that for biochar-
amended reactors with an average 6.26 + 0.29 L L-'d"" biogas production rate. Then
maize silage was introduced to the system at day 8 which led to a significant reduction
in biogas productivity. Also noticeable in the biogas curves is that all the reactors can
be naturally recovered which requires around 5 days until increased biogas production
observed. Similar patterns were found out in day 22 to 27, and these rectors recovered
to produce biogas with rate of 6.56 + 0.30 L L-'d"" which were similar to the level of
biogas production rate at day 18 with an average over 6.58 + 0.36 L L'd".
Furthermore, WSP and RH biochar-supplemented reactors, as well as the control, saw
a sudden drop of 56.0% biogas productivity by day 28. In contrast, HD biochar-
amended reactor showed a mild inhibition by reducing biogas production by 13%. Over
the course of next 5-days feeding operation, RH biochar amended reactor achieved
the maximum biogas production rate (7.27 L L-'d"") at day 33, which was considerably
higher than that of the control (6.53 L L"'d""). Although the rate of biogas production
fluctuated greatly, the methane content remained consistent (around 48.6 + 1.37%)

during the first stage.
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Figure 4-11. Daily methane content (%) in biogas from CSTR digesters. 'B' = the control.

In the second stage, feeding of maize silage and cow manure led to decreases in
biogas production for these reactors. However, unlike the first stage, all of the reactors
recovered from inhibitions in just three days. After the addition of ammonium
bicarbonate, a mild inhibition was found out in all reactors and resulted in a 1.97-fold
reduction in biogas production rate by day 42. The reason may be that excess
FAN/TAN concentrations (150 to 1200 mg L") is toxic to anaerobes and can suppress
methane production (Chiappero et al., 2020). Then, curves with an increasing trend
were shown in these reactor by day 46 with a high rate of biogas production of 6.15 +

0.16 L L'd" and 5.33 L L'd"" for biochar-supplemented reactors and the control,
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respectively. Furthermore, the addition of all tested biochars improved the ammonium
tolerance by recovering 12-16.4% biogas production from day 46. Similar results were
reported by Shen et al. (2016) that biochar derived from pinewood and white oak
enhanced process stability of AD by alleviating free ammonia inhibition by up to 10.5%.
It could be attributed to the improved NH3 adsorption by biochar addition (Shen et al.,

2015), resulting in mitigated ammonia inhibition in favour of biogas production.

Meanwhile, both the biogas production rate and methane content decreased suddenly
during the last stage when ammonia stress was continued to increase. The biogas
production rates from biochar HD, WSP and RH-supplemented reactors were 0.74 +
0.10,0.75 + 0.11and 0.70 + 0.16 L L"'d"" respectively compared to the control at 0.58
+ 0.10 L L"'d" by the end of the test. The methane content in this stage was also
diminished as a result of ammonia inhibition, although it remained relatively stable at
around 43.4%. Accordingly, the methane content from a stable AD system using
animal manure as the main feedstock was greater than 60% (Roubik et al., 2018).
Hence, the relatively low methane content in this stage shows that AD performance is
unstable under high ammonia stress. Therefore, taking the biogas production rate and
methane content into consideration, anaerobic reactor can run smoothly, or even less
to ensure a stable methane content when the ammonium concentration is no more
than 1.59 g NH4*-N kg™'. An important note to make regarding the supplementation of
biochar in AD reactors is that no distinct difference was exhibited influencing by
biochar type during this stage. In addition, any conclusion derived as a result of no

replications may be subject to a larger degree of uncertainty.
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The fitting parameter of cumulative biogas data to a modified Gompertz model is
shown in Table 4-2. The theoretical biogas production was 356.9, 358.9, 345.5 and
209.8 mL/g respectively for the reactors with addition of HD, WSP, RH biochar and
the control group. These results were consistent with experimental results of biogas
generation (R2>0.99). Further, lag phase for biochar treatment groups (0.049-0.050 d)
was considerably shorter than for the control group (0.054 d). Hence, kinetic study
shows that biochar addition has the potential to promote efficiency of biogas
production from co-AD of cow manure and maize silage.

Table 4-2. Fitting parameters by the modified Gompertz.

Biochar Po (mL/g) Rmax (mL/g/d) to R?
HD 24371 356.9 0.05004 0.9979
WSP 23907 358.9 0.04947 0.9974
RH 24118 345.5 0.0493 0.9978
B 21264 209.8 0.05404 0.9976

Methane yield and daily production rate were evaluated to investigate the effects of
those biochar on AD performance. During the whole AD period (Figure 4-12), the trend
of methane production is consistent with the biogas production in all treatments.
Methane production rate started increasing from day 7 onwards, without significant
lag, and gradually decreased until the end of the test. The maximum daily methane
production was observed at day 12 which was 19.76, 19.68, 18.41 and 16.20 mL g'd
! for reactors with addition of HD, WSP, RH biochar and the control, respectively.
Similar results were reported by Yu et al. (2021) observing a 13% increase in methane
production with biochar supplementation at 10 g/L during AD of corn stover and

chicken manure. Likewise, Cheng et al. ( 2020) reported up to a 26% increase in
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biogas yield from piggery wastewater by supplementing 15 g rice straw biochar.
Therefore, these observation indicated that biochar has the potential to promote

methane fermentation in co-digestion of cow manure and maize silage.
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Figure 4-12. Cumulative methane yield (mL/d) and daily methane production rate

(mL/g/d) of the CSTR digesters. 'B' = the control.
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When ammonium concentration increased from day 38 onwards, all treatments saw a
decrease in daily methane generation (54.8-71.4%). Then, the methane production
recovered after 8 days and increased to 5.06, 5.08 and 4.52 mL/g/d for the HD, WSP
and RH biochar amended reactor, respectively. The ultimate methane yields were
9588.84, 9495.05, 8815.29 mL g™ for the reactor with addition of HD, WSP and RH
biochar, which were 3-12.9% higher than for the control (8494.17 mL g'VS). The
increased methane production with addition of biochar might be contributed from the
unique physical and chemical characteristics of biochar. Previous studies observed
that methanogens are concentrated around biochar when using ammonia as the sole
source of nitrogen and CO, H», formate and glycol as electron donors (Luo et al., 2015;
Zhao et al., 2015). Therefore, the addition of biochar to the conductive AD system
might improve direct interspecies electron transfer (DIET) and increase methane

production.

4.3.3. Changes in intermediate contents during co-digestion process

To investigate the AD performance of co-digestion on different ammonia stresses,
changes in the effluent pH, TSS, and TAN concentrations were analysed over the
course of the experiment. The pH of AD reactor is an important parameter for
monitoring the stability of AD process, and influencing the activity of methanogens and
metabolic pathways (Li et al., 2018; Zhang et al., 2019). It can be affected by the
following factors: formation of ammonium carbonate, the removal of CO., and the
removal of fatty acids (Moller & Muller, 2012). Figure 4-13 shows pH changes in the
digestate from the CSTRs reactors. The initial pH in these reactors stayed constant at
7.7 £ 0.1, while the addition of cow manure has a significant influence on the pH of

the control from day 7 to 15, leading to a 13.9% increment. The reactors with
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supplementation of all biochars had similar pH and maintained stably. The pH of these
reactors varied from 7.44 to 7.65 by day 14. This is mostly due to the alkali and alkaline
earth metals released from biochar during AD, which can generate an HCO3/CO3*
buffer via CO2 consumption (Lehmann et al., 2011; Zhang et al., 2019). On the other
hand, pH of the control group increased from 7.81 to 8.69, which might be due to
ammonification of protein produced by the addition of cow manure (Zhang et al., 2016),
resulted in low biomethane production rate. Until day 37, pHs in all groups ranged in
a slightly alkaline range close to the literature level (Zhang et al., 2019). Then pHs of
these reactors gradually increased to 7.65 from day 38 to 46 due to the increasing
concentrations of ammonium carbonate. Furthermore, the pHs rose rapidly on day 56
and then settled to a plateau by the end of the test. In the last stage, we did not see
significant impacts of biochar on altering the pH variation under high level of ammonia
stress. Nevertheless, it can be seen that biochar-treated reactors show a mild buffering

capacity compared to the control.

It was assumed that external ammonium addition might aggravate ammonia inhibition
in the form of higher pH and decreased methane production (Shen et al., 2015). These
experimental results, however, revealed that pH variation was positively correlated to
biochar addition, showing that biochar can improve buffering capacity during AD. In
addition, the improved buffering capacity can be attributed to the accelerated
carbonation reaction, which is dependent on the syntrophic metabolism between
organic acid-oxidizing acetogenic bacteria and CO2z-reducing methanogenic archaea
(Stams & Plugge, 2009). It should be noted that this reaction also relies on the
efficiency of interspecies electron transfer, which can be stimulated by the addition of

electrically-conductive materials such as activated carbon and biochar (Viggi et al.,
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2014; Zhao et al., 2016). Therefore, further research is required to elucidate the role
of biochar on electron transfer mechanism in the co-digestion of cow manure and
agricultural residue.
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Figure 4-13. The changes in pH of the digesters over the course of experiment.

4.3.3.1. Changes in concentrations of volatile fatty acids (VFASs)

VFAs are another major factors affecting AD process stability and methane generation.
Monitoring changes in VFA concentration is crucial to signal the metabolic status
during AD (Lu et al., 2017). Figure 4-14 shows weekly changes in VFAs for these
reactors. The concentration of acetic acid from biochar-supplemented reactors and
the control at day 9 were an average 1.25 + 0.08 g L' and 1.38 g L, respectively.
Then, the concentration of acetic acid from all the digesters decreased by 60% by day
16. All reactors continued the decreasing trend that the concentrations of acetic acid

from reactors with supplementation of biochar HD, WSP and RH were reduced by
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57%, 53.8% and 55.3%, higher than that of the control (31.5%) from day 16 to day 23.
The addition of HD biochar resulted in a slightly decrease in acetic acid concentration
by 2.8% from day 30 to 38, whereas increased acetic acid concentrations were
observed from other treatment groups with an average of 27.9+0.14%. It implied a
considerably better degradation in HD biochar-amended digester, might result in a
higher methane production at that stage. After the introduction of additional
ammonium carbonate at day 38, methane production from these reactors started
dropping by 54.8-71.4%, displaying complete inhibition of methane production. On the
other hand, acetate contents for all digesters increased by 44.4-67%, subsequently
led to a significant fluctuation in the digestate pH. This finding is in line with the results
of Zhang et al. (2019) reported a reduction of acetate in the range of 80.62-86.98% in
the digestion of municipal wastewater with supplement of corn straw biochar. Over the
course of these two stages, the concentration of acetic acid from reactors with
supplementation of biochars were average 0.69 + 0.36 g L', which was considerably
lower than that of the control group (0.93 + 0.38 g L™). It implies that biochar
supplementation has the potential to improve acetate degradation during co-AD and

promote rapid utilization of acetate to biogas.
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Figure 4-14. Variations in the VFAs concentrations (a) acetic acid and (b) propionic acid.

Propionic acid is also an important intermediate for methanogenesis. When excess
propionate accumulates in the digesters, the conversion of propionate to acetate and
hydrogen becomes thermodynamically unfavourable, affecting syntrophic metabolism
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(Dang et al., 2017; Zhang et al., 2019). Changes in the concentration of propionic acid
of the aqueous phase of the digestate are shown in Figure 4-14 for the control and
biochar-supplemented reactors. The initial concentration of propionic acid from these
reactors were similar with an average of 0.29 + 0.03 g L' by day 9. The concentration
of propionic acid for the control rose by 46.95% by day 16. We saw a similar pattern
in HD biochar treatment group with a little increase of 24.1 %. These values from these
digesters followed by a sharp decline of 82.1 + 0.02 % by day 23. In addition, the
average propionate concentration of the control during the AD process was 0.237 g/L,
which was still 19-31.7% higher than that of all biochar amended reactors. In RH and
WSP-supplemented reactors, the propionic acid concentration was gradually reduced
by 44.4 and 76.9% with an increasing trend in biomethane production between day 9
and day 30, indicating an improved degradation of propionate with the addition of
biochar. Furthermore, reactor with supplementation of biochar HD maintained at a
concentration of 0.06 + 0.01 g L™ propionic acid for 15 days until day 38. Whereas
RH and WSP-supplemented conditions, propionic acid concentrations showed an
increase of 87.5% and 50% from day 30 to day 38. After the ammonia concentration
lifted, a sharp increase in propionic acid concentration was observed for all the
reactors with an average of 0.34 + 0.02 g L' similar to the control of 0.36 g L™,

suggesting a strong inhibition in the AD system.

Throughout the experiment, we saw an improvement in degradation of propionic acid
in reactors with supplementation of biochars. Likewise, Luo et al.(2015) reported 11.4
to 30.3% enhancement in methanogenic log with a faster degradation of propionate
for AD of pulp sludge with supplementation of fruitwood biochar. In contrast, a recent

study reported that total VFAs concentration of digestate was maintained at a relatively
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low level (4.92-7.10 g L") during digestion of piggery wastewater with addition of rice
straw biochar at 2-10 g L' (Cheng et al., 2020). The improved degradation of VFAs
with addition of biochar can be attributed to the electron-donating and electron-
accepting capacity of biochar, resulting in the faster metabolism of propionate via
biochar-mediated direct interspecies electron transfer (DIET) between
propionate/acetate oxidation bacteria (Zhao et al., 2016; Zhang et al., 2019). As a
result, employing biochar in co-AD enhanced methanogenic activity and syntrophic
pathways. It is important to note that biochar types had no significant effect on the
amount of VFAs degraded, however biochar-treated reactors showed a potential to
change the degradation rate and attain a stable condition when compared to the

control.

4.3.3.2. Changes in ammonium concentrations

Ammonia inhibition is seen as the primary reason of reduced methanogenesis and
system failure during the high-solid AD process (>3 % TSS) (Chiappero et al., 2020).
The concentration of ammonia is proportional to the ammonium concentration, pH
value, and temperature. An optimal ammonium concentration might ensure AD
stability and methanogenic activity by neutralizing the organic acids and providing
methanogens nitrogen source (Rajagopal et al., 2013; Jiang et al., 2019; Yu et al.,
2021). However, excess ammonia concentration (>4.2 g/L) has the potential to cease
biogas production due to hydrophobic ammonia’s ability to passively cross the cell
membrane and provoke proton imbalance (Rajagopal et al., 2013; Li et al., 2018; Jahn

et al., 2020).
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Figure 4-15. TAN concentrations of the CSTR digesters over the course of experiment.

Figure 4-15 shows changes in the TAN concentration of the digestate for these
reactors, and immediately noticeable is that the ammonia concentration in all reactors
present a decrease of an average 17.8 + 0.03% by day 16. Of note is that biochar
RH-supplemented reactors had ammonia concentration with value of 5.37 g L' by day
9 compared to 5.04 g L for biochar WSP-treated reactor, 4.98 g L' for reactor with
supplementation of biochar HD and 5.03 g L™ for the control by the same time point.
The shape of the curves for biochar-treated reactors differs noticeably, with an
increase of 15.9 + 0.04% in TAN concentration by day 23. This was not seen in the
control, as the curve retained at the same level with ammonia concentration of 4.29 g
L' by day 23. Biochar RH-treated reactor had a greater ammonia concentration (4.35

g L") than the other treatment conditions, presenting a 17.2% decrement in TAN
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concentration. WSP and HD biochar supplemented reactors reduced concentrations
of their TAN with a 25.5 + 0.01% reduction to a value similar to that of the control
(23.8%). Under high ammonia stress from day 38, biochar RH-treated reactor’s TAN
were continued to reduce by 16.2%. Similar pattern was also shown in reduced TAN
concentration (by 5.96%) of biochar HD-supplemented reactor. On the other hand, the
control and biochar WSP-treated reactor showed a little increase by 1.77% and 1.37%,
respectively at the same time point. Then, a reduction was observed in TAN
concentration of the WSP and HD-supplemented reactors (a decrease in TAN
concentration of an average 3.90 + 0.02%) compared to the control with a reduction
of 10.5%. In contrast, the addition of biochar RH causes a 4.97% increase in the TAN

concentration of the digestate in reactor by the end of the experiment.

The absolute TKN content is an index for the amount of nitrogen that is present as
both organic nitrogen and TAN. Changes in the TKN concentration of the reactors
were also monitored over the course of the experiment, showing in Figure 4-16. The
initial TKN concentration of biochar-treated reactor was an average of 7.71 £ 0.2 g L
' to a similar value of the control (7.85 g L'). The presence of biochar RH had a
positive impact on the TKN removal in the reactor, resulted in a reduction of 4.35%.
The same finding was reported by Sanchez et al. (2021) that investigated mesophilic
semi-continuous anaerobic digestion of swine manure with supplementation of biochar
derived from wheat straw and corn straw at 500°C, and found a 13% decrease in TKN
concentration in the reactors with biochar addition. Whilst, WSP and HD biochar-
treated reactors saw little increase in TKN concentration (0.76% and 2.0% increase,
respectively). These trends are mirrored by the change observed in TAN

concentrations under the same conditions. Furthermore, fluctuations of TKN
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concentration for biochar WSP and HD-supplemented digesters between day 23 to
day 38 are likely due to the altered nitrification transition by the addition of biochar
(Taghizadeh-Toosi et al., 2012). The other treatment conditions, on the other hand,
were able to return to the baseline TKN concentration by day 52. The addition of
biochar RH improved the TKN removal by 1.06%, led to a higher production of biogas

at the same time point (~day 46).
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Figure 4-16. TKN concentrations of the CSTR digesters over the course of experiment.

Furthermore, the average ammonium concentration (3.9-4.5 mg NH4*-N kg™') in all of
the treatment with biochar was slightly higher than that of the control group (3.82 mg
NH4*-N Kg') . The highest mean ammonium concentration (4.5 mg NH4*-N kg™') was
observed in the treatment with supplementation of RH biochar. Biochar supplemented
digesters increased cumulative methane production significantly under higher
ammonium concentration conditions. These difference could be explained by an
enhanced disintegration of inoculum and the consequent availability of more

biodegradable organic compounds with biochar addition (Jahn et al., 2020). These
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observations were in line with the study of Jiang et al. (2019) that revealed a stable
digestion of cattle manure at up to 6 g/L of ammonia concentration after 6 months of
operation. Similarly, Yu et al. (2021) recorded an enhanced AD process by improving
the degradation of lignocellulose biomass using corn stover biochar under high
ammonium concentration. Meanwhile, previous studies suggested that biochar
addition was negatively correlated to ammonia, but mitigated ammonia inhibition by
promoting ammonia inhibition on the surface of biochar (Shen et al., 2015;
Taghizadeh-Toosi et al., 2012). Furthermore, biochar can be used to adsorb the
available ammonia and reduce its toxicity by converting few ammonia to bioavailable
nitrogen (Tu et al., 2020). Because of the limited ability of adsorbing ammonium ion
on increasing ammonia stress in the second stage, it is important to consider that the
alleviation of ammonia inhibition in the first stage by biochars is likely dependent on

biochemical rather than physiochemical causes.

Meanwhile, the available research related to the ability of biochar to reduce the toxicity
of ammonia inhibition on an AD digester is still to a high degree of uncertainty. Cai et
al. (2016) suggested that the addition of biochar did not affect the degradation of
proteins nor adsorb significant amounts of ammonium due to the similar nitrogen level
between biochar-treated reactor and the control. In contrast, a study showed that
biochar with higher adsorption capacities is based on the physiochemical reasons,
and the use of biochar under high ammonia stress can enrich methanogens (LU et al.,
2016). Additionally, our study found out that with increased ammonia concentration (6
g kg"), the addition of biochar resulted in an apparent increase in methane production
and biogas productivity from co-digestion in the BMP test. Therefore, it can be

expected that the ability of biochar in increasing the methane production in the

147 University of Edinburgh



anaerobic digestion of nitrogen-rich feedstock are not solely based on its adsorption
capacity, whereas biochars could stabilize the ammonium level under higher ammonia

stress.

4.3.3.3. Organic removal efficiency

Take the consideration of converting the organic parts of biowastes into biogas, it is
important to determine the removal efficiency of organic wastes. It has also been
considered as the main indicator for evaluating the AD performance. As such, the AD
efficiency in this study was examined by the TSS and VSS removal efficiencies (Figure
4-17). A 19.1 + 0.01% increment in the TSS removal efficiency in biochar-amended
digester was observed, which was higher than that of the control group (a 12.73%
reduction). Then, all the reactors exhibited gradually decreases in TSS content, with
an average of 3.39 + 0.16 TSS (% FM) at day 45. Among them, bioreactors with
addition of RH biochar has great TSS removal efficiency by reducing 40.15 + 0.05%.
Our findings are in agreement with study by Sanchez et al. (2021) that an average
TSS removal efficiency was 47.7+6.7% in the semi-continuous anaerobic co-digestion
at a organic loading rate of 3 g/L. Martinez et al. (2018) also found that the use of
biochar (30 g/L) derived from vineyard purnings in co-digestion of sewage sludge and

orange peels resulted in 62-67% removal efficiency.
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Figure 4-17. Changes in TSS and VSS content of digestate of the CSTRs reactors.

Figure 4-17 shows changes in the VSS content across all the reactors. The addition
of RH biochar enhanced VSS removal efficiency by 8.63% by day 23, implying that
RH biochar can stimulate organic removal efficiency at a lower range of TAN
concentration and facilitate the transformation of free ammonia to bio-available
ammonia (Martinez, 2018; Sanchez, 2021). Meanwhile, biochar RH-treated reactor
showed a lower level of VSS content at 70.91 + 0.66 VSS (%TSS) than that of other

biochars with an average 74.85 + 0.41 VSS (%TSS). Wambugu et al. (2019) suggests

149 University of Edinburgh



that the presence of trace elements such as Fe, Co, Ni and Mn (in quantities less than
10 mg/kg) in biochar can stimulate the anaerobic process by enhancing degradation
efficiency. These elements are essential for methanogenesis, involving the action of
acetyl-CoA synthase and methyl coenzyme reductase to catalyse crucial metabolic
steps. Another possibility is that biochar addition can enrich electroactive bacteria
such as acetoclastic methanogens that is capable of participating in DIET, therefore
accelerating substrate degradation (Zhang, 2020). Whereas, we did not see a strong
influence of biochar WSP and HD on the VSS removal efficiency. Moreover, at end
the test, the average VSS removal efficiency of all treatment was 2.5+2.4%, which was
much lower than the reported level (Martinez, 2018). Wang et al. (2021) reported that
biochar with high electrical conductance but less redox potential did not enhance the
degradation efficiency of anaerobic digestion of kitchen wastes. In addition to that,
most of the results reported in the literature corresponded to studies carried out in
batch mode and not in continuous mode where the stimulatory effect of the biochar
decreases with the course of the process (Wambugu, 2019; Indren, 2020; De Vrieze,

2016).
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4.4. Conclusions

Table 4-3. Main findings from Chapter 4.

Biomass Pyrolysis pH Electrical Biochar Maximum biogas Cumulative gas Maximum
Temperature conductivity dosage production rate production (mL/g) methane
(°C) (dS/m) (batch; (mL/g/d) content (%)
CSTR) Batch CSTR Batch CSTR Batch CSTR
68.9 (no
Rice husk 550 9.71 0.48 2gl6% otemal g, 4192(TANE 1000 g41 556
ammonium mg/kg)
added)
Wheat _
straw 550 9.94 17 2gi;6% 2(0ANo 753 4716 (TANG=6 1950 39 583
=6 mg/kg) mg/kg)
pellets
Hardwood _
chips and 500 953 2697  2g/L;6% 22(TANo 449 485.5(TANG=6 5400 644 583
digestate =6 mg/kg) mg/kg)

In this study, the addition of biochar on anaerobic digestion under different ammonium
nitrogen stress was investigated and the effectiveness of digester design aimed at
biogas and biomethane productivities were assessed. It was shown that the addition
of RH biochar improved biogas productivity at a low level of ammonia stress. Biochar
WSP and HD increased the biogas and methane yields under no and/or higher
ammonium stress. The ammonia adsorption capabilities of these biochars were
insufficient based on the analysis of TAN and TKN removal efficiency for biochar-
treated reactors and the control reported in this work. As previously demonstrated in
Chapter 3, the role of biochar on anaerobic digestion was proven to be due to
biochemical reasons. However, the limits of these investigations should be carefully
addressed. Because no biological tests were performed, the data must be interpreted
with extreme caution. It was also demonstrated that the physicochemical properties of
biochars were correlated to the feedstock type and manufacturing method. Although

these biochars possess limited ammonia adsorption capacities in this study, studies
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have proved the potential of maximizing biochars’ adsorption abilities by optimizing
feedstocks selection and other post-treatments. In addition, the use of biochar has
been shown to increase the VFAs degradation and promote the organic removal

efficiency.

152 University of Edinburgh



5. Application of hydrochar derived from agricultural

residues in anaerobic digestion of sewage sludge
5.1. Introduction

Agricultural wastes and residues are by-products from human activities related to food
production. Agricultural waste, or biomass, has the potential to be a valuable feedstock
for the production of fuel, enzymes, and chemicals (Tripathi et al., 2019). In Europe
alone, 660,000 tons of agricultural wastes are produced annually (de Diego-Diaz et
al.,2018). In 2016, 53.7 % of this was recycled, 23.5 % was landfilled, and 20.5 % was
burned (Istvan, 2020). China generated approximately 476.8 million tonnes of straw
and animal manure waste in 2017 (Wei et al., 2020). Of this, 35% was disposed
through landfill dumping and simple incineration (Wei et al., 2020). In 2019, over 500
million tonnes of crop residue were produced in India (Bhuvaneshwari, 2019). Instead
of utilizing energy, over 90 million tons of agricultural residue was burnt by local
farmers (Bhuvaneshwari, 2019; Kapoor et al., 2020). Improper treatment of
agricultural wastes such as landfills and open burning leads to greenhouse gas
emissions, odours, and surface water as well as underground water contamination
(Millati et al., 2019). Open burning of crop residues can also cause severe air pollution.
Jain (2014) determined that cumulative CO and CO2 emissions from the burning of
98.4 million tons of crop residue are 8.57 and 141.15 million tons respectively. Thus,
landfill and incineration are not only adversely impacting on environments, but also be

considered unsustainable solutions with high costs.
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Hydrothermal Carbonization (HTC) has emerged as a particularly suitable method for
conversion of agricultural biomass with high moisture content, as it does not require
energy-intensive drying of biomass before processing. The main product of HTC is a
solid carbonaceous material referred to as hydrochar. Because of high degree of
aromatization, hydrochar contains a considerable number of oxygen-containing
functional groups (Kang et al., 2012b). Hydrochar has low ash content and a large
surface area, making it a low-cost adsorbent for contaminants in aqueous solutions

(Takaya et al., 2016; Li et al., 2016; Fang et al., 2018).

Microbial degradation of agricultural waste is effective alternative for mitigation of
environmental contaminants and utilization of bioenergy (Bhuvaneshwari, 2019).
Complex substance in biomass can be degraded by microbial consortia to polymers
such as ethanol (Sharma et al., 2020). The microbial degradation possess an inherent
ability to adapt to wide environment without adversely impacts (Sharma et al., 2020).
Current microbial degradation techniques include hydrolysis, aerobic and anaerobic
digestion, and dark fermentation (Pathak & Navneet, 2017). Anaerobic digestion (AD)
is a well-established technology that is frequently used to convert organic residues
into biogas, which can then be utilised to generate power or refined to synthetic natural
gas (Caposciutti et al., 2020). The digestate from anaerobic bioreactors can be used
dewatered and applied as an agricultural fertilizer (Hosseini et al., 2019). AD is widely
used for the treatment of organic materials with a high moisture content, including
agricultural residues, wastewater treatment sludges, food waste, and other organic
materials. Previous studies found that anaerobic fermentation of protein-rich material
led to accumulation of free ammonia and was potentially toxic to methanogenic activity

when free ammonia content was higher than 600 mg/L (Dai et al., 2013; Rajagopal et

154 University of Edinburgh



al., 2013; Rasapoor et al., 2020). In order to mitigate inhibitions in AD, addition of
carbon material in AD can potentially reduce ammonia inhibition by balancing macro-

elements such as carbon-to-nitrogen-to-phosphorus (C/N/P) ratio.

The use of hydrochar in anaerobic digestion has also attracted growing interest
(Mumme et al., 2011; Reza et al., 2015; Wang et al., 2017; Tradler et al., 2018).
Hydrochar has shown capacities of alleviating inhibition, providing additional carbon
source and increasing biomethane generations. Arenas (2020) assessed the digestion
of pork dead carcasses using hydrochar from pine trimming to favour microbial
degradation. They observed a 24% biomethane production with the addition of
hydrochar, resulting in methane yields of around 470 L CH4 kg™ VSS added. Mumme
et al. (2014) also studied biogas production from AD of agricultural waste with
supplement of hydrochar obtained from wheat straw, and found that the addition of
hydrochar led to a 21% increase in biomethane yield. They also observed that
hydrochar intensified ammonia inhibition and was partially biodegradable in the AD
environment. However, there has been little research into the particular processes of
hydrochar's roles in anaerobic digestion, such as the importance of surface

functionality of hydrochar and its relationships to biomass composition.

Therefore, the goals of this study were to: (i) explore the physicochemical
characteristics of hydrochars derived from a range of different biomass (rice husk,
wheat straw pellets, oil seed rape and alkali lignin); (ii) investigate the influence of
lignin content on hydrochar yield and surface functionality; (iii) determine the effect of
hydrochars on the performance of mesophilic anaerobic digestion and the potential of

hydrochar to promote methane generation and biogas production. Overall, this work
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was aimed at developing a better understanding of the hydrochars’ physicochemical

properties and how this may impact their functions in anaerobic digestion.
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5.2. Results and discussion

5.2.1. Physiochemical properties of hydrochar

5.2.1.1. Yields of hydrochar derived from agricultural residues

It is well known that feedstock type are key component of influencing the HTC process,
the products yield and properties of the resultant products. This study aimed to
understand the effects of biomass type on the HTC performance. Three lignocellulosic
biomass were used in this study (Table 5-1) and converted into hydrochar under same
process conditions. Lignin, the largest non-carbohydrates component (15-40%) in
lignocellulose biomass (Yoo, 2020), was also used to determine the effects of lignin
on hydrothermal conversion process. It is hypothesized that the carbonization degree
of the hydrochar depends on the composition of the raw materials, and the hydrochar

derived from lignin biomass has higher aromatic structure content.

The feedstock type had a remarkable influence on the hydrochar yield. Hydrothermal
treatment of used lignocellulosic biomass yielded 45.1-61%, while HTC of lignin
achieved to a hydrochar yield of 85.6% (Table 5-2). With the increase of lignin content,
the hydrochar yield of these lignocellulosic biomass increased, followed a trend as:
OSR<WSP<RH. This agrees with previous report of the HTC of lignin, woodmeal and
cellulose, revealing that the char yield from lignin HTC was the highest one (Kang et
al.,, 2012a). Lignin has a stable phenolic structure, which is favourable to char
formation via a condensation reaction, resulting in higher hydrochar yield (Kang et al.,
2012a). Meanwhile, lignocellulosic biomass consists of cellulose and hemicellulose,
small portions of lipids and proteins. The thermal decomposition of biomass is related
to the biomass composition such as hemicellulose (150~300°C), cellulose

(315~400°C), and lignin (160-900°C) (Lester, 2007; Carrier, 2016). The major portion
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of lignocellulosic biomass is made up of cellulose, and their chains are individually
arranged as cellulose fibres and are attached via hydrogen bonding (Khan, 2021).
Lower solubility of cellulose resulted to lower hydrochar yields from RH, WSP and
OSR biomass than lignin under current temperature condition (250°C) (Liu & Zhang,
2009). Previous studies suggest that completed hydrolysis of cellulose requires higher
temperature, ranging from 280-320°C and longer reaction time (20 h) by hydrothermal
conversion (Hashaikeh et al., 2007; Kang et al., 2012a). Another possibility is that
secondary decomposition and further conversion of condensable to incondensable
gaseous products occurred during the HTC process. Reductions in the solid product
of cellulose have been seen due to better degradation by fragmentation of larger
molecules into liquids or incondensable lower molecular gas at temperature above
200°C. Dong (2019) reported an increase of methane from HTC of pea pod was seen
as the temperature increased from 250°C to 350°C. Similarly, Basso (2016) tested
hydrothermal treatment on grape marc at 180, 220, and 250°C, and found gaseous
phase is preferred to the solid product thereby reducing the solid yield at increased
temperatures.

Table 5-1. Yield of hydrochar and fuel characteristics.

Solid yield C recovery HHV
Material Biomass
(wt.%) (%) (MJ/Kg)
RH Rice husk 61 78.21 17.68
WSP  Wheat straw pellets 53.9 76 25.19
OSR  Oilseed rape pellets 45.1 68.22 28.96
AL Alkali lignin 85.6 79.78 22.08
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In addition to that, cellulose is a polysaccharide linked by hydrogen bonds between p-
glucopyranose units forming chains which resulting in various degree of crystallinity
(Paksung et al., 2020). The hydrolysis of crystalline cellulose is supposed to be slower
due to thesis inter- and intra-molecular forces (Dinjus, 2011; Takada, 2018). The
crystalline-to-amorphous transformation has to been taken before hydrolysis when
supercritical water destroyed the crystal structure at an sufficient reaction temperature
(Deguchi, 2008; Takada, 2018). In the case of lignin, as a phenolic polymer, the
majority of lignin fragments are hardly changed, and may reduce the hydrolysis rate
when the temperature of hydrothermal carbonization is not high enough (less than
377°C) (Fang et al., 2008; Kang et al., 2012b). Only a small fraction of lignin can be
dissolved in water with the temperature under 200°C (Hashaikeh et al., 2007). While
the process temperature in this experiment is 250°C, and thus it can be expected that
the water-solubility homogeneous reaction may not be the predominant pathway of
producing hydrogen from lignin. Literature suggested that solid-to-solid conversion is
the preferential alternative to produce polyaromatic char from the non-dissolved lignin
(Fang et al., 2008; Dinjus, 2011). Furthermore, hemicellulose is a pentose polymer
linked by hydrogen bonds between celluloses and associated lignin with covalent
bonds, consequently forming the plant cell walls (Sun, 2010; Wang et al., 2018). As
compared with lignin, hemicellulose is easier to degrade into monomers at lower
temperature. It has been reported that hemicellulose can be dissolved at 180°C, and
the resultant monomers undergo polymerization reactions to form hydrogen (Fengel

& Wegener, 2011; Kang et al., 2012b).
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Table 5-2. Hydrochar yields from different feedstocks.

Biomass Biomass category HTC temperature (°C) Char yield Reference
(Magdziarz,
Acacia HC Woody biomass 200 70 2019)
Agave pulp Agricultural biomass 180 54.2 (Merzari, 2018)
220 50.9
250 34.8
(Ramesh,
Arecanut husk Agricultural biomass 200 58.72 2019)
(Oliveira,
Dry straw Agricultural biomass 220 495 2013)
Organic municipal (Ozlgqeéra,
Poultry manure wastes 220 52.5 )
180 7.4 _ _
Rice husk Agricultural biomass 200 73.42 (N'Zza(;q‘é‘;d'”’
220 65.6
250 55.19

5.2.1.2. Proximate and ultimate analysis

As shown in Table 5-3, the carbon content, hydrogen-to-carbon (H/C) ratio, and
oxygen-to-carbon (O/C) ratio in all of these hydrochars are among 35-42%, 16-20 and
0.57-0.79, respectively. The carbon (C) recovery (%) in the produced hydrochars
ranges from 68.2-79.8%, which is lower than the reported value of C recovery from
pyrolysis (80-94.5%) (Arauzo et al., 2020; Kang et al., 2012b). It might be explained
by improved polymerization reactions during high-temperature pyrolysis resulting in
increased formation of aromatic structures (Yuan et al., 2015). Meanwhile, hydrochar
derived from alkali lignin has higher carbon recovery as compared to other feedstocks.
This agrees with the value of Table 6-2, showing that the C content in alkali lignin
hydrochar is higher than in other hydrochars. Furthermore, the higher heating value

(HHV, MJ kg') is another characteristic parameter to evaluate fuel properties of
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hydrochar. The HHV values of these hydrochars are between 17.67-28.96 MJ kg™,
which are in the same range of reported levels. Arauzo (2020) conducted hydrothermal
carbonization for sewage sludge granules at 260°C, and obtained hydrochar with a
HHV between 12.4 and 31.1 MJ kg-'. Meanwhile, hydrochar with HHV among 24-30
MJ kg™ can be considered as the equivalent to the medium-rank and high-rank coals
(Kang et al., 2012b). Furthermore, carbonization degree relates to the aromaticity and
polymerization during the HTC process. The aromaticity increased as the
carbonization degree increased. Noticeably, both the C content and HHV value of RH
hydrochar were considerably lower than that for the other hydrochars, which might be
attributed to the higher content of silica in the original feedstock. Our findings were
also in agreement with the study by Kalderis et al. (2014) that hydrochar rice husk
produced at 300°C and 6 h residence time had a heating value of 17.8 MJ/kg and a
fixed carbon recovery of 113%. Previous studies suggested hydrothermal
carbonization of biomass with higher silica contents has lower carbonization degree
due to that exceed silica inhibited the HTC process by shielding carbon from biomass
to the char products, resulting in incomplete carbonization (Fagbohungbe et al., 2017a;
Kang et al., 2012a).

Table 5-3. Proximate and ultimate analysis of hydrochars.

Volatile Volatile matter Total ash

Biochar matter (%) (%) (%) C (wt.%) HIC o/C
RH 3 41 27 4.59 0.59 0.56
WSP 3 52 10 5.68 0.64 0.30
OSR 3 57 5 6.14 0.75 0.20
AL 7 38 21 4.97 0.74 0.42

The degree of coalification and reaction pathway is represented in the van Krevelen

diagram (Figure 5-1), where the O/C and H/C atomic ratios of biomass feedstock are
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compared with the produced hydrochar and typical coals including peat, lignite,
bituminous and anthracite. As expected, biomass feedstocks have higher O/C and
H/C ratios compared to hydrochars. During the HTC process, the initial carbohydrates
undergoes dehydration and deoxygenation reactions, and further forms carbon-rich
materials (Diebold, 1994). Meanwhile, these reactions associate with elimination of
water and carbon dioxide (Paksung et al., 2020), attributing to differences in chemical
composition of the resultant hydrochar. Dehydration can lead to an increased carbon
content in hydrochar by 65% (Jung, 2018). In this study, dehydration occurred during
the HTC process for all used feedstocks. The H/C ratio before and after the HTC of
rice husk dropped from 0.11 to 0.05, resulted in a 55% decrease. Hydrothermal
treatment of Oilseed rape pellets also led to decrease of H/C ratio by 42%. The H/C
atomic ratio of these hydrochar are in a range of value similar to those reported in the
literature (Sharma, 2019; Arauzo et al., 2020). In addition to that, decreasing trend
was also observed in the O/C ratio with a 20% (from 2.20 to 1.75) decrement after
hydrothermal treatment of rice husk. Hydrothermal treatment also caused a reduction
in the O/C ratio by 70% (from 0.69-0.2) for hydrothermal conversion of oilseed rape
pellets. These results show an efficient dehydration and deoxygenation occurred
during the HTC process. Meanwhile, a higher atomic O/C ratio can reflect a low
carbonization grade with presence of polar functional group (Wiedner et al., 2013).
The O/C ratios of these hydrochar range from 1.27 to 1.75, which implies that those
hydrochar are close to lignite with similar atomic ratios. Differences of O/C ratio
between RH hydrochar and other chars can be attributed to higher lignin content of
rice husk (Wiedemeier et al., 2015). Furthermore, higher ash content in feedstock can
be attributed to the retard aromatization, consequently resulting in a higher O/C ratio

(Mukome et al., 2013). Previous studies reported that a high condensation of aromatic
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ring system with H/C ratio less than 0.3, whereas poor aromatic condensation occurs
with H/C ratio more than 0.7 (Hammes et al., 2006; Wiedemeier et al., 2015; Wiedner
et al., 2013). In this study, the H/C ratio of all hydrochars are higher than 0.6, while
only RH and AL hydrochar have an O/C ratio over 0.4. Then, as expected,
hydrothermal carbonization of rice husk and alkali lignin tends to form mainly aliphatic
compounds in the resultant products (Méndez et al., 2019). It can also be assumed
that hydrochars derived from wheat straw pellets and oilseed rape pellets have higher
contents of aromatic compounds. Meanwhile, molecular structure and size of the
aromatic cluster in hydrochar could be stimulated by a prediction model on the basis
of the H/C ratio (Xiao, 2016). Itis supposed that the distribution of aromatic rings would
form a rectangle-like shape, and the corresponding structure of char follows the same
pattern. In this structure, hydrogen atoms are linked to the marginal carbon and
theoretically expressed as CnHn (Where m is the row number and n is the column
number). Correspondingly, these hydrochars with H/C ratios of 0.05-0.06 are assumed
a 50x50 rectangle with a turbostratic aromatic cluster structure. This finding is also
confirmed by Zhang et al. (2020) that the char product transited from amorphous to a
composite with a graphene-like structure during the carbonization process. Meanwhile,
this model limits to considering hydrochar as a whole as the integrated skeletal
structure. Further research may be needed to confirm the formation and transition

mechanisms during the HTC process.
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Figure 5-1. The Van Krevelen of applied hydrochars and their raw biomasses. The O/C and
H/C atomic ratios of typical coals including peat, lignite, bituminous and anthracite are also

shown. Mean of results, n=3.

The volatile matter (VM) of these hydrochars ranged from 38 to 57%, and of which
that OSR hydrochar has the highest VM content of 57% (Table 5-3). The fixed carbon
(FC) content of these hydrochar were among 13-52%. According to the principle of
mass conservation, the FC content is associated with the volatile matter which serves
as a raw material for its production during the carbonization process (Gao et al., 2019;
Woist et al., 2019). As aforementioned, high ash content in rice husk may restrain the
polymerisation and consequently lead to a reduction of C content in the resultant
hydrochar. Another possibility for the lower FC content of RH hydrochar is associated
with its structure and chemical properties. In addition, the degradation of complex
lignin in rice husk may only occur at higher temperature. Furthermore, the ash content

of these hydrochars varies from 5 to 27%. The highest ash content was found in RH
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hydrochar, which might be attributed to the destruction of volatile matters and no

degradation of the mineral compounds at these conditions (Syed-Hassan et al., 2017).

5.2.1.3. The pH and EC of hydrochars

Hydrochars produced from llignocellulosic biomass showed a pH ranging from 4.01 to
5.23, which are close to reported pH level (5.0-7.5) . The acidic pH of hydrochar is due
to acid-catalysed dehydration of monosaccharides dominated the HTC process,
resulting in the formation of acidic functional groups on hydrochar surface (Jain, 2016).
In contrast, hydrochar derived from lignin showed an alkaline pH of 9.52. It has
reported that dissolvable lignin is decomposed into phenolic products such as syngas
and phenols by hydrolysis and dealkylation; these intermediates are further formed
phenolic char (Fang et al., 2008). While the non-dissolved lignin tends to form highly
condensed char with polyaromatics at low temperatures via solid-solid reaction
pathway (Saha, 2019). Therefore, base-catalysed dehydration of carbohydrate is
suggested to be undergoing during the HTC of alkali lignin.

Table 5-4. pH and water-soluble EC of hydrochars.

Biochar pH EC (uS/cm) pH EC (uS/cm)
1 hr 24 hr
RH 3.92 62.1 4.81 56.4
WSP 410 108.75 3.96 143.15
OSR 5.17 1345 8.93 1401
AL 9.53 145.85 5.09 218.45

Water-soluble electrical conductivity (EC) for these hydrochars is presented in Table
5-4. The EC value of all these hydrochars is among 56.4 to 1401 uS cm™'. Hydrochars

derived from lignocellulosic biomass showed relatively low values, which might be

165 University of Edinburgh



attributed to the decomposition or valorisation of the most dissolved salts in the
process water during the HTC process (Yuan et al., 2015). Meanwhile, the majority of
hydrochar shows an increasing EC value after the 24-hours incubation, whilst the EC
of RH hydrochar decreased by 9%. This could explained by adsorption of dissociated
salts from process water to hydrochar during the HTC process (Chen et al., 2017),
and further desorption from hydrochar to the analytical solution. Another possibility for
the decrement in EC of RH hydrochar is that this hydrochar has lower pH than all other
hydrochars. Ren (2017) suggested that EC serves as an indicator of salinity, and
decrease in salinity of hydrochar’s applied environment is depended on the decreasing
electrical conductivity of hydrochar. On the other hand, OSR hydrochar shows a
highly-conductive behaviour, with a EC value of 1401 yS cm™. The high electrical
conductivity is associated with the redox groups on the surface of hydrochar and its

chemical properties.

The electrical properties are also associated with microscopic parameters (such as
the molecular structure and intrinsic EC of the solids) and macroscopic parameters
(applied pressure and compression ratio, etc). In this study, electrical conductivities of
these hydrochars were analysed in the function of resistance (Figure 5-2). All
hydrochars show semi-to-high conductive properties (Hoffmann et al., 2019), with the
value of around 10* S m™'. Furthermore, the increment in EC values is observed for all
hydrochars, which is proportionally attributed to the applied pressure. The greater
increase in electrical conductivity of all tested hydrochars was observed at the applied
pressures from 100 to 1000 bar. The highest increment (93%) was found in RH
hydrochar with a EC value of 258.45 S m™'. Then, the electrical conductivity for RH

and OSR hydrochar mildly decreased by 22.2+0.11% with increasing applied pressure
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from 1000 to 2500 bar. In the meantime, AL hydrochar maintained the same level of
electrical conductivity (265.6+0.007 S m-') with increasing compression pressure from
1000 to 2500 bar. Whereas electrical conductivity for WSP hydrochar increased by 2-
fold under the same compression level. The increment of EC for WSP hydrochar can
be due to that compression eliminates the empty space in the internal structure of the
hydrochar through collapse and flattening of porous structure, resulted in an internal
fracture (Gabhi, 2017). Therefore, better contacts between individual carbon particles
leads to higher electrical conductivity. Meanwhile, a great fluctuation in electrical
conductivities for WSP and OSR hydrochars was observed when the applied pressure
increased to 4500 bar, and followed by an sharp increase. The fluctuation may be due
to the elastic properties of EC and contact resistance (Gabhi, 2017). Whereas EC for
RH and AL hydrochars continued to increase by 52.2+0.02% from 4000 to 5000 bar.
The highest electrical conductivity was observed for AL hydrochar, with value of
354.6+0.01 S/m. Among the lignocellulosic biomass derived hydrochars, RH
hydrochar with higher ash content (27%) has an EC of 252.6+0.13 S/m, which was
1.5+0.41 times higher than that of WSP and OSR hydrochar with lower ash content
(7.5£3.53%) These results also showed that the electrical conductivity was

proportional to the ash content.
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Figure 5-2. Electrical conductivity (S/m) of hydrochars under compressions.

In theory, the behaviour of hydrochar during the compression movement might be
explained by two pathways (Figure 5-3): (1) the formation of carbon agglomerate
during compression and consequently the void among particles compacts and/or
collapsed; (2) the fragmentation during the extrusion process where the polymer chain
flatted creating spaces for carbon particles. Accordingly, the positive influence of
applied pressure on the conductivity value in the first compression movement could
be due to the dispersion of carbon particles inside the hydrochar matrix. The
differences in the increment ratio during the first stage are reasonably attributed to the
initial feedstock structure and chemical properties. Wheat straw and oilseed rape were
pelleted before the HTC process, while no pre-treatment was applied to the other
feedstocks. It has been reported that pelleting process can result in partial
deconstruction of plant biomass attributing to high shearing and mixing force coupled

with heat development (Guragain et al., 2013; Theerarattananoon et al., 2012).
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Notably, the effect of pelleting may vary wildly from biomass to biomass. Furthermore,
as the high pressure applied, the decrement of conductivity indicates the collapse of
carbon particles led to the low -1 interactions (Noori et al., 2020). At the final stage,
the increased conductivity of OSR and AL hydrochars shows a reversible plastic
formation during the extrusion. Another possibility for the increment is that the large
carbon particles in these two biomass were disrupted during the HTC process forming
a smaller sized well-dispersed particles which can prevent the formation of

conglomerate under high pressures (Giorcelli & Bartoli, 2019).

(a)

A (@) * B filler particles
W : polymer chain

Figure 5-3. Potential pathways of hydrochars under compression movement (Giorcelli

and Bartoli, 2019).

5.2.1.4. Water-extractable DOC of hydrochars

Dissolved organic carbon (DOC) is an important fraction of hydrochar, which can be
used for regulating nutrients transportation (Lei et al., 2018; Liu et al., 2019). DOC also
plays an important role in nitrogen circle under nitrogen-saturated conditions in aquatic
environment (Fang et al., 2009). Furthermore, DOC can influence the biochemical
transformation during =anaerobic digestion process because microbial metabolism
occurs in the water-soluble environment (Yekta et al., 2012; Xing et al., 2012).
However, exceed DOC may cause eutrophication and acidity of aquatic environment

(Dolling & Porter, 1994; Mukherjee & Zimmerman, 2013). In this study, the DOC of all
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hydrochars ranges from 18.82 to 137.76 mg L' (Table 5-5). AL hydrochar has higher
DOC concentration of 137.76 mg L', which might be due to higher solubility of larger
molecular (Chen et al., 2015a). Another possibility is attributed to higher extraction
rate of light-adsorbing organic compounds under strong alkaline conditions,
subsequently promoting the dissociation of carboxyl and phenyl groups (Liu et al.,
2019). AL hydrochar also has higher pH value than that of other hydrochars, which
may result in increased alkalinity of extraction solution. This finding is in agreement
with a study by Liu et al. (2019) that the alkaline ash content of the char products
contributed to the pH increased and further enhanced the dissociation of organic
materials in the surrounding environment.

Table 5-5. DOC and UV-vis analysis of hydrochars. Mean of results, n=3.

Biochar DOC (mg/L) E2:E3 S$275-295
RH 25.41 12 34 3.07
WSP 18.82 8.49 2.46
OSR 40.20 3.34 2.86
AL 137.76 3.16 2.82

Meanwhile, visual appearance of the extracted DOC solutions was further verified by
the UV-spectra. In general, the UV-vis absorption spectra of extracted hydrochar-DOC
samples were presented in bulk and featureless. It has been reported that the multiple
chromophores cause the occurrence of overlapping absorption bands (He et al., 2009;
Minor et al., 2014; Qu et al., 2016). In order to extract information from these UV-vis
spectra, several spectra ratios such as E2:E3 and Sz7s.295 have been determined in this
study. The ratio of spectra at 254 to 365 nm (called E2:E3) has been used for
regulating changes in the relative size of dissolved organics molecular (Helms et al.,

2008). They suggested that E2:E3 ratio decreased as molecular size increased due
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to the accumulation of high-molecular-weight DOC which can enhance light absorption
at longer wavelength. The slope coefficients of 275-295 nm to 350-400 nm have also
been used to compare DOC and the photochemically shift in molecular weight (Chen
et al., 2015b). In this study, E2:E3 ratios of all hydrochars were 12.34, 8.49, 3.34 and
3.16. Accordingly, the aromaticity increased as the E2:E3 ratio decreased (Helms et
al., 2008; Minor et al., 2014). It can be seen that the aromaticity increased in the order
of RH > WSP > OSR > AL, which has been confirmed by the ultimate analysis
discussed in previous section. As such, it is expected that higher aromaticity of
hydrochar is responsible for higher water solubility and its off-site transportation. The
difference in extracted DOC also relates to the biochar stability. This study determined
that all the hydrochars have relatively high solubility of dissolved organic carbon,
following in an order of AL > OSR > RH > WSP. This indicates that higher degree of
aromatization enhanced the accumulation of light-adsorbing organic compounds,
which may gradually release into the surrounding environment. While in the case of
RH hydrochar, it is assumed that a small fraction of organic matters from the raw
material remained and uncarbonized from the HTC, then leaching out to the aquatic
environment. It should be noted that this study examined water-extractable DOC of
hydrochar obtained from different pre-treated biomass. The hydrochar made from
unpelleted biomass has lower aromaticity and lower DOC concentration, suggesting
the potential relationship between particle size and DOC. Therefore, future works
could be directed to quantify and characterize DOC in hydrochars with various particle

sizes from micron to cm.
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5.2.1.5. Surface functionality analysis of hydrochars

Oxygen-containing functional groups play an important role in the redox-properties of
hydrochar (Ren et al., 2020). It is known that biochar can facilitate electron transfer for
microbial metabolism due to its redox-active properties (Wu et al., 2017; Yuan et al.,
2018). Therefore, it was hypotheses that hydrochar may have similar redox properties
which can also promote methanogenesis during the AD process. Furthermore, the
oxygen-containing functional groups are recognized as the main ion-exchange sites

(Saha, 2019).

The ATR-FTIR analysis was applied for all hydrochars to identify surface functional
groups. The predominant functional groups on the hydrochars’ surface were
presented in Figure 5-4. Peak assignment and identification have been determined by
following previous literatures (Schwanninger et al., 2004; Uddin et al., 2014; Jain,
2016). A noticeable broad peak at 3280-3350 cm™ was found in all hydrochars,
assigned to the O-H bonding from water. In addition to that, RH hydrochar has lower
hydroxyl content which might lead to an increase in hydrophobicity (Liu et al., 2013).
In addition, carboxylic acid group was more defined in OSR hydrochar which was likely
due to dehydration and decarboxylation of hemicellulose (Kambo & Dutta, 2015). In
addition to that, AL, WSP and OSR hydrochars shared similar functional groups such
as aliphatic C-H bonds at 2880 cm™' which assigned to alkyl groups, and the presence
of H,0 at 1660 cm™'. Peak at 1020 cm™* for aliphatic ether C-O stretching bond was
also observed in all hydrochars. While, The C=0 groups appeared at peaks of 1690
cm™ was only identical in WSP and AL hydrochars. Meanwhile, WSP hydrochar
shared similar peak intensities with AL hydrochar. Whereas, peaks from OSR

hydrochar have higher intensity which might be attributed to enhanced dehydration
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and decarboxylation promoting formations of C=0 and carboxylic acid O-H bands
(Funke and Ziegler, 2010). The presences of peaks at 1590 cm™' for alkene C=C and
780 cm™' for aromatic C-H bonding in most hydrochars were due to decomposition of
polymeric substances and the secondary reaction between hydrochar and processing
water after HTC that consequently forming hydroaromatic structures (Wang et al.,

2018).
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Figure 5-4. FTIR spectra of tested hydrochars
Meanwhile, the presence of C=0 stretching vibrations irreversibly relates to the
decarboxylation process. It has been reported that the stretching of C=0 bonding in

hydrochar decreased in the HTC process and nearly disappeared due to the
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degradation of carboxyl and acetyl group (Sevilla et al., 2011). Similar results were
found during the HTC of corn cob and miscanthus; C=0 vibrations were completely
disappeared after the HTC (Calucci et al., 2013). However, they reported that
dehydration of hydroxyl groups in the monomers derived from cellulose can contribute
to the formation of C=0 bonding for quinone, ester or carboxyl groups. Thus, the
presence of C=0 bonding in oilseed rape straw and alkali lignin hydrochars may be

due to above reasons.

5.2.2. Biogas and biomethane productions

The AD experiments were conducted in mesophilic conditions for 60 days, until the
biogas production was negligible. Figure 5-5 presents biogas production from sewage
sludge with the supplement of hydrochar. In the first 30 days, the biogas production
from the control achieved 55.58 mL g', which was considerably lower than the
average biogas yield of 478 mL g’ produced from co-digestion of WAS and nitrogen-
rich substrate (Hagos et al., 2017). The low biogas production from the control group
might be attributed to serious inhibition occurred in anaerobic digestion of mono-
substrate (activated sludge). Another possibility is that sewage sludge has a lower
content of carbon and nitrogen, requiring longer degradation time and/or other pre-

treatments to facilitate hydrolysis.

The biogas productions from bioreactors with hydrochar additions ranged from 28.32
to 53.66 mg g™. It followed the order of RH < WSP < OSR < AL. In addition, the type
of hydrochar used had a significant effect on cumulative biogas production. However,
the lowest biogas production (47.3 mL/g, 1.6 times lesser than the control group) was

observed in bioreactor with addition of RH hydrochar, indicating serious inhibition
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occurred during the AD process. The addition of RH also caused a four-days lag phase
in biogas production. On the other hand, the maximum daily gas production for these
tested groups were similar with an average value of 1.82+0.5 mL/g/d.
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The enhanced biogas production can be due to the alkaline properties of AL hydrochar
with pH of 9. 52 acted as a pH buffer alleviating acid accumulations. This is in line with
a study by Ren (2020) investigated effects of hydrochars derived from corn straw,
Enteromorpha algae and poplar wood on AD of cassava stillage. They found that the
hydrochar addition facilitated acetate degradation and further promoted biogas
production. Similar observations were reported by Wambugu (2019) about the role of
hydrochar produced from brewery residue in the AD of food waste. They suggested
that hydrochar could provide sufficient buffering to counter the acids accumulation at
moderate volatile fatty acids (VFAs) concentrations. Another possibility can be the
dissociation of DOC from AL hydrochar served as an additional substrate during the
AD process. This finding has been confirmed by previous studies which investigated
the possibility of hydrochar leaching out dissolved organic materials and nutrients in

the bioreactors (Kambo & Dutta, 2015; Wambugu et al., 2019).
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Figure 5-6. Cumulative biogas and biomethane productions (mL/g) from AD of sewage

sludge with hydrochar addition.

Meanwhile, biogas production from all treatment groups gradually reduced until the
end of experiment, except from the control group spotting a slight increase from day
56. Meanwhile, cumulative biogas vyields from all lignocellulosic biomass-based
hydrochar (with average of 65.1+12.1 mL/g) were lower than the control group (78.7
mL/g). The negative effect of hydrochar addition on the gas yield can be due to the
presence of aromatic component in hydrochar (Xiao et al., 2018). Furthermore,
hydrochar might exacerbate the ammonia inhibition. Mumme et al. (2014) found that
methane production from hydrochar added bioreactor was decreased and the
presence of hydrochar led to an ammonia inhibition with total ammonium nitrogen
(TAN) levels of 2.5-5.0 kg kg™'. The reason is that nitrogen compounds contained in
hydrochar such as NH> can be protonated into NH3 or NH4* (Yu & Dai, 2010; Zhou et
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al., 2020). It is known that NH4* has a negative effect on methane generation (Hadj et
al., 2009), and NH3z may also have the similar inhibition effect in the AD system
(Hameed et al., 2019; Pastor-Poquet et al., 2018). In addition, the protonation transfer
from NH2 to NH4* acquiring H*, which is negatively influence the direct interspecies
electron transfer for methanogen during the methanogenesis process (Wang et al.,

2019).

Average methane contents and cumulative methane yields during 60 days AD of
sewage sludge with hydrochar and control were shown in Figure 5-6,7. The average
methane content was ranged between 73.3-76.8% for biochar-amended group and
74.8% for the control, within the normal methane range yielded from anaerobic
digestion (Campuzano, 2016). The highest methane content, 76.8% was observed
from OSR hydrochar amended reactor. The enhanced methane production with
addition of OSR hydrochar could be attributed to surface structure of OSR hydrochar
with increased functional group density. Xu et al. (2018) reported that the highest
methane generation was obtained by adding 4g/L of hydrochar to AD of pig carcasses,
and found that the addition of hydrochar facilitated volatile fatty acids (VFASs)
transformation to biogas by increasing functional group density and microbial biomass
stability. Choe et al. (2019) stated that co-digestion of fish processing wastes with
bamboo hydrochar produced at 200°C increased methane yield by 127% over the
mono-digestion of fish processing wastes. While, among all the treatment groups,
hydrochar RH-treated reactor had lower methane content at 73.3%. This results of this
study agreed with Choe et al. (2021), which was found the addition of hydrochar
derived from tofu residue at 180°C resulted in a decreased gas production with the

lowest methane content of 47.5%. They suggested that the lower methane content

178 University of Edinburgh



was due to the Mailard reaction’s produced components such as furans, pyrroles and
pyridines at hydrothermal temperature of 180 and 200°C. The mildly negative effect of
adding RH hydrochar on the methane content might also be attributed to the formation
of phenol compounds in hydrothermal liquids, which are toxic to anaerobic bacteria

and could inhibit methanogenesis (Libra, 2011).
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The potential mechanisms of hydrochar on enhanced methane generation are
discussed here focusing on its chemical properties. One possibility for enhanced
methane generation is the decomposition of hydrochar, leading to the leakage of
soluble organic materials during the AD process and provide extra carbon sources
contributing to the overall methane yield (Mumme et al., 2014). In the present study,
an increment in water-extractable DOC was observed in all the hydrochars. However,
typical soluble organic matters in hydrochar have the humic acid-like and protein-like

structures such as tyrosine and tryptophan (Xu et al., 2020), which are resistant to
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biodegradation. Therefore, the contribution from dissolved organic carbon to methane
production may be limited and its role on facilitated hydrolysis of substrate should be
focused (Wei et al., 2020). Nevertheless, previous study reported that the presence of
aliphatic compounds in DOC and the hydrochar matrix might promote the microbial
growth and metabolisms (Freeman, 2001). Ji et al. (2020) also confirmed that
hydrochar can adsorb high molecular weight organic compounds and release
refractory organic matter into the applied environment. They found that the type of
dissolved organic matters was dominated by substances with lignin and carboxylic rich
alicyclic molecular-like structures. Another possibility for the enhanced methane
content is due to the alkaline nature of hydrochar (Fidel et al., 2017). Gao et al. (2015)
reported that the buffering system in the AD of kitchen waste was enhanced by the
addition of hydrochar. The potential mechanism can be explained by the following
equation:
CxH,COOH + NH; - H,0 > C,H,CO0™ + NH," + H,0

In the present study, this hypothesis was confirmed by the highest biogas production
from alkali lignin hydrochar amended bioreactor, which was attributed to its alkaline
nature with a pH value of 9.52. Furthermore, the promoting effects should be
associated with functional groups on the surface of hydrochar. In the present study,
the results showed that the less oxygen-containing functional groups were exhibited
in RH hydrochar. The absorbance peaks of OSR hydrochar were more abundant and
that of AL hydrochar were more sharper than other hydrochars. It is known that the
peaks of 874, 1610 and 2921 cm™' are assigned to the bonding with aromatic structure
in hydrochar (Xu et al., 2020). Meanwhile, other oxygen-containing functional groups
such as the C-H bond in alkanes and O-H bonding in phenols, esters and alcohols

were appeared in these two hydrochars. Functional groups such as phenolic hydroxyl
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and benzo-quinolyl have proven as the major redox moieties, which can act as
electron donor or acceptor of carbonaceous matters (Ratasuk and Nanny, 2007;
Klupfel et al., 2014). Hence, presences of redox moieties can promote
methanogenesis process (Zhou et al., 2020). The aromatic structure (1r-electron) in
hydrochar is also recognised as the active moieties for electron transfer (Mai et al.,
2017). As aforementioned, all the hydrochars have relatively high electrical
conductivity. Therefore, the more abundance oxygen-containing functional groups on
the surface of hydrochar and its high electrical conductivity can favour microbial growth
and metabolism by promoting the electron transfer, consequently achieving the

purpose of enhancing methane production (Wang et al., 2020; Xu et al., 2020).

It should be noted that most of the hydrochar used in this study were produced from
agricultural residues. The chemical properties and catalytic moieties of hydrochar can
be tailored by the HTC temperature and retention time. Hydrochar can also remain in
the digestate after fermentation, which could potentially add the value to digestate.
Therefore, this study showed that hydrochars produced from agricultural residues and
can be used back into the waste treatment system by applying to the AD system to
stimulate the sustainable energy production process. The present study was
conducted in lab-scale batch experiment. Larger-scale experiments using continuous
stirred tank reactor (CSTR) and field-level digesters should be considered in the future
work. Although hydrochar can considerably promote methane generation, a small
fraction of substance with aromatic structure or lignin was released from hydrochar
(Uchimiya, 2015; Ghidotti et al., 2017). The potential toxicity from these compounds
on microbial growth and metabolism should also be investigated. In addition,

hydrochars derived from oilseed rape and alkali lignin have higher aromatization
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degree and more abundance of oxygen-containing functional group, indicating that the
chemical properties of hydrochar can be tailored during the HTC process. Further
studies need to focus on the application of hydrochar in the digestion under inhibition
conditions to achieve more reliable support in engineering hydrochar production and

its application to the commercial industry.

5.2.3. Changes in degradability of sewage sludge-based digestion

It is known that a charred biomass has less decomposition capacity as compared to
organic substances. A small amount of volatile organic matters are still possibly
dissolved during the AD process. Previous studies reported that hydrochar has lower
carbonization grade, but contains more water-extractable organic carbon and alkyl
moieties (Kambo & Dutta, 2015; Reibe et al., 2015; Yue et al., 2017). The
decomposition rate can vary wildly, depending on the feedstock and thermal
conversion conditions (Yue et al., 2017). The degradation capacity in functions of
methane productions during the AD process was further analysed by a two-pool
carbon model according to a previous study by Mumme et al. (2014). The highest
degradation constant k was observed in all the treatments by day 14, where the
maximum degradation was found in RH hydrochar-added bioreactor with a k value of
0.19. This might be attributed to humic acids presented in hydrochar, which retard
methanogenesis by limiting electrons and inhibiting the reaction of acetyl-CoA — 5-
methyl-THMPT, causing less short-chain fatty acid being consumed (Liu et al., 2015).
In addition, bio-availabilities of those hydrochars were decreased by 64.5 — 81% from
day 28 onwards. This could be explained that hydrochar may not be fully
decomposable, which was in line with the study by Yue et al. (2017). They reported

that only a small fraction of dissolved organic matters decomposed during the AD

182 University of Edinburgh



process, while nutrients such as heavy metals remained in the hydrochar particle.
Furthermore, the presence of aromatic compounds such as lignin and phenols in
hydrochar, are highly resistant to microbial decomposition (Libra et al., 2011; Usman
et al., 2020). However, this study observed that dissociation of soluble organic matters
from hydrochar may occur, and may increase the total carbon sources in the digestate,

sequentially leading to exceed accumulation and causing the loss of biogas

productions.
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Figure 5-8. The degradation capacity in functions of methane productions during the

AD process.
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5.3. Conclusions

Table 5- 6. Main findings from Chapter 5.

Biomass HTC Hydrochar C equilibrium Electrical Maximum Cumulative Average
Temperature yield recovery pH conductivity biogas gas methane
(oC) (Yowt) (%) (uS/cm) production production content
rate (mL/g) (%)
(mL/g/d)
Rice Husk 250 61 78.21 4.81 56.4 1.06 47.3 73.3
Wheat straw pellets 250 53.9 76 3.96 143.15 1.81 68.2 76.1
Oilseed rape pellets 250 451 68.22 8.93 1401 1.8 70.7 76.8
Alkali lignin 250 85.6 79.78 5.09 218.45 1.85 74.2 74.6

In this study, three agricultural residues and a component of lignocellulose were
investigated their suitability for the hydrothermal carbonization and the role of resultant
hydrochar on anaerobic digestion of sewage sludge. Our study found that chemical
properties and structure of hydrochar were attributed to the original biomass. The solid
yield increased as the lignin content of biomass increased. All the hydrochars have
relatively high heating value. Hydrochar derived from biomass with high silica content
has lower carbonization degree and the presence of silica inhibited the HTC process
by shielding carbon from biomass to hydrochar. This study also found that all the
hydrochars have considerately high electrical conductivities. Meanwhile, it was shown
that the aromatization degree of these hydrochars has a positive effect on solubility of
organic carbon in hydrochar and its off-site transportation. Overall, hydrothermal
carbonization is a sustainable pathway to obtain clean energy in form of hydrochar
from agricultural residues. The digestion of sewage sludge was improved by the
addition of hydrochar with upgraded methane content up to 76.8%. In addition, the
presence of surface functional groups such as phenol and bonding with aromatic
structure was contributed to the increment in biogas production. Some surface
functional groups can also serve as redox moieties to enhance methane generation

by promoting the electron transfer between microorganisms. Yet, from this study it
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remains uncertain that the decrement in biogas production after 30 days. Substances
such as amine (NH2) and -OH group might play an important role in regulating
methanogenesis process. Pre-treatment and/or activation of the char product is

investigated in the next chapter.
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6. Effects of activated biochar in biogas production from

anaerobic digestion of sewage sludge

6.1. Introduction

Previous sections found that applying biochar to AD under a moderate to high intensity
of inhibition may have little effect on methanogenesis. Mumme (2014) found no
significant effects of biochar produced from a mixture of paper sludge and wheat husks
on methane production at ammonia concentrations ranging from 500 to 5000 mg/Kg.
Furthermore, comparatively low density of biochar may result in uneven
homogenization with digestate sludge, particularly in a continuous digestion system
with a large reaction volume, which might induce foaming and clogging. Metal doping
on biochar could be a viable technique for addressing this challenge. In addition to
that, application of biochar in real systems has proven time-consuming and increased
processing cost due to separation costs, especially for powdered grades (Sewu, 2020).
Hence, the production of magnetic biochar has gained much attentions as the solution
as it offers a simpler and easier separation route than other traditional approaches
such as filtration. In the meantime, iron oxides have found to improve AD efficiency in
terms of lag phase and production rate by mitigating the inhibitory effects of excess
H2S and related harmful chemicals (Li et al., 2007; Su, 2013; Rana et al., 2020).
Ambuchi (2018) found that iron oxide nanoparticle supplementation increased
biomethane generation by up to 45% during AD of beet sugar industrial wastewater.
Similarly, Qin (2017) demonstrated that iron-doped rice straw biochar can increase
biomethane production by 11% during AD of municipal solid waste. In general,
magnetic biochar is produced by pre- or post-biochar production (Sewu, 2020). The
metal ions may attach onto the surface or get into the interior of biomass, and

transform into metal hydroxide or nano-metal oxide through pre-treatment. Magnetic
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biochar can also be synthesized after the pyrolysis of biomass by evaporative method,
heat treatment, conventional wet impregnation method, and directly hydrolyzes (Tan,
2016). In addition to that, the physiochemical properties including Fe3O4 loading
content, saturation magnetization and thermal stability of the biochars prepared from
post-treatment were higher than biochars prepared from chemical co-precipitation of
iron oxides onto biomass before pyrolysis (Baig, 2014). To the best of the authors’
knowledge, there are limited reports available on biomethane production with different
magnetic biochars additions during sewage sludge digestion. Furthermore, there is a
lack of understanding of how iron-doped biochar affects alterations and distribution of

both organic degradation and metal distribution in AD.

The effect of iron-doped biochar supplementation on sewage sludge digestion was
investigated in this study using two types of biochar feedstocks at three loading levels.
The influences of magnetic biochar on mobility of heavy metals in digestate of AD and
\degradation of organic material during the process were also investigated.
Experiments with no additives were also carried out for comparison. This work is
expected to reveal new insights into the mechanism of digestion of sewage sludge

with magnetic biochar addition and to target an alternate method to sludge treatment.
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6.2. Synthesis and characterization of activated biochar

The elemental composition of the magnetic biochars was identified by ultimate
analysis (Table 6-1). It is shown that major elements such as nitrogen and carbon in
the resultant biochar were decreased. Activation caused a reduction carbon contents
of magnetic biochar by 52.3-61.1%. This may be attributed to improved polymerization
occurred during activation process, resulting in a reduction of carbon matter in the
biochar bulk (Yuan, 2018). Furthermore, the carbon content (23.2%) in the magnetic
rice husk biochar is significantly higher than that of magnetic sewage sludge biochar
(11.5%). It may be attributed to that lower carbon content in the pristine biochar and
its feedstock (Qambrani, 2017; Souza, 2021).Meanwhile, the carbon to nitrogen ratio
is characterised as one of the most important parameters to predict mineralization and
nitrogen release in the applied environment (Racek, 2020). A higher level of C:N ratio
can contribute to higher immobilization by microbes and enhance nitrogen availability
(Racek, 2020). In the present study, the C/N ratio of magnetic sewage sludge biochar
(8:1) is higher than that of magnetic rice husk biochar (65:1), indicating a higher
available nitrogen in the former biochar. Moreover, the oxygen content of both
magnetic biochars increased considerably by 46.7-74.3%, and the highest oxygen
content was 12.3%wt for magnetic sewage sludge biochar. The high oxygen content
in magnetic biochar is attributed to increasing O-containing groups on the surface of
the resultant Char (Hao, 2017; Li, 2020). Furthermore, our results showed that the
hydrogen content of the pristine biochars and both magnetic biochars remained at

similar levels, ranged from 1.24% to 1.57%.

The oxygen to carbon (O/C) ratio is an indicator for biochar’s stability. This study

observed higher O/C ratios for both magnetic biochars (1.07 for MSW and 0.41 for
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MRH) than the pristine biochars (0.22 for SS and 0.05 for RH), indicating improved
stabilities by post-treatment. Meanwhile, the hydrogen to carbon (H/C) ratio of biochar
over 0.7 is recognized as non-pyrolytic chars or pyrolysis deficiencies (Racek, 2020).
In the present study, MSS biochar has the highest H/C ratio of 0.13, indicating that
this activation method led to a high degree of mineralization and formation of non-
pyrolytic chars from sewage sludge granule (Ozgimen & Ersoy-Mericboyu, 2010).
Furthermore, impregnation can introduce external hydrogen atoms to biochar through
the associated interaction of activate hydrogen atoms in functional group, and further

transform into intra- and inter-molecular hydrogen bonds (Sun, 2013; Xiao, 2018).
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Figure 6-1. Van Krevelen diagram of activated biochars and the pristine biochars.

The molecular structure of biochar and size of aromatic cluster in biochar can be
estimated on the basis of their H/C ratios (Xiao, 2016). According to that, the size of
aromatic clusters in RH and SS biochar were calculated to be approximately 100x100
and 50x50 benzene rings in a rectangular arrays, which MSS and MRH biochars have

smaller aromatic clusters (a 13x13 rectangle with a composite and stratified

189 University of Edinburgh



microcrystalline structure for MSS biochar, and a 40x40 turbostratic rectangle
aromatic cluster structures for MRH biochar). The corresponding calculated aromatic
cluster size of these magnetic chars is 3.20 and 9.84 nm, respectively. These results
suggest that impregnation-pyrolysis process can cause shrink of the aromatic cluster,
which may be the result of Stone-Wales transformations. The Stone-Wales
transformation can lead to the breakage of the rotated bond and the uniform

deformation of atoms, resulting in changes of cylinder-like pattern (Song, 2006).

The metallic components of all biochar samples were analysed by ICP-OES, and
presented in Table 6-1. RH biochar has a negligible Fe content, whereas MRH biochar
has the highest Fe content of 14.54 mg/Kg. Similar results have also observed for SS
and MSS biochars. On the other hand, potassium (K) content in MRH and MSS
biochars was increased by 71% and 60%, respectively. This may be attributed to a
small amount of organic carbon remained in the pristine biochar undergone
secondary-pyrolysis, resulting in accumulation of ash during activation process.
Similar trends were observed from phosphorus content in both magnetic biochars with
values of 0.53 and 5.40 mg Kg' for MRH and MSS biochar, respectively. Therefore,
our results implied that magnetic biochar derived from rice husk and sewage sludge
suppressed potassium and phosphorus releases, which can potentially enhance ion

exchange capacities.

Apart from this, zinc (Zn) and copper (Cu) contents were dramatically decreased after
activation, where null or little (0-0.48 mg Kg') was detected in both magnetic biochars.
Similarly, MSS biochar has lower lead (Pb) concentration than SS biochar. While, the

lead, zinc and copper concentrations in SS biochar reached to 201, 835.7 and 255.2
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mg Kg', which exceed the WHO recommended safe limits for soil, plants and
microorganisms (Kinuthia, 2020). The decrement of heavy metals in magnetic biochar
from activation indicated that the impregnation-pyrolysis can significantly reduce
potential toxicity of heavy metals and ensure the safety of magnetic biochar for its
further application. The aforementioned results also suggested that using iron
hydrochloride as magnetic precursor is a commendably green approach to generate
magnetic biochar and alleviate toxic tendencies, therefore prevent secondary pollution
when employed in aqueous environments or anaerobic digestion applications.

Table 6-1. Elemental compositions and ion concentrations of the pristine biochars and

the resulting biochars.

Elemental composition (wt%) lon concentration (mg/Kg) magnetic
susceptibility (x10®

N C H o S P K Pb Zn Fe Cu
m3/kg)
RH 1.04 48.69 124 247 - 0.1 0.39 - 23.58 - 54 0.90
SS 375 2958 1.33 6.55 - 229 034 201 835.69 - 255.22 2.55
MRH 036 2322 125 9.61 - 053 135 0.00 0.00 14.54 0.0001 38.42
MSS 141 115 157 1229 0.18 | 540 085 0.02 0.04 1029 0.482 1.98

*Modified dry ashing followed by ICP-OES. Results are based on the mean of duplicates of each

case.

The ability to remove magnetic biochar from the liquid phase was investigated using
mass specific magnetic susceptibility analysis (Table 6-1). In particular, magnetic
susceptibility is characterised as the indicator of the extent of a magnetized substance
when in an external magnetic field (Sewu, 2020). It should be noted that ferromagnetic
materials exhibit strong magnetic properties when the externally applied magnetic field
is reduced, whilst paramagnetic materials may lose their magnetic properties (Morrish,

2001; Skomski, 2010). In the present study, the mass magnetic susceptibility of MRH
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biochar was significantly increased from 0.89x106 m3 Kg-' to 38.42 x10® m3 Kg™'. The
increased magnetic susceptibility can be explained by the formation of magnetite
during the iron doping process (Han, 2015). This results are in line with a study by
Zhao (2019) that the total magnetic susceptibility of magnetic wheat straw biochar
produced at 500°C was 26.5 x10°® m3 Kg'. On the other hand, the magnetic
susceptibility experiences a contrary variation with a change in feedstock type.
Sewage sludge biochar exhibit paramagnetic behaviours with a magnetic
susceptibility of 2.55 x10¢ m3 Kg'. While MSS biochar showed a 29.1% decrease in
mass magnetic susceptibility. As aforementioned, SS biochar is characterised by
higher metal contents, and can favour Fenton-like reaction or ozonation by leaching
metal ion especially iron to the solution during impregnation process, thereby resulting

in reduced magnetic susceptibility.

Extensive studies have reported that surface functional groups of magnetic biochar
can be served as active moieties during biodegradation process (Klupfel, 2014, Yi,
2019). Functional groups on the surface of magnetic biochar are also important for
magnetic biochar catalytic activity (Yaashikaa, 2020). The presence of carboxylate
and phenolate functional groups on biochar surfaces may alter the redox potential via
electron mediated transformation (Sun, 2017), influencing the cation exchange
capacity (Mia, 2017). Thus, it is hypothesised that the impregnation-pyrolysis can alter
the surface functionality and cause the appearance of new bands on the surface of
the resultant biochar samples. The surface functional groups of all magnetic biochar
samples were examined by the Fourier transform infrared (FTIR) spectra in the
present study (Figure 6-2). Peaks identified to functional groups in the spectra: O-H

(3200-3500 cm"), C-Hn (2850-2918 cm''), C=0 (1600 cm''), C=C (1455 cm"), C-O
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(1030 cm™') and Fe-O (700-880 cm™') (Schwanninger et al., 2004; Saha et al., 2019;
Wang et al., 2021). Noticeably, the peak at 3415 cm-" of the broad adsorption band O-
H was strengthened in both magnetic biochars as compared to the pristine biochars,
which may be associated with the addition of metal oxides (Liu, 2019). Furthermore,
MSS biochar has more identical O-H functional groups than that of MRH biochar. The
vibration of carbonyl C=0 band at 1648 cm' were also observed in both magnetic
biochars. The intensity of the C=0 group was obviously increased in magnetic biochar
derived from rice husk, associating with the transformation of O-containing groups
during activation process (Zhang, 2019). In addition, bands for C-H at 1434 and 875
cm' disappeared after Fe impregnation, whereas an aromatic band of C=C at 1630
cm" appeared in MRH biochar. This can be explained that the pristine chars used in
this study undergone a secondary pyrolysis, and resulted in a crack of aliphatic chains
and the formation of char with condensate carbon structure. Our results are in line with
a study by Devi and Saroha (2014) who investigated the surface functionality of zero-
valent iron magnetic biochar derived from the paper mill sludge. They reported that
polymerization and carbonization of biochar occurred during the synthesis of magnetic
biochars, resulting in the decomposition of C-H bonds and formation of aromatic

structure clusters.
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Figure 6-2. FTIR spectra of biochar MRH and MSS.

Meanwhile, the peak at 3308 cm™ corresponds to the stretching frequencies of Fe-OH
bonds (Kumar, 2017), which was found in both magnetic biochars. This may be
attributed to the decomposition of hydroxyl group and its further reaction with iron ion,
resulting in the formation of new chemical bonds (Zhou, 2021). However, peak at 750
cm- assigned to Fe-O groups was only detected on the spectra of MRH biochar. Fe-
O stretching bond of FezO4 at 470 cm™ was also observed in the spectra of MRH
biochar (Devi & Saroha, 2015), which is compatible with its highest magnetic
susceptibility of 38.5 cm3/Kg. Furthermore, asymmetric and symmetric vibrations at
1536 and 1330 cm™ were exhibited in MRH biochar, which may be due to the
conjunction between iron oxides and nitro compounds (Godlewska et al., 2020). Thus,
these abovementioned difference between the spectra of MRH biochar and MSS

biochar showed that MRH biochar contained more ferromagnetic properties than MSS
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biochar. The current activation method could also lead to new appearance of Fe-O-C
chemical bond between the iron species and carbon components of the bulk biochars
(Wang et al., 2017). Meanwhile, the intensity and diversity of most surface functional
groups in MRH biochar were more stronger than that of MSS biochar. Iron species
can conjunct with carbon in a small area during the impregnation phase, and be
carbonized as small nanosheet (Wang, 2017). The iron oxides were then formed and
catalysed the bulk biochar into a graphene-like structure. The functional groups such
as -OH, -COOH, -NH2 and -C=0 were conjoined with iron oxides on the surface of

biochar through condensation reactions (Peng, 2014; Wang, 2017).

To further confirm the iron chemical state and the phase structure on the surface of
biochar after Fe impregnation-pyrolysis, X-ray diffractometry (XRD) analysis was
conducted for magnetic biochar and the pristine biochars. According to XRD patterns
(Figure 6-3), strong and sharp peaks were observed for both magnetic biochar,
implying the iron oxides were well crystallized on the biochar matrix (Zhang et al.,
2013). While negligible crystalline peak was presented from the diffraction pattern of
the pristine biochar, indicating the amorphous nature of the bulk biochar. Except from,
silica peak was marked on the pristine biochar. It can be explained that silica is a key
component of the mineral portion of lignocellulose materials and would remained in
the biochar matrix during pyrolysis process (Mullen, 2010). The peaks which
corresponded to the planes of Si-O-Si were also exhibited for MRH biochar, which
may be attributed to the presence of iron oxide promoted the formation of Si-O-Si
crystalline phase during pyrolysis process. These results are in line with previous study
reported that SiO2 is the dominating crystalline phase in magnetic biochar through

similar magnetic modification process (Yang, 2019).
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Figure 6-3. XRD patterns of (a) biochars RH and MRH and (b) biochars SS and MSS.
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In addition, the primary peaks in MRH biochar were identified to be magnetite (Fez0a4)
as the major crystalline phase at 35.25°, 42.9°, 56.9° and 62.4° (Dastgheib et al., 2014).
It has shown that these peaks were ascribed to the (220), (400), (422) and (440)
planes and represented a face-cantered cubic inverse spinal structure of crystalline
magnetite (Alam et al., 2020; Campos et al., 2019). Noticeably, a deviation from plane
400 to 440 was exhibited, which may be attributed to a partial transformation of
magnetite to maghemite (y-Fe2O3) (MacHala, 2011). Supposedly, the maghemite
phase contains cations in two non-equivalent crystallographic sites, which should have
few extra peaks at 23.77° (210) and 26.10° (211) as compared to crystalline Fe3Oa4
(Kim et al., 2012; MacHala et al., 2011). However, in the present work, these planes
were not observed in MRH biochar. Similar phenomena were reported in previous
literature (Alam et al., 2020; Kim et al., 2012). Furthermore, these XRD results are in
line with previous FTIR study. The absorbance of Fe-O bonds for magnetite or
maghemite was observed in the FTIR spectrum of magnetic rice husk biochar.
Therefore, transformation of FeCl3.6H20 into iron oxides on the surface of RH biochar
during impregnation-pyrolysis process can be explained by the following reactions.
FeCl; +3H,0 - Fe(OH); + 3HCI
Fe(OH); = FeO(OH) + H,0
6FeO(OH) + H, = 2Fe;0, + 4H,0
6Fe0(OH) + 4C0 — 2Fe;0, + 4CO,
6Fe0(OH) + 4C — 2Fe;0, + 4CO
2FeCl; + H, » 2FeCl, + 2H,0

FeCl, + H,0 - Fe(OH), + HCl
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In contrast, the diffraction peak at 26 of, 21.12° in MSS biochar was corresponded to
the (104) plane, which was also in good agreement with standard values for hematite
(JCPDS No. 33-0664) (Chun et al., 2010). It should be noted that hematite can have
a weak ferromagnet or a canted antiferromagnet properties through the thermal
treatment (MacHala et al., 2011). Furthermore, hematite loses its magnetic ordering
and behave as a paramagnet at temperature over 676.8°C (Zboril et al., 2010). In our
study, impregnation-pyrolysis was conducted at 550°C, which may result in the partial
losses of magnetic properties for magnetic sewage sludge. Another possibility is that
maghemite (y-Fe203) cannot exist at a sintering temperature of 500°C, and convert to
hematite (a-Fe2O3) when the pyrolysis temperature reached to 400°C (Zhang et al.,
2008). Meanwhile, lower intensity of these peaks was observed for MSS biochar,
suggesting that as-prepared iron oxides with SS biochar were worse crystallized and
had a lower hematite contents compared to the pristine biochar (Qin et al., 2017). It
can be explained by increased carbon burn-off caused by the use of highly active Fe
during the iron doping procedure (Wurzer & Masek, 2021). Meanwhile, non-magnetic
iron oxides are identical on the diffraction pattern, but can reduce the magnetic
saturation, thereby resulting its ferromagnet behaviours. Hence, theoretically, SS
biochar magnetised with FeCl3*6H>O would have less magnetic properties compared
to other magnetic carbonaceous derived from lignocellulosic biomass. In addition, the
peaks at 16.75°, 33.12° and 43.3° exhibited for MSS biochar are the characteristic
peaks of FeOOH crystallite (JCPDS Card No. 29-0713) (Schwertmann, 1971; Wang
et al., 2013). The formation of FeOOH can be related to the hematite-to-goethite
transition (Minyuk, 2011). It is well known that goethite can be formed by the hydrolysis

of iron chloride via the following reaction (Wang et al., 2013).

3
FeCly +5 H,0 — a — FeOOH + 3HCI
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4Fe(OH), + 2H,0 + 0, — 4Fe(OH);
Fe(OH); » a — FeOOH + H,0
Meanwhile, these XRD results for magnetic biochars correspond with findings by
aforementioned FTIR analysis, implying that the magnetic biochar was successfully
synthesized. The Fe-OH bond from goethite was presented in MSS biochar, but the
Fe-O bond link from magnetite was presented in MRH biochar. These findings
demonstrated that the formation of magnetite with high mass magnetic susceptibility
worked well with rice husk biochar and ensured satisfactory separability from the

digestate.

The pH of all biochar samples was measured in deionised water at two time points: 1
hour and 24 hours (Table 6-2). The pristine biochars showed a pH ranging from 7.42
to 9.86, indicating its alkalinity nature. RH biochar has the highest pHs of 9.54-9.86,
attributed to presences of alkaline carbonates, alkali earth metals and organic anions
in the ash of biochar (Li et al., 2016). The pHs of SS biochar ranged from 7.4 to 8.0.
Whereas MRH and MSS biochars have lower pH of 2.25 and 2.4. Similar observation
was reported by Mohubedu (2019) that magnetic biochar, from acorn cotyledon
biomass by using similar iron precursor and modification treatment, has an acidic
property with a pH of 4.3, indicating the magnetisation of biochar can change their pH

by altering the surface charge.
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Table 6-2. pHs and ECs of activated biochars and the pristine biochars.

Biochar pH EC (uS/cm) pH EC (pS/cm)
1 hr 24 hr
RH 9.82 118.7 9.49 145.4
MRH 2.255 2560 2.02 2975
SS 7.43 47.25 8.03 79.5
MSS 2.46 5465 2.3 3585

In this work, electrical conductivity (EC) were measured in two different approaches
including water soluble EC and in proportions of compression. The electrical
conductivity of the pristine biochar fluctuated widely from 47.25 to 145.4 yuS cm™,
indicating electrical conductivity was greatly associated with the raw material
(Lehmann, 2007). This may be due to that the degree of carbonization of biochar can
highly influence electrical conductivity of the bulk biochar. Gabhi (2017) reported that
carbon content of biochar increased from 86.8 to 93.7 wt%, resulted in increased
electrical conductivity from 2.5 x10# to 399.7 S m™. It has also been reported that
differences in the EC of biochar can be related to differences in their ash content
(Singh et al., 2017). In addition, electrical conductivity of biochar with high soluble salt
content can be affected by the equilibration time. In theory, longer equilibration time
lead to higher EC values (Singh et al., 2010). This has been confirmed by increased
electrical conductivity for both pristine biochar when the equilibration time increased

from 1 hour to 24 hours.

Both magnetic biochars have significantly greater electrical conductivity with values of
2560 and 5465 uS cm-'. It indicates that the formation of iron oxides on the surface of

magnetic biochar may provide more active sites for the accessibility of pseudo-
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capacitance to the electrolyte ions and improve the electrochemical reactions (Liu et
al., 2015). Meanwhile, MSS biochar presented higher conductive behaviour with a 54-
fold increase in electrical conductivity from 47.25 to 5465 uS cm™', while the EC value
of MRH biochar was 22-fold higher than the pristine biochar. It has been reported that
enhanced EC of magnetic biochar is related to more oxygenated functional groups
such as hydroxyl, carbonyl and carboxylate formed during magnetization modification
process, leading to the enhancement of the negative charge density on the surface of
magnetic biochar (Silva et al., 2020). As aforementioned, magnetic biochar has more
identical oxygen-containing groups than the pristine biochar, which are characterised
as the redox-active moieties to enhance electron transfer. Furthermore, active
moieties on the surface of magnetic biochar are dependent on pH. It has been reported
that lower pH can reduce the dissociation and association of surface functional groups,
resulting in the changes on the surface charge of the bulk biochar (Lu et al., 2020).
What is more, EC value measured in water is proportional to the quantity and nature
of salts. Theoretically, higher salinity can improve the ability to conduct an electrical
current. In our study, both magnetic biochar are acidic, implying the increment of
electrical conductivity were mainly attributed to the active redox moieties on its surface.
Electrical conductivity of biochar are also reported to associate with separation
distances of carbon particles and their average size (Voet, 1964; Sanchez-Gonzalez
et al., 2005). It has found that electrons were able to jump the gaps between spaced
carbon aggregates via electron tunnelling (Sanchez-Gonzalez et al., 2005; Wendt,
1988). Therefore, the electrical conductivity of magnetic biochar samples were
evaluated under a wide range of applied pressure values in the present study. Both

biochars were exhibited an increasing trend of the EC value as the applied pressure
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increased. EC of MRH biochar increased sharply at higher applied pressure from 3000

to 5000 bar owing to a closer contact of biochar particles (Hussain et al., 2001).
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Figure 6-4. Electrical conductivity of biochar MRH and MSS in proportions of applied

pressure. Results of mean (n=3).

6.3. Effects of activated biochar on gas production and biomethane yields

The biogas production rate (mL/d) and cumulative biogas yield (mL/g VS) from sewage
sludge digestion with additions of 0.2-1.0% magnetic biochars and 0.2% pristine
biochar are showed in Figure 6-5,6. All groups started producing biogas from the first
day onwards, with no notable lag, which might be attributed to the presence of ruptured
microbial-originated extracellular polymeric substances (EPS) in substrate (activated
sludge) (Carrére et al., 2010). Throughout the digestive process, two peaks can be

observed in each group. The first peaks in the daily biogas profile appeared on day 2.
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At this stages, most of magnetic biochar added reactors have greater daily gas
productions ranging from 12.16 to 14.51 mL/d as compared to reactors with addition
of SS and RH biochars. The improved gas production rate was attributed to facilitated
utilization of organic matters by Fe(lll)-reducing microorganisms with the presence of
goethite on magnetic sewage sludge (Bird et al., 2011; Haas & Dichristina, 2002).
Meanwhile, soluble iron concentrations play important role on magnetic biochar’'s
effect on AD. Many studies have reported that increasing iron concentration can
enhance biogas production by nearly 50% (Qin et al., 2017; Zhang et al., 2012). MRH
biochar has the highest Fe content among the used biochar, therefore, leading to an
increase in daily gas production. In the meantime, our results showed that the addition
of SS and RH biochar can cause inhibition in gas production at early stage of
fermentation, resulting in 11.7% (RH biochar) and 34.6% (SS biochar) decreases as
compared with the control group (12.53 mL/d). The addition of MSS biochar has also
resulted in a mild decrease in daily gad production (10.30 mL/d) by 17.8% at the same
stage. Then, a sharp drop in daily gas production by day 8 was observed in all
treatment group. The abrupt drop in biogas generation can be due to acids
acclimations, resulting in a drastic pH decrease and inhibiting microbial activities
(Rana, 2020). After that, daily gas production of each group was able to rebound and
followed a trend at this stage: magnetic biochar > pristine biochar = the control.
Following then, the daily biogas production of each group gradually reduced until no
biogas was detected. These results indicated that the addition of magnetic biochar
greatly enhanced daily gas production as compared with the pristine biochar and the

control.
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Figure 6-5. Biogas production rates of biochar-treated reactors and the control. “0.2, 0.5,1.0”
stands for the biochar dose of 0.2, 0.5, 1.0%wt; “ORH,OSS” stands for the pristine biochar RH
and SS.

The cumulative biogas production from all magnetic biochar treatments ranged from
1022 to 1192 mL/g, while the total gas yield from pristine biochar amended reactor
were 964.15 and 862.07 mL/g for RH and SS biochar. Among them, the addition of
MRH biochar at dose ratio of 0.5% resulted in greater total gas yield of 1192.29 mL/g.
Several studies have shown that magnetite has lower redox potential (-0.314 V) and

can be used as electron conduit to stimulate direct interspecies electron transfer (DIET)
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between syntrophic bacteria and methanogens to enhance biogas production (Viggi
et al., 2014; Zhan et al., 2021). As such, the increased gas yield of MRH biochar-
amended group might be attributed to the presence of magnetite on biochar surface.
While total gas yield increased as the dose ratio MSS biochar increase, with values of
1087.30, 1114.91, and 1133.08 mL/g for 0.2%, 0.5% and 1.0% MSS biochar,
respectively. The difference in electrical conductivity and mineral content of magnetic
biochar may provide a possible explanation as to why MSS biochar used in this study
has different effect on gas production. It is known that redox potential and pH are major
drivers of microbial systems (Husson, 2013). However, Saleem (2018) used acidic
biochar (pH 4.8) which reduced methane fermentation. Biochar’s electron-donating
capacity has also been suggested to affect methanogenesis (Viggi, 2017). Therefore,
this suggest that magnetic biochar hold a high redox potential, and is more effective
at driving sludge-based biomethane fermentation toward a more efficient energy
conversion spectrum by manipulating microbial activities. To confirm this, future
studies should be directed at characterizing methanogens using of differing pH values,

electron-donating capacities and mineral or carbon composition.

During the 90-day AD experiment, all treatments continuously produced biomethane.
All magnetic biochar amended bioreactors showed higher biomethane yields (853.20-
1020.61 mL/g for MRH biochar and 893.90-953.03 mL/g for MSS biochar) than
reactors with RH (822.09 mL/g) and SS biochar (689.84 mL/g), and the control group
(718.42 mL/g). The addition of MRH biochar at 0.5% tended to increase the cumulative
methane production by 42%, followed by a MRH biochar dose at 1.0% (31.6%) and at
0.2% (18.8%). This suggests a possible dose-responsive relationship of an optimum

of 0.5% of MRH biochar additive is efficient for optimal methane production. Similar
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trend was also observed in MSS biochar amended groups that the optimum MSS
biochar dose was 0.5%. Similar results have confirmed magnetic biochar can enhance
AD performance by increasing methane production. For instance, Qin (2017) reported
that applying 3.2% magnetic rice-straw biochar improved methane production by
11.69% during AD of municipal solid waste slurry. Wang (2021) reported up to 38.1%
increase in methane yield from dairy wastewater digestion by supplementing 30mM of
the Fenton sludge generated biochar. As previously noted, magnetic biochar can
boost biogas and biomethane productions by interacting with iron oxides on the
surface of the biochar, which may operate as a catalyst to stimulate the performance
of anaerobic microflora (Krongthamchat, 2006; Qiang et al., 2013; Rana, 2020). In
addition, magnetite has proven to facilitate the secretion of extracellular polymeric
substances (EPS) and serve as electron mediator to conduct electron exchange
between syntrophic bacteria and methanogens to improve the CO2 reduction for

methane generation (Viggi et al., 2014; Wang et al, 2019; Zhong et al., 2020).
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Noticeably, MSS biochar supplementation at 0.2% has yielded slightly higher methane
production than MRH biochar additive at the same dose (6.12% increase). The
difference in cumulative methane yield of these two magnetic biochar amended
groups might be attributed to biochar with presence of different iron oxides. Goethite
presented in MSS biochar can precipitate hydrolysis products of long chain fatty acids
(LCFA) in digestion of lipid-rice wastes, therefore facilitating microbial growth and
metabolisms (Lalman & Bagley, 2001). On the other hand, iron reduction process can
compete with methanogenesis by using Hz and acetate as substrates, which can lead
to decreased methane production (Zhang et al., 2012). Therefore, lower methane
production with supplementation of magnetic biochar at 0.2% and 1.0% w/w than a
biochar dose of 0.5% confirmed the hypothesis from the perspective of goethite, which
could better reflect the selective pressure emphasized by forms of iron oxides. Overall,
there are compelling reasons to believe that magnetic biochar has the capacity and

applicability to improve the performance of sewage sludge AD.
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Figure 6-6. Cumulative biogas production (ml/g) and total biomethane yield of biochar-

treated reactors and the control.
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6.4. Changes in intermediates during AD process

6.4.1. Impacts of biochar on VFAs concentrations

Volatile fatty acids (VFAs) are critical indicators for determining the process stability
and metabolic status during the AD process (Lu et al., 2017). As shown in Figure 6-7,
there were four major VFAs including acetate, butyrate, valerate, and propionate, with
acetate being the most prevalent VFA. The acetic acid content in the control group
was higher than treatment with magnetic biochar additives at 0.5%w/w. This may be
attributed to the disintegration of the sludge particle and the solubilization of organic
materials result in accumulation of acetic acid (Huang et al., 2015). It has been
reported that methanogens can use acetic intermediates and convert them to methane
with supplementations of biochars (Li et al., 2019), which is compatible with the
increased methane in magnetic rice husk biochar and magnetic sewage sludge
biochar at a dose of 0.5% w/w. Hence, our results showed that the use of magnetic
biochar during sewage sludge digestion can increase the generation and consumption

of acetic acid.

However, propionic acid concentrations in treatments with addition of magnetic
biochar (11.41 g/L for MSS biochar and 12.45 g/L for MRH biochar) were slightly
higher than that of the control group (10.71 g/L). By the end of the experiment, most
VFAs were degraded in magnetic biochar amended groups. In contrast, higher
contents of acetic acid (2.39 g/L) and isovaleric acid (4.66 g/L) were found in the
control group, indicating inadequate VFAs conversion during sewage sludge digestion
without supplementation of magnetic biochar. These findings were consistent with the

study by Ambuchi (2018) that adding iron-oxide nanoparticles to the AD process
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increased biogas and biomethane production rates, while facilitating acetate and
propionate utilisation and suppressing hydrogen accumulation, therefore resulting in
a higher biogas yield. Hence, our results indicate that the addition of magnetic biochar
can alleviated the excessive acidification caused by the formation of VFAs in
anaerobic fermentation system, can effectively enhance the buffer capacity of the
fermentation system, making the environment suitable for the reproduction of

anaerobic fermentative bacterial, and the fermentation process is accelerated.
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Figure 6-7. Volatile fatty acids (VFAs) degradation during sewage sludge AD.

6.4.2. Variations in ammonium concentrations

Ammonia (NH3z) and ammonium (NH4") inhibition is recognized as a key issue in AD
of active sludge, resulting in reduced methane production and reactor failure (LU et al.,
2016). This inhibition also has a synergetic effect with acids accumulation (LU et al.,
2013). In this study, the ammonium concentration increased by 54% in the control
group at the end of AD process, which can be attributed to the degradation of organic

nitrogen to inorganic ammonia (Mutegoa et al., 2020). Meanwhile, ammonium
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concentrations in magnetic biochar amended reactors (Figure 6-8) ranged from
3.17+£0.04 to 3.85+0.01 g/L, which were substantially greater than the control

(2.04£0.02 g/L). Among them, MRH biochar additive at dose of 0.5% resulted in 21.8%
increase in ammonium concentration than the control. This may be attributed to the
high protonation of functional groups (C=0, C=C) on the surface of magnetic biochar,
which conveys a partial positive charge repelling the polar attraction of NH4* ions in

AD of sludge (Kizito et al., 2015).
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Figure 6-8. Changes in ammonium (g/L) concentrations from magnetic biochar-amended

reactors.

Furthermore, it has been reported that biochar addition can improve inoculum
degradation and provide more accessible organic nitrogen, hence favouring anaerobic
digestion (Jahn et al., 2020). This finding was evidenced by increased methane
production in magnetic biochar amended groups in this study. Meanwhile, differences
in surface chemistry between MRH and MSS biochar may explain these disparities in

the variation of pH and ammonium ion concentration. In addition, magnetite on MRH
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biochar has been shown to improve sludge hydrolysis via iron reduction by acting as
an electron acceptor (Peng et al., 2018; Weber et al., 2006). In contrast, only hematite
was observed on the surface of MSS biochar. The Fe(lll) ion in hematite has been
identified as a competing candidate for electrons during AD (Qin et al., 2017), which
could explain the exacerbated ammonium inhibition observed in this study. Further

research is needed to confirm this mechanism.

6.4.3. Distribution of heavy metals during AD process

Heavy metals play critical roles in AD process, as they are required for the
establishment and development of anaerobic microbes (Mudhoo & Kumar, 2013).
However, relatively large concentrations of heavy metals may affect enzyme structure
and have deleterious effects on process performance (Kavamura & Esposito, 2010;
Sengor et al., 2009). The addition of magnetic biochar appeared to mobilize heavy
metals during the AD process (Table 6-3). Total heavy metal concentrations of
magnetic biochar amended groups were lower than that of the control group. The
digester with MSS biochar addition at a dose of 0.5% resulted in lower total metal level
in the fermentation liquor. Previous study found that biochar addition resulted in
decreased metal concentration of digestate due to the increased surface area of
magnetic biochar (Li et al., 2019). It has also been observed that magnetic biochar
can adsorb and form compounds with heavy metals via negatively charged functional
groups on its surface (Yu et al., 2015). Another possibility is that iron oxides have a
positively charged, which can decrease the leaching ability of these heavy metals and
stabilize them via oxidation (Villalobos et al., 2014; Ying et al., 2012). Furthermore,

MRH biochar at a dose of 0.5%w/w reduced the concentrations of Pb, Zn, Cu, and Fe
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by 45, 53, 46, and 45%, respectively, as compared to the control. Noticeably, the
capacity of MRH biochar on immobilization of heavy metals (particularly Pb, Zn and
Cu) was higher than that of MSS biochar. It might due to the difference in surface
complexation between MRH and MSS biochar. Wang (2021) reported that iron oxides
with distinct crystal forms performs different functions during AD process. For instance,
amorphous iron oxides such as Fe(OH)s are more efficient as an electron acceptor to
cleave large molecules into small ones due to their higher redox potential than
crystalline iron oxides (Wang et al., 2019). Therefore, above results suggest that the
addition of magnetic biochar can mobilize heavy metals during AD process. The
potential mechanism may include surface complexation, adsorption and precipitation
(Fagbohungbe et al., 2017a; Pignatello, 2011; Tan et al., 2015). It is believed that
organic matter decomposed into small fraction and released soluble metals which can
be adsorbed by magnetic biochar or accumulated in sewage sludge during AD process.
In addition, reduced concentrations of soluble heavy metals could be attributed to
increased stability of the AD process with supplementation of magnetic biochar (Shen
et al., 2016). Overall, the results showed that a moderate dose of magnetic biochar
during sewage sludge digestion has the ability to immobilize heavy metals and thus
promote biogas production.

Table 6- 3. Concentrations of heavy metals in fermentation liquor after digestion and
maximum permissible concentrations of potential toxic elements in soil after

application of sewage sludge.

Maximum permissible concentrations in soil

(mg/Kg dry soil)* B 0.5MRH 0.5MSS
Pb (mg/L) 200 0.04 0.04 0.02
Cu (mg/L) 200 0.06 0.05 0.03
Zn (mg/L) 300 0.20 0.18 0.11
Fe (mg/L) ND 10.73 5.84 5.08
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*The limit value were reported in the Sludge (Use in Agricultural) Regulations (Parliament, 1989). ND:

none of determination.

6.4.4. Degradation of biomass during AD process

During the anaerobic stabilization process, large amounts of primary and secondary
metabolic protein storage polymers were generated and stored in the digestate
(Bustamante et al., 2019). Thermogravimetry analysis of digestate provides insight
into the transformation during the digestion as well as information on the characteristic
variations in composition impacted by different biochar treatments. Gémez (2007)
found TGA can be used to monitor the anaerobic stabilization process for municipal
solid wastes and waste-activated sludge under mesophilic conditions. Likewise, other
researchers reported the feasibility of using TGA to evaluated the organic component
conversion of sewage sludge during the digestion process (Font et al., 2001; Gomez-
Rico et al., 2005). In this work, proximate analysis for the digestate with different
biochar treatments were conducted in triplicates, and its results were presented in
Table 6-4. Several biochar amended groups such as 0.2MRH (9.42+0.02%) and
1.0MSS (9.99+0.07%) have higher moisture content than that of the control group
(8.38+£0.05%). This can be attributed to the increased fibrous structure of the digestate
samples with biochar addition, as they tended to hold moisture for a longer period time
(Ogwang et al., 2021; Wu et al., 2011). Additionally, the digestate’s moisture content
increased as the dosage of MSS biochar addition increased. In contrast, the digestate
with addition of lower dosage of MRH biochar had greater moisture content. This
implies that the capacity of moisture retention depends on the feedstock types of
magnetic biochar. Furthermore, the fixed carbon content in magnetic biochar
amended groups ranged from 81.81 to 85.63%, which was slightly lower than in the
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control (87.25%). While the digestate with MRH biochar addition at dose of 0.5% has
the highest content of fixed carbon (89.62 wt%) and the highest methane yield. Such
findings can be attributed to the presence of structurally more complicated material,
leading to increased vascularization (Bustamante et al., 2019; Gémez et al., 2007). It
is also possible that a moderate dose of MRH biochar will improve the structural
complexity of digestate, providing extra habitat for microorganism development.
Correspondingly, the use of magnetic biochars increased the ash content in the
digestate. Furthermore, the ash content increased as the dosage of magnetic biochar
increased. The digestate from MRH biochar amended group at dose of 1.0% have
higher ash content (9.33%). The observed difference in the ash content is most likely
due to variations in the amount of inorganic minerals with a significant catalytic impact
as a result of biochar treatment (Bridgwater, 2007). Overall, our results indicate that
digestate structure could be affected by biochar in functions of feedstock types. These
findings also imply that a moderate dose of magnetic biochar is sufficient to improve
the digestate structure and composition during AD of sewage sludge, which may have
implications for engineering practise for methane-rich biogas generation.

Table 6- 4. Proximate analysis of digestate obtained from the end of the test.

Proximate analysis (wt%, db)

Volatiles Fixed Carbon Ash

B 8.38 87.25 4.36
0.2MRH 9.42 82.83 7.75
0.5MRH 8.45 89.62 1.93
1.0MRH 8.86 81.81 9.33
0.2MSS 8.48 85.64 5.88
0.5MSS 8.65 84.35 7.00
1.0MSS 9.99 81.88 8.13
0.20RH 8.18 83.58 8.24
0.20SS 8.24 84.02 7.74

214 University of Edinburgh



Meanwhile, the big merit of magnetic biochar compared with unmodified biochar is the
easily separable nature. This characteristic potentially endows magnetic biochar to be
directly used in anaerobic digestion plant rather than worrying leaching of biochar
particles that may lead to secondary pollution. It should be noted that during the
synthesis process of magnetic biochar, toxic and harmful substances may be
introduced or produced. Future works aiming at greener synthesis of magnetic biochar

with higher redox activity should be attached with high importance.
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6.5. Conclusions

Table 6-5. Main findings from Chapter 6.

. . Maximum Cumulative Cumulative
Equilibrium Eletctrical Biochar biogas as methane
Biomass Modification q conductivity dosage gas gas .
pH Sicm) (%wt) production production production
M b rate (mL/d) (mL/g) (mL/g)
Fe- 2.02 2975
Rice Husk impregnated ' 0.2 14.6 1022.6 853.2
0.5 14.5 1192.3 1020.6
1 15.43 1151.2 945.3
Unmaodified 9.45 145.4 0.2 12 964 .1 822 1
Wheat _Fe- 2.3 3585 0.2 14 1087.3 905.4
straw impregnated . : .
pellets 0.5 14.8 1114.9 953
1 16.1 11331 893.9
Unmodified 8.03 79.5 0.2 10.9 862.1 698.8

In this work, a novel magnetic biochars with excellent mass magnetic susceptibility
were successfully synthesized via chemothermal method. The iron-doping
modification promoted the development of oxygen-rich functional groups and favoured
the formation of iron oxides on the resultant biochar. Furthermore, effects of these
biochars on anaerobic digestion of sewage sludge were evaluated. Both magnetic
biochars improved biogas yield and biomethane production. The highest cumulative
methane yield (1020.61 mL/g VS) was achieved from digestion with 0.5% w/w MRH
biochar supplementation, which resulted in a 42% increase in methane generation.
Magnetic biochar also improved AD performance by increasing VFAs degradation,
improving heavy metal immobilisation, and promoting ammonium tolerance.
Meanwhile, MSS biochar increased the moisture content of the digestate, whereas

MRH biochar enhanced the digestate's fixed carbon concentration, indicating an
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improvement in the digestate structure and composition. The role of magnetic biochars
as electron donor-acceptor and providing more active sorption sites can be considered
as the two main functions during AD process. The findings proposed that magnetic
biochar can be served as a promising and low-cost additive on sewage sludge
digestion. Although this study used sewage sludge from a local WWTP, future
research should include tests done in continuous mode, which is more similar to a
real-world scenario, to see if magnetic biochars' capacity to improve system stability

and performance is maintained.
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7. Conclusions

7.1. Overview

The aims of this thesis was to investigate effects of biochar and hydrochar on the AD
potential and process stability, as well as the potential mechanisms of biochar on
altering biogas and methane productivities. Feedstocks and production conditions
most suitable for biochar/hydrochar application were assessed on the basis of
volumetric biogas productions and experimental effects of biochars’ ability on
mitigating intermediates inhibition and buffering capacity. The results from this
research are essential for practice use for adjusting digester design and choosing
suitable feedstocks to produce biochar with optimal adsorption capacity and well
developed surface functionalities. The use of biochar/hydrochar sourced from
lignocellulosic biomass and other organic wastes were investigated. Activation by

magnetic modification for lignocellulose derived biochar was also assessed.

7.2. Anaerobic digestion

Anaerobic digestion is one of the economically viable and environmentally friendly
processes for converting bio-organic wastes to value-added products. AD processes
involve complex dynamic systems including biochemical and physiochemical, and
microbiological processes that can convert organic matter to methane and carbon
dioxide by various groups of specific microorganisms (Forster-Carneiro et al., 2008;
Nathia-Neves et al., 2018). However, due to its operation pattern and sensitivity to
environmental variables, the AD process is unable to maintain high levels of biomass
inventory and retain a greater quantity of fermenting microbes. As a result, economical
difficulty of optimising biogas yield under fluctuating load in the field that makes it so

potent, makes using carbon-based materials including biochar and hydrochar more
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attractive, due to evidences showing accelerated and stabilized fermenting processes
with addition of carbonous materials (Chiappero et al., 2020; Gahlot et al., 2020; Torri
& Fabbri, 2014). However, as we have seen from this project, the AD process with the
addition of biochar is still inhibited by intermediates such as VFAs and ammonia, and
care must be taken to ensure that the use of biochar does not have an inverse effect
on the AD potential. It is possible to pre/post-treat biochar, for example by co-
pyrolyzing with different feedstocks or activating by chemical or thermal methods. It is
also important to note that the modification must be interpreted with caution due to the
potential additional expense and environmental concerns. Therefore, finding an
optimized approach and a direct utilisation of biochar would be of enormous benefit

as interest in pyrolysis increases.

7.3. Physiochemical properties of char

7.3.1. Carbon stability

The biochars used in this study were from four different feedstocks: rice husk, wheat
straw pellets, and the mixture of hardwood and digestate, whereas hydrochars were
derived from four feedstocks including oilseed rape pellets, sewage sludge, alkali
lignin, rice husk and wheat straw pellets. For lignocellulosic biomass derived biochars,
ultimate and proximate analysis revealed a high degree of carbonization in biochar
WSP and RH. In addition, biochar HD produced from co-pyrolysis was characterised
by a high proportion of hydrogen and low ash content. On the other hand hydrochars
derived from feedstocks with high silica content may inhibit the HTC process by
shielding carbon from feedstock to the resulting char. As expected, the HTC reaction

associates with the elimination of water and carbon dioxide using D.| water as a
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catalyst. Hydrochars pose a high level of the O/C ratio compared to biochars. In
addition, hydrochars sourced from wheat straw pellets and oilseed rape pellets have
higher contents of aromatic compounds, whilst rice husk and alkali lignin based
hydrochars tend to form more aliphatic compounds. Furthermore, impregnation-
pyrolysis in this study resulted in varied decrements in carbon content of the resulting
biochar, which may due to the iron modification caused a greater loss of volatiles
during the activation process. This implies that the adsorption ability of different
feedstock to metal ions and its attributions on combing metal ions with surface
functional groups. Biochar generated from sewage sludge had a higher nitrogen
content than lignocellulosic biochars. Furthermore, an increase in oxygen content was
seen in the resulting biochars via magnetic modification, suggesting that functionality
was improved by increasing O-containing groups. Whereas these magnetic biochars

have a low hydrogen content than the pristine biochar.

7.3.2. Surface functionality and structure

Over the chapters, FTIR analysis was used to characterise the surface functioning of
chars. Similarity was shown in the peak intensity of lignocellulosic biochars; however,
biochar WSP presents better functionated surface compare to biochar RH. In addition,
similar patterns were seen in the FTIR spectra of biochar HD while the carboxylic O-
H bond was strengthened in biochar HD, which may be associated with the co-
pyrolysis of digestate. The FTIR analysis of hydrochar as seen in Chapter 5 reveals
that the functional groups shared by WSP, OSR, and AL hydrochars included aliphatic
and aromatic C-H bonds, alkene C=C bands, and C-O stretching bonds. While the

C=0 groups were only identical in hydrochar OSR and AL. All of these functional
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groups, on the other hand, were poorly formed on the surface of hydrochar RH, which

could be attributable to the low degree of decarboxylation or aromatization.

According to the FTIR spectra of magnetic biochars, impregnation-pyrolysis caused a
recombination among oxygen containing groups including carboxyl, carbonyl, quinone,
phenolic and ester ring bands. C=C bond appeared in magnetic biochar RH after
activation, whereas the C-H band disappeared. It confirmed that RH biochar
underwent a secondary pyrolysis and created an aliphatic chain crack with a
condensate carbon structure. Additionally, stretching Fe-OH bonds were presented in
both magnetic biochars, implying the successful formation of iron oxides on the
resultant chars, which were in line with the finding by XRD analysis. It is also important
to note that Fe-O groups were only identified in MRH biochar, implying that it has a
greater number of ferromagnetic compounds than MSS biochar, which could be due
to the presence of Fe®' favouring the production of oxygen-containing functional

groups (Wang et al., 2017).

The gas adsorption analyzer determined a relatively close surface area value between
biochar WSP and HD, but a greater surface area for biochar RH. The possible reason
is that biochar RH poses a higher degree of carboniation at higher pyrolysis
temperatures than biochar HD, suggesting that rice husk is an appropiate feedstock
for utilisation of biochar with optimised specific surface area. In addition, biochar RH
poses a little larger pore volume and better developed mesopares structures
compared to the other two biochars, which is potentially beneficial for the uptake of
AD inhibitor. Iron oxides were well crystallised on magnetic biochar matrix, whilst

negligible crystalline peaks were observed from the diffraction patterns of the pristine
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biochar, which were in agreements with the FTIR findings. In addition, the presence
of a face-cantered cubic inverse spinal structured magnetite on the surface of MRH
biochar was contributed from the partial transformation of magnetite to maghemite.
On the other hand, different transformation was seen in MSS biochar with lower
magnetic properties and the formation of hematite. The partial losses of magnetic
properties were explained by the instability of maghemite at a sintering temperature of
500°C. ltis also important to note that the tested impregnation-pyrolysis would be less
suitable for using sewage sludge as the feedstock compared to other lignocellulosic

biomass.

7.3.3. Electrical conductivity

In this project, both water-soluble electrical conductivity of biochar and its electrical
properties in proportions of compression was investigated to reveal the property
relationship of biochar monoliths, with a focus on effects of feedstock type and
manufacturing conditions. The main observation for lignocellulosic biochar was that
water-soluble electrical conductivity was greatly related to the feedstock type. The
degree of carbonization of biochar was found as the predominately factor. As such,
biochar RH has higher EC compared to the other biochars. Furthermore, the ash
content of biochar was also determined as one of factors influencing in the EC of
biochar. Additionally, characterisation was assessed in the function of contacting time.

It was showed that longer contact time led to higher EC values.

Magnetization modification has also proved to increase the EC of biochar, which is

likely due to formation of iron oxides on biochar providing more active sites for the
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accessibility of pseudo-capacitance to electrolyte ions and improving the
electrochemical reactions. Meanwhile, this work found that the enhanced EC was
attributed to increased oxygenated functional groups formed during the activation
process, resulting the improvement of negative charge density of biochar. The surface
redox-active moieties of biochars are also affected by their pHs (Yu et al., 2015);
however, due to the acidic nature of magnetic biochar, the reasons for increased EC

values as functions of pHs and active redox moieties have not yet been determined.

The electrical properties of hydrochars produced from the HTC process showed a high
degree of fluctuation, with particularly high EC values for OSR hydrochar. The
fluctuation in EC values of biochars was attributed to the decomposition of dissolved
salts from the HTC process and increasing contact time. However, with the increase
of contact time, the electrical property of biochar RH reduced, yet, the underlying
reasons could not be determined. Overall, the strongest effect on the electrical
conductivity of biochar was attributed to the feedstock type, to weaknesses in the

contact time and manufacturing parameters.

The electrical conductivity of hydrochars increased as the applied pressure increased.
The most likely reason was that the dispersion of carbon particles inside the hydrochar
monolith under high pressure compression. Whilst an inverse pattern was observed
in the EC values of hydrochar RH, WSP and AL at a mild pressure range. The
decrement in electrical properties of these hydrochars was attributed to the biochar
structure and chemical properties. Biochar also showed an increasing EC value with
increase of compression. However, magnetic biochars exhibited relatively lower EC at

the same pressure range compared to the values of biochars. As previously stated,
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increasing the acidic functional groups can result in a large reduction in pore volume
and surface area in the biochar matrix. As such, it was assumed that magnetic biochar
with well-developed surface functionality would have lower electron conducting
behaviour. In addition, increased crystalline phases which resulted from the formation
of iron oxides on magnetic biochar were contributed to the decreasing electrical
conductivity. In conclusion, results about electrical characteristics of biochar in this
thesis are highly encouraging; nevertheless, further research is needed to determine
the influence of active redox moieties and pHs on the electron conducting behaviour

of biochars.

7.3.4. Dissolved organic carbon

In general, the chemical processes during the HTC involving hydrolysis, dehydration
and decarboxylation, can lead to formations of glucose, organic acids and phenol
(Weiner et al., 2014). By ongoing polymerization, these intermediates continued to
form water-soluble polymeric substance and solids (as hydrochars). As such
hydrochar is proved having high content of reactive carbon. However, it is found that
DOC plays a key role in nitrogen cycle under nitrogen-saturated conditions and could
affect the biochemical transformation in the aquatic environments (Fang et al., 2009;
Yekta et al., 2012; Xing et al., 2012). In this thesis, DOCs in hydrochars were
examined and the UV-vis absorption spectra was used to regulate changes in the
relative size of dissolved organics molecular. It was discovered that hydrochars with
high alkalinity had increased DOC contents. In addition, differences in water-extracted
DOC related to the stability and aromaticity of hydrochars. The hydrochar produced

from untreated biomass has lower DOC concentration. Whilst, adverse results for
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hydrochar AL and OSR were attributed to the high aromaticity. It should be noted that
these tests were conducted with hydrochar without pre-treatment; however, it is
unknown how the particle sizes of hydrochar were ranged and whether it would affect
the solubility of larger organic molecular. From the limited sets of hydrochars tested
here, it can be concluded that HTC resulting in high-DOC hydrochar are determined
easily. As discussed for higher concentration of DOC, feedstock types need to be
properly chose by avoiding biomass with poor structures which could result in exceed

acidity in the applied environment.

7.4. AD with addition of char material

This thesis showed the successful use of biochar for enhancing the conversion of
organic wastes to biogas. In brief, Chapter 3 showed that biochar has the potential to
promote methane generation from sewage sludge under modest ammonia stress.
Whilst methane content of the biogas for biochar-treated reactors in function of biochar
dosage fluctuated greatly. Meanwhile, the 15t test exhibited that with increasing
dosage of biochar WSP, the biogas yields and methane content in biogas increased;
however this was not seen in biochar RH-treated reactors. When subjected to mild
ammonia stress, increasing ammonia stress resulted in considerable inhibition in the
control reactor; however, the addition of biochar boosted methane production by
reducing ammonia inhibition. In addition, the third experiment in Chapter 3
demonstrated that increasing the concentration of ammonium in AD of sewage sludge
can result in significant changes in biogas production and inhibition in the reactors with
increasing dosage of WSP biochar. This shows that the application of biochar in
sewage sludge based AD is limited, and that care must be taken when dosing a reactor

with biochar that it does not cause negative impacts on the AD performance. This
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leads to another finding of the project, in that increasing dosage of biochar led to the
decrease of ammonium ion removal efficiency and biochar WSP proved to a better
adsorption performance than biochar RH, which could be effectively used in removing
ammonium in aqueous environment. This could also explain why, throughout the AD
experiments in Chapter 3, there was a general decrease in the biogas productivity of

the biochar RH-treated reactors.

The AD experiment in Chapter 5 was set up with hydrochars and sewage sludge that
were acquired 60 days prior to the test and kept at 4°C for the duration. It was seen
that a lower volume of biogas was produced from the control group; however, the
addition of hydrochar OSR and AL resulted in an increment in biogas productions
compared to the control. Whereas, a reduced biogas yield was observed from reactor

with the addition of hydrochar RH.

This thesis also assessed effects of biochars sourced from different feedstocks on the
co-digestion of cow manure and maize silage. It can be seen that under no ammonium
stress, the 15t BMP test in Chapter 4 showed a larger volume of biogas produced from
biochar RH-treated reactor, which was not the case for tests in Chapter 3. Whereas
reactors supplemented with biochar WSP and HD were inhibited showing a lower
biogas productivity. The 2™ test was set at the same ammonium condition and saw
an adverse result that all biochar-supplemented reactors were produced higher biogas
production than the control. Although the methane concentration was similar between
the control and biochar-amened reactors; the test saw a greater methane production
rate from reactors with addition of biochar. The BMP test also showed that increased

ammonium concentration was eventually boosted cumulative biogas production from
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the control; however, a longer time was required for the control reactor to adapt higher
level of ammonium concentration. Co-digestion of cow manure and maize silage with
addition of these biochars were inhibited under modest ammonium stress. This was
not seen in the BMP tests under higher ammonium stress, that biochar WSP and HD-
treated reactors were capable of degrading exceed ammonium and generating larger
volume of biogas than the control. Unlike the previous test in Chapter 3, digesters with
biochar addition did not approach a plateau of biogas production at different
ammoniumstresses, indicating the possibility of producing greater biogas and
biomethane. Consequently, these biochar can be considered optimal to be used for
digestion of nitrogen rich biowastes and agricultural residues in a small digester

system.

It should be noted that the effects of biochar in different AD reactor units and conditions
need further investigations to give recommendations for application of biochar with
optimal AD performance. Therefore, a CSTR system was used, and it was
hypothesised that the addition of biochar in CSTRs can enhance the immobilization of
microbes for better biogas production and reduce sensitivities towards environmental
factors such as pH and other inhibitors. Among the tests, it was seen that biochar
supplementation facilitated the biogas production rate and shorten the adapting phase
than the control. In the biochar-treated reactors, there were also minor changes in the
digestate chemistry. In addition, it was evidenced that the biochar addition to co-
digestion of cow manure and maize silage has limited benefits, with no significant
difference in biogas generation from the biochar-treated reactor than the control under
higher ammonium stress. Whereas biochar RH was able to improve TKN removal

efficiency and increase methane yield at the same condition. It is likely that biochar
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RH could not only adsorb more ammonium but also increase the digesters’ tolerance
toward to higher ammonium concentration. Although the priority should be to
determine ammonium adsorption capacity of biochar, the use of biochar is a suitable

approach that could be used for optimizing AD performance in practise.

Activated biochars were applied to AD syringe bioreactor to investigate their impacts
on the performance of sludge digestion, and the dosing of biochar was also assessed.
MRH biochar amended reactor was capable of generating higher cumulative biogas
production compared to the other treatment conditions. Higher biomethane yield was
exhibited in all biochar-treated reactors, which was attributed mostly to formation of
iron oxides on magnetic biochar to serve as a catalyst stimulating the effectiveness of
anaerobic microflora. Another observation was that the decrement in methane
production with addition of MSS biochar at 0.2 %(w/w) and 1.0 %(w/w). It confirmed
the hypothesis from the perspective of different crystalline phase of iron oxides, that
goethite on MSS biochar could better reflect the selective pressure emphasized by
forms of iron oxides and compete with methanogenesis by using hydrogen and acetate
as substrate. Similar to previous tests, the use of biochar cause significantly changes
in the digestate chemistry during the AD process. Similar to biochar RH'’s function,
activated biochar increased ammonium concentration while decreased the pH, implied
that its addition mitigated free ammonia inhibition by shifting the NH3-NH4* equilibrium
towards NH4* formation. Furthermore, as the dosage of activated biochar rose, the
ash content of digestate increased, and it was discovered that a moderate amount of
activated biochar is adequate to improve the digestate structure and mass transition
on the AD of sewage sludge. In addition, the big merit of activated biochar compared

to the untreated ones was the easily separable nature, which can endow biochar to

228 University of Edinburgh



be directly used in industrial scale AD plant rather than worrying the leaching of
biochar particles that may lead to secondary pollution. Yet, potential toxic and harmful
substance which may be raised from the synthesis process of magnetic biochar were
not determined. For the future work, greener synthesis of magnetic biochar with higher

electron conductivity behaviour should be recommend attaching with high importance.

7.5. Conclusions

The use of biochar in anaerobic digestion for enhancing organic wastes to a value-
added product as biogas is possible. However, future works are needed to investigate
biochar associated biochemical mechanisms that could enhance the methane
production and at what points biochars’ addition that could cause process failure by
inhibiting microorganisms activities. Meanwhile, physiochemical properties of biochars
related to the feedstock type and manufacturing method. To improve surface functions
and buffering capabilities, careful feedstock selection is required. Additionally, biochar
from lignocellulosic biomass produced from pyrolysis has higher stability and could
support the growth of anaerobic microorganisms in wastewater treatment digestate
than hydrochar from similar feedstocks. The addition of biochar to co-digestion of
animal waste and agricultural by-products reduced biomass washout from CSTRs
digesters and increased inhibitor tolerance. Further investigation into biochars’
application as a delivery mechanism for microbial communities is recommend.
Meanwhile, activation of biochar by impregnation-pyrolysis method enhanced oxygen-
containing functional groups and successfully fromed iron oxides on biochar. It also
enabled biochar to be more easily separable and stive to become an environmentally
friendly product, yet, due to weaknesses in the synthetic method design or operation,

potential contamination through condensation could occur. The addition of activated
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biochar to wastewater treatment digestate was successful in increasing biogas
production by alleviating ammonium inhibition and improving mass transition in the AD
process. Also, lower biochar does with optimal effects on methane production would
be critical information in order to minimize the production costs. It is also important to
take into consideration limitations of characterization techniques and reactors designs,
and ensure that they are complemented with quantified analysis of known makers of

process constitution.
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Appendix Figure 1. Kinetic data of ammonium adsorption on RH and WSP biochar
(1a, 1b) Pseudo 2" order kinetic model; (1c, 1d) Intra-particle diffusion model. More

detailed information on adsorption kinetic models is listed in Table 3-4.
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Appendix Figure 2. Adsorption isothermals of biochar by fitting Temkin isotherm

models. More detailed information of isothermal models is summarized in Table 3-2.
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